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Foreword

International concern in scientific, industrial, and governmental communities
over traces of xenobiotics in foods and in both abiotic and biotic environments
has justified the present triumvirate of specialized publications in this field:
comprehensive reviews, rapidly published research papers and progress reports,
and archival documentations. These three international publications are inte-
grated and scheduled to provide the coherency essential for nonduplicative and
current progress in a field as dynamic and complex as environmental contamina-
tion and toxicology. This series is reserved exclusively for the diversified litera-
ture on “toxic” chemicals in our food, our feeds, our homes, recreational and
working surroundings, our domestic animals, our wildlife and ourselves. Tre-
mendous efforts worldwide have been mobilized to evaluate the nature, pres-
ence, magnitude, fate, and toxicology of the chemicals loosed upon the earth.
Among the sequelae of this broad new emphasis is an undeniable need for an
articulated set of authoritative publications, where one can find the latest impor-
tant world literature produced by these emerging areas of science together with
documentation of pertinent ancillary legislation.

Research directors and legislative or administrative advisers do not have the
time to scan the escalating number of technical publications that may contain
articles important to current responsibility. Rather, these individuals need the
background provided by detailed reviews and the assurance that the latest infor-
mation is made available to them, all with minimal literature searching. Simi-
larly, the scientist assigned or attracted to a new problem is required to glean
all literature pertinent to the task, to publish new developments or important
new experimental details quickly, to inform others of findings that might alter
their own efforts, and eventually to publish all his/her supporting data and con-
clusions for archival purposes.

In the fields of environmental contamination and toxicology, the sum of these
concerns and responsibilities is decisively addressed by the uniform, encompass-
ing, and timely publication format of the Springer-Verlag (Heidelberg and New
York) triumvirate:

Reviews of Environmental Contamination and Toxicology [Vol. 1 through 97
(1962–1986) as Residue Reviews] for detailed review articles concerned with
any aspects of chemical contaminants, including pesticides, in the total envi-
ronment with toxicological considerations and consequences.

Bulletin of Environmental Contamination and Toxicology (Vol. 1 in 1966) for
rapid publication of short reports of significant advances and discoveries in
the fields of air, soil, water, and food contamination and pollution as well as
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vi Foreword

methodology and other disciplines concerned with the introduction, presence,
and effects of toxicants in the total environment.

Archives of Environmental Contamination and Toxicology (Vol.1 in 1973) for
important complete articles emphasizing and describing original experimental
or theoretical research work pertaining to the scientific aspects of chemical
contaminants in the environment.

Manuscripts for Reviews and the Archives are in identical formats and are
peer reviewed by scientists in the field for adequacy and value; manuscripts for
the Bulletin are also reviewed, but are published by photo-offset from camera-
ready copy to provide the latest results with minimum delay. The individual
editors of these three publications comprise the joint Coordinating Board of
Editors with referral within the Board of manuscripts submitted to one publica-
tion but deemed by major emphasis or length more suitable for one of the others.

Coordinating Board of Editors



Preface

Thanks to our news media, today’s lay person may be familiar with such envi-
ronmental topics as ozone depletion, global warming, greenhouse effect, nuclear
and toxic waste disposal, massive marine oil spills, acid rain resulting from
atmospheric SO2 and NOx, contamination of the marine commons, deforesta-
tion, radioactive leaks from nuclear power generators, free chlorine and CFC
(chlorofluorocarbon) effects on the ozone layer, mad cow disease, pesticide
residues in foods, green chemistry or green technology, volatile organic com-
pounds (VOCs), hormone- or endocrine-disrupting chemicals, declining sperm
counts, and immune system suppression by pesticides, just to cite a few. Some
of the more current, and perhaps less familiar, additions include xenobiotic
transport, solute transport, Tiers 1 and 2, USEPA to cabinet status, and zero-
discharge. These are only the most prevalent topics of national interest. In
more localized settings, residents are faced with leaking underground fuel
tanks, movement of nitrates and industrial solvents into groundwater, air pol-
lution and “stay-indoors” alerts in our major cities, radon seepage into
homes, poor indoor air quality, chemical spills from overturned railroad tank
cars, suspected health effects from living near high-voltage transmission lines,
and food contamination by “flesh-eating” bacteria and other fungal or bacterial
toxins.

It should then come as no surprise that the ‘90s generation is the first of
mankind to have become afflicted with chemophobia, the pervasive and acute
fear of chemicals.

There is abundant evidence, however, that virtually all organic chemicals
are degraded or dissipated in our not-so-fragile environment, despite efforts by
environmental ethicists and the media to persuade us otherwise. However, for
most scientists involved in environmental contaminant reduction, there is indeed
room for improvement in all spheres.

Environmentalism is the newest global political force, resulting in the emer-
gence of multi-national consortia to control pollution and the evolution of the
environmental ethic. Will the new politics of the 21st century be a consortium
of technologists and environmentalists or a progressive confrontation? These
matters are of genuine concern to governmental agencies and legislative bodies
around the world, for many serious chemical incidents have resulted from acci-
dents and improper use.

For those who make the decisions about how our planet is managed, there
is an ongoing need for continual surveillance and intelligent controls to avoid
endangering the environment, the public health, and wildlife. Ensuring safety-
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viii Preface

in-use of the many chemicals involved in our highly industrialized culture is a
dynamic challenge, for the old, established materials are continually being dis-
placed by newly developed molecules more acceptable to federal and state regu-
latory agencies, public health officials, and environmentalists.

Adequate safety-in-use evaluations of all chemicals persistent in our air,
foodstuffs, and drinking water are not simple matters, and they incorporate the
judgments of many individuals highly trained in a variety of complex biological,
chemical, food technological, medical, pharmacological, and toxicological disci-
plines.

Reviews of Environmental Contamination and Toxicology continues to
serve as an integrating factor both in focusing attention on those matters
requiring further study and in collating for variously trained readers current
knowledge in specific important areas involved with chemical contaminants
in the total environment. Previous volumes of Reviews illustrate these ob-
jectives.

Because manuscripts are published in the order in which they are received in
final form, it may seem that some important aspects of analytical chemistry,
bioaccumulation, biochemistry, human and animal medicine, legislation, phar-
macology, physiology, regulation, and toxicology have been neglected at times.
However, these apparent omissions are recognized, and pertinent manuscripts
are in preparation. The field is so very large and the interests in it are so varied
that the Editor and the Editorial Board earnestly solicit authors and suggestions
of underrepresented topics to make this international book series yet more useful
and worthwhile.

Reviews of Environmental Contamination and Toxicology attempts to pro-
vide concise, critical reviews of timely advances, philosophy, and significant
areas of accomplished or needed endeavor in the total field of xenobiotics
in any segment of the environment, as well as toxicological implications.
These reviews can be either general or specific, but properly they may lie
in the domains of analytical chemistry and its methodology, biochemistry,
human and animal medicine, legislation, pharmacology, physiology, regu-
lation, and toxicology. Certain affairs in food technology concerned specifi-
cally with pesticide and other food-additive problems are also appropriate sub-
jects.

Justification for the preparation of any review for this book series is that it
deals with some aspect of the many real problems arising from the presence of
any foreign chemical in our surroundings. Thus, manuscripts may encompass
case studies from any country. Added plant or animal pest-control chemicals or
their metabolites that may persist into food and animal feeds are within this
scope. Food additives (substances deliberately added to foods for flavor, odor,
appearance, and preservation, as well as those inadvertently added during manu-
facture, packing, distribution, and storage) are also considered suitable review
material. Additionally, chemical contamination in any manner of air, water, soil,
or plant or animal life is within these objectives and their purview.
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Normally, manuscripts are contributed by invitation, but suggested topics are
welcome. Preliminary communication with the Editor is recommended before
volunteered review manuscripts are submitted.

Tucson, Arizona G.W.W.
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I. Introduction

Approximately 890 active ingredients are registered as pesticides and are ap-
plied at a rate exceeding 2 billion kg each year in the United States (Aspelin
and Grube 1999). Of this total, an unquantifiable but considerable portion can
enter the atmosphere. In recent years, research efforts have explored with in-
creasing detail the important mechanistic role of the atmosphere in the transport
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2 V.R. Hebert and G.C. Miller

of pesticides from treated sources to nontarget environments. A substantial share
of this research effort has focused on atmospheric modeling of long-range
(global) transport of environmentally persistent semivolatile organochlorine pes-
ticides and their oxidation products to remote terrestrial or aquatic systems
(Beyer et al. 2000; Carrera et al. 2002; Datta et al. 1998; de Voogt and Jansson
1993; Hung et al. 2002; James and Hites 2002; Jantunen et al. 2000; Kurtz
1990; Lee et al. 2000; Oehme et al. 1996; Taylor and Spencer 1990; Wania and
Mackay 1993; Wania et al. 1998).

Investigations during the past decade have also focused on regional transport
of the less persistent high-use agricultural pesticides that can be detected in
residential communities and environmentally sensitive ecosystems some miles
away from the application site (Baker et al. 1996; Cooter et al. 2002a,b; Glot-
felty et al. 1990a,b; Goolsby et al. 1997; Harman-Fetcho et al. 2000; Lee et al.
2002; Majewski et al. 1998; McConnell et al. 1997, 1998; Rice et al. 2002;
Schottler and Eisenreich 1994; Seiber et al. 1993; Thurman and Cromwell 2000;
Zabik and Seiber 1993). The aforementioned global and regional air transport
studies show that airborne pesticides and their transformation products can be
deposited off target in rain, snow, and fog droplets or by dry deposition, often
at concentrations that warrant ecotoxicological concern.

Research studies that address environmentally relevant atmospheric fate pro-
cesses of pesticides are relatively few in comparison to studies that measure the
aerial off-target movement of pesticides. The scarcity of pesticide photochemi-
cal and oxidative fate information is related to the difficulty in attaining relevant
information under both environmental and controlled laboratory conditions.
Only a limited number of studies exist that have measured airborne pesticide
reactivity under actual sunlight conditions (Hebert and Miller 1998; Mongar and
Miller 1988; Woodrow et al. 1978). These studies employed photochemically sta-
ble tracer compounds of similar volatility and atmospheric mobility to compen-
sate for physical dilution. The examined airborne sunlight-exposed pesticides
must react quickly to provide environmentally relevant reaction rate constants.
Field examination of tropospheric reaction rates for the vast majority of agricul-
tural pesticides, however, is impractical because reaction rates for many of these
compounds would be too slow to yield reliable rate constant information.

Problems encountered in acquiring stable gas-phase conditions in the labora-
tory have also contributed to the relative lack of atmospheric pesticide reaction
rate and product data. Semivolatile organics, which comprise the majority of
pesticides, can sorb onto the surfaces of the laboratory reaction vessel, and the
“wall interference” reaction rates and products may or may not be similar to
those occurring under actual atmospheric vapor-phase conditions (Edelstein and
Spatz 1994; Miller and Hebert 1987). Typically, kinetics or products can be
studied only individually in the laboratory. An experimental design that provides
environmentally relevant reaction rates, quantitative material balance, and reli-
able characterization of gas-phase photoproducts and oxidative products at envi-
ronmental temperatures has yet to be demonstrated.

Of the field and laboratory air studies that have been performed, sunlight-
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induced oxidations and photochemical reaction pathways were found to usually
render the pesticide less toxic and more polar, making it susceptible to being
washed out of the air mass (Atkinson et al. 1999; Crosby and Moilanen
1977; Hebert et al. 2000a,b; Kwok et al. 1992; Mongar and Miller 1988; Soder-
quist et al. 1975). Field and laboratory atmospheric pesticide fate studies have
also observed the formation of photooxidation products that are toxic or of
greater environmental persistence than the parent pesticide (Carter et al. 1997;
Geddes et al. 1995; Hebert and Miller 1998; Moilanen et al. 1978; Popendorf
and Leffingwell 1978; Seiber et al. 1993; Spear et al. 1978; Spencer et al. 1980;
Woodrow et al. 1977). Because of the limited number of atmospheric fate stud-
ies that have been attempted, there remains some uncertainty with regard to the
mechanistic behavior for many pesticide groups that can reside in the lower
atmosphere.

Because of the inherent difficulties in acquiring quantifiable data for pesti-
cide reactivity in ambient air, structure–activity atmospheric oxidation models
are often employed by regulatory agencies for estimating reaction rates in air of
existing and newly registered pesticides (Atkinson 1986; Atkinson et al. 1999;
Meylan and Howard 1996; OECD 1992). For volatile organic air pollutants
and fumigants, structure–activity relationship models may be reliable within an
acceptable margin of uncertainty for estimating chemical oxidation rate con-
stants (OECD 1992). When applied to estimating reaction rate constants for
multifunctional semivolatile pesticides, model estimation power may diminish,
requiring further refinement and empirical testing. Because of structural com-
plexity, relying on structure–activity models alone may not prove useful for
generating environmentally relevant information on the tropospheric fate of
most pesticides (Guicherit et al. 1998). Consequently, in their 1994 presenta-
tions at the IUPAC and American Chemical Society meetings in Washington,
D.C., the U.S. Environmental Protection Agency (EPA) Office of Pesticide Pro-
tection identified a need for the development of a comprehensive photochemical
and oxidative assessment of the fate of pesticides in air. Moreover, in 1998,
findings from the workshop on Fate of Pesticides in the Atmosphere: Implica-
tions for Risk Assessment held in Driebergen, Netherlands, have also identified
the lack of fate data as having potentially serious implications for human risk
assessment (Guicherit et al. 1998).

The purpose of this review is to summarize and integrate pesticide transport
and fate investigations, focusing on the more recent scientific advances in under-
standing the behavior of pesticides in air. As part of this review, we discuss
pesticide transformations in air by photolysis or chemical oxidation relative to
what is currently known about processes that govern the transport and fate of
pesticides in air. Various sections of this review focus on addressing unresolved
issues regarding our understanding of atmospheric pesticide transport and fate
by evaluating recent contributions in the scientific literature. We also discuss
the use of recent physicochemical-based flux models and novel mathematical-
based expert systems. Atmospheric modeling information, together with recent
analytical strategies for assessing environmentally relevant semivolatile to low-
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volatility pesticide reaction rates, may provide better information for human
health and ecological risk than that which has been previously available. An-
other goal of this review is to stimulate and encourage further investigation for
understanding atmospheric pesticide fate and transport in the context of human
and environmental risk assessment. Although pesticides in air present a major
human and ecological community exposure route, our knowledge of distribu-
tional and fate processes in this environmental medium remains poorly under-
stood.

II. Sources, Distribution, and Sinks for Tropospheric Pesticide Residues

A. Volatilization

A variety of human activities can release pesticides to the atmosphere, including
emissions from agricultural and forestry practices, production facilities, com-
mercial uses, environmental spills, and urban home use. Most pesticides that
enter the troposphere, however, originate from their use in agriculture. Aspelin
and Grube (1999) reported that approximately 2.4 billion kg of pesticides are
currently used each year in the United States alone, primarily in agriculture, but
in some nonagricultural settings as well. The mode of application (i.e., broadcast
foliar spray techniques, aerial application, soil incorporation, etc.), formulation
type, and regional climatic factors influence the amount of pesticide that reaches
the target and the subsequent rate of transport from soil and plant surfaces to
the atmosphere (Glotfelty 1978; Spencer et al. 1973). (Fig. 1).

The majority of agricultural pesticides are formulated for aerial application
or by high-volume ground broadcasting practices. Not all the pesticide reaches
the target, and drift has been known for some time to cause significant nontarget
crop damage with potential exposure risks to humans and sensitive ecosystems
(Pimentel and Levitan 1986; Willis et al. 1983). Besides the direct entry of
substantial quantities of pesticides into the air at application, postapplication

Source
Application

Drift

Volatilization
and

Erosion

Dispersion
Fate

Long-range Transport

Degradation

Deposition

Non-target
Soil, Water, and Biota

Target Field

Fig. 1. Off-target transport and fate for agrochemicals. (From Seiber and Woodrow
1998.)
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volatilization and wind erosion also represent a second and significant source
of sustained tropospheric loading from the land surface. A large data set has
been gathered that details tropospheric loading resulting from drift (Lewis and
Lee 1976) and postapplication volatilization (Spencer et al. 1973; Taylor and
Spencer 1990). Majewski and Capel (1995) have also published a detailed re-
view of regional and national atmospheric pesticide levels with aerosol particu-
late and vapor distributions.

Although volatility of a compound is potentially related to its vapor pressure,
the latter alone is not sufficient for determining chemical mass transfer rates
(evaporative flux) from a treated surface into the atmosphere. For all practical
purposes, the atmosphere acts as an infinite reservoir under nonequilibrium con-
ditions with regard to chemical mass transfer. This concept means that chemical
evaporative flux from the treated surfaces (e.g., plant and soil) to the atmosphere
can be a potentially significant process, even though many common pesticides
have moderate to low vapor pressures (10−1 to 10−5 Pa). Furthermore, chemical
mass transfer is sensitive to the type of treated surface and to wind turbulence.
For example, diazinon applied to soil had a measured volatilization rate of about
0.27 g/ha/hr (�10−2 Pa, summer) (Majewski et al. 1990), whereas residues of
this pesticide applied to an orchard (Glotfelty et al. 1990a) showed a volatiliza-
tion rate of about 9 g/ha/hr (�10−3 Pa, winter) from the orchard canopy. In the
latter study, measurable parathion residues were also found in the study orchard,
although this organophosphate pesticide had not been used for years in the or-
chard. It was surmised that the parathion residues resulted from volatilization
and atmospheric transport from other treatment sites. In addition, DDT, DDE,
and other low vapor pressure chlorinated organic contaminants (e.g., �10−5 Pa
for DDT) with stability to survive long-range global transport have been ob-
served in remote arctic locations as a result of significant losses from treatment
sites (e.g., 0.46 g/ha/hr from soil (Willis et al. 1983). Detection of semivolatile
to low-volatility pesticides in remote arctic regions has sparked regulatory inter-
est in the role of the atmosphere as a reservoir for the global transport and
deposition of persistent residues (Wania 2003). This interest has resulted in
transboundary international agreements to collect data of persistent organic pol-
lutants (POPs), many of which are pesticides (Rodan et al. 1999; Wania and
McKay 1993).

The movement of pesticide from soil surfaces to the lower troposphere is
also governed by other physical and chemical factors that influence pesticide
concentrations on the surface (Jury et al. 1983, 1984a,b). Pesticides remaining
on the surface after application may volatilize rapidly. Further volatilization
losses then depend on the rate by which pesticides diffuse into the soil vapor
spaces and dissolve in the subsurface soil moisture. These same pesticides can
be subsequently brought back to the surface and released into the atmosphere
by mass transport of water to the surface. In this case, the rate by which post-
application pesticide volatilization occurs will be essentially controlled by the
rate of water movement to the soil surface. For high-moisture soils that exist
in agricultural areas such as California’s Central Valley, wind and hot surface
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temperatures can promote a substantial movement of water to the soil surface,
resulting in the “wicking” of pesticides from the moist subsoil to the land sur-
face.

At the soil surface, the existing stagnant air boundary layer, through which
volatilizing pesticides must diffuse, can strongly restrict the rate of pesticide
volatilization (Spencer et al. 1973). The ratio of the pesticide vapor concentra-
tion to soil moisture concentration (KH = vapor density/solubility) has also been
shown in field-validated screening models to influence the volatilization rate
(Jury et al. 1983). Model outputs indicate that pesticides with low KH (i.e.,
higher water solubility) can accumulate at the soil surface when water is evapo-
rating. At the surface, these pesticides can exhibit increased volatilization to the
atmosphere with time. These isothermal models do not take into account other
processes that may occur in the field, such as diurnal variation of climatic fac-
tors, hydrolysis, surface photolysis, microbial degradation, and sorption onto
organic and clay mineral components of the soil.

More recently, a one-dimensional nonisothermal volatilization screening
model was introduced that accounts for diurnal surface variation in soil moisture
(Reichman et al. 2000a,b). This model may enhance predictive capability, espe-
cially for pesticides with low KH and water solubility. A quantitative correlation
technique for estimating pesticide volatilization flux has also been reported by
Woodrow et al. (1997, 2001). This technique correlates physicochemical pesti-
cide properties with published flux data to estimate volatilization shortly follow-
ing field application. In addition to vapor pressure and water solubility, pub-
lished values of the pesticide’s soil adsorption coefficient are incorporated into
this model to provide a better statistical fit than using KH alone. When more
quantitative information is desired, actual field flux evaluations that can take
into account these interactions may be more suitable for determining pesticide
volatilization (Taylor and Spencer 1990; Woodrow et al. 1990). However, all
these physicochemical-based models are practical tools for first estimations of
flux and also for screening new pesticide candidates before further field testing.

Starting in the early 1990s, laboratory studies, and in certain cases field flux
evaluations, were performed on formulated pesticides applied to soil and plant
surfaces according to Germany’s Federal Biological Research Centre for Agri-
culture and Forestry (BBA) pesticide registration guidelines. These guidelines
call for standardized volatilization testing procedures and detailed information
on air temperature, soil moisture, wind speed, precipitation, solar intensity, and
duration. To satisfy the BBA criteria, a number of specialized wind tunnel sys-
tems were designed by pesticide registrants and research institutes. Due to the
wide differences in system designs, an interlaboratory evaluation under BBA
guidelines was conducted on three test substances with well-established physico-
chemical properties to determine the overall variability in reported values for
volatilization. Data for the interlaboratory comparison from more than 22 partic-
ipating laboratories can be found in Walter (1998). Although volatilization was
found to decrease from higher to lower vapor pressure test substances (i.e.,
methyl parathion > fenpropimorph > deltamethrin), variability among the mod-
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erate vapor pressure compounds was found to be substantial, making interpreta-
tion of interlaboratory comparisons ambiguous. Based on these results, develop-
ment of uniform laboratory methods for reliably measuring volatilization to
adequately judge a pesticide’s volatility in real world settings may not be attain-
able.

The development of a mathematically based expert system that can extract
significance from generalized and often vague volatilization database informa-
tion by fuzzy logic may afford better predictive capability than is currently
available (Walter 1998). This more recent approach shows promise for estimat-
ing pesticide volatilization flux for a particular geographic region from existing
field volatilization data. When specific regional volatilization information is de-
sired, actual field flux measurements, together with ongoing monitoring of down-
wind concentrations, provide the most accurate information for establishing hu-
man and ecological risks from airborne pesticide residues. Due to the high cost
and need for expert personnel, these “real world” evaluations should be consid-
ered for each pesticide on a case-by-case basis.

B. Distributional Considerations and Atmospheric Removal

Once in the air, pesticides can exist as vapor, as liquid aerosols, or be sorbed or
partitioned on dust and particulates. How a pesticide is distributed among these
phases will strongly influence the importance of wet and dry deposition as a
tropospheric removal process relative to chemical and photochemical reactions.
To date, few studies have investigated the dynamics of pesticide distribution
among these airborne phases. In early studies, a proportioning technique be-
tween organics residing in the particulate versus gas phase (P/G ratio) was used
to quantify pesticide atmospheric distributions. Experimental data collected by
Coutreels and Van Cauwenberghe (1978) showed that n-alkanes with fewer than
22 carbons and with vapor pressures greater than 10−4 Pa exist largely in the gas
phase. The fraction occurring in the particle phase increases with increasing
molecular weight and decreasing vapor pressure. Further investigations by Gal-
loway et al. (1980) also suggested that organic compounds with vapor pressures
equal to or greater than 10−4 Pa are found principally in the gas phase under
ambient air conditions. Moderately volatile PCBs in urban air (>10−3 Pa) were
found predominately in the gas phase by these researchers. For all PCBs, Junge
(1975) calculated that greater than 90% of the atmospheric burden should occur
in the gas phase. Yamasaki et al. (1982), in their simultaneous determinations
of vapor–particulate distributions, also found that 3- to 5-ring polyaromatic hy-
drocarbons (PAHs) exist principally as gaseous compounds at ambient air condi-
tions.

High vapor pressure (>10−4 Pa) or high water solubility pesticides are least
efficiently removed from the lower troposphere by wet or dry deposition, re-
spectively. Although the fraction occurring in the particle phase generally in-
creases with increasing molecular weight and decreasing vapor pressure, lower-
volatility pesticides can exist to a large extent in the gas phase; this may partly
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be caused by relative humidity such that atmospheric moisture can compete
successfully with pesticides for active sites on particulates (Sanusi et al. 1999).
Majewski and Capel (1995) converted vapor pressure and water solubility data
into subcooled liquid values to calculate KH for 115 pesticides (Fig. 2). Based
on these calculated KH values, it can be estimated that only 10% of the pesticides
examined exist almost entirely in the particulate phase, with roughly 50% dis-
tributed between gas and particle and about 40% existing almost entirely in the
gas phase.

Even though in-depth information exists for particle-phase distributions of
organics in the atmosphere (Bidelman 1988; Forman and Bidelman 1987; Pan-
kow 1987, 1994; Yamasaki et al. 1982), few studies have been published that
assess the vapor–aerosol distribution of pesticides under actual tropospheric
conditions (Sauret et al. 2001). Further research to determine how pesticides
are distributed among atmospheric phases is needed to better gauge the overall
significance of wet/dry deposition versus gas-phase and particle-phase transfor-
mation processes occurring in air.

III. Fate Processes of Pesticides in the Troposphere

Sunlight-induced transformations that lead to chemical oxidation or photolysis
are likely to dominate the removal of pesticides, especially in their gaseous
forms, from the lower troposphere (Atkinson et al. 1999; Carter et al. 1997;
Crosby and Moilanen 1974; Hebert and Miller 1998; Hebert et al. 2000a,b;
Miller and Hebert 1987; Seiber and Woodrow 1995; Winer and Atkinson 1990;
Woodrow et al. 1983). The residence time for an airborne pesticide depends on
the rate at which it undergoes direct phototransformation or photooxidation by
tropospheric reactants such as hydroxyl or peroxy radicals, NOX radicals, or
ozone. For pesticides that absorb sunlight, the loss from direct photolysis is a
function of both the extent of sunlight absorbance and the efficiency of trans-
formation after absorbance. For pesticides that are transparent to sunlight
wavelengths, direct photolysis will not be a significant transformation process;
atmospheric removal processes involving tropospheric oxidants will likely pre-
dominate. Of these oxidants, hydroxyl radical (OH) reactions may likely be the
primary mode for the oxidation of the pesticide in air (Atkinson et al. 1999).
Atmospheric lifetimes can be on the order of hours to days or longer depending
on the reactivity of the pesticide in the presence of sunlight and ambient air OH
oxidant concentrations.

Tropospheric reaction rates and product distribution by photolysis or chemi-
cal oxidation can be greatly affected by whether the pesticide is in the gas
phase, in solution, or sorbed to airborne particulates. Some investigators have
suggested that photochemical reaction rates in the gas phase to be more rapid
than in condensed media, presumably as a result of the higher frequency of
possible molecular collisions per unit time (Geddes et al. 1995; Hebert and
Miller 1998). Moreover, some important pesticide transformations such as the
rapid oxidation of phosphorothio pesticides to their oxon homologues may be
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the result of photocatalysis when sorbed onto the surfaces of airborne dust
(Popendorf and Leffingwell 1978; Spear et al. 1978; Spencer et al. 1980). For
other pesticides, sorption to surfaces may have a reverse effect, leading to
greater quenching of photoexcited compounds via intermolecular energy transfer
to the surface (Hautala 1978).

A. Absorbance

Only through absorption of radiant energy by the molecule can photochemical
changes result in transformation (Grotthus–Draper law). A photon will be ab-
sorbed if there is an interaction between the electromagnetic field associated
with the molecule and the photon. The absorption cross section [σ(λ)cm2 /mole-
cule] is a measure of the strength by which an electronically excitable molecule
absorbs sunlight at a given wavelength throughout the solar spectrum. Besides
the substance’s absorbance cross section, the intensity of available sunlight
[J(λ)photons/cm2 s] and quantum yield of overall reaction (Φ) become important
factors governing the significance of direct photolysis relative to other processes
that can lead to the electronic deactivation of the absorbed state (Finlayson-Pitts
and Pitts 1986).

B. Sunlight Intensity

The solar spectral distribution and intensity available for direct photolysis are
altered by absorption and scattering by atmospheric gases and particulate matter
as sunlight passes through the atmosphere. Stratospheric ozone is a key absorber
of the spectral range between 240 and 300 nm. Because of radiant absorption
by molecular species such as O3, only light greater than 290 nm is available in
the lower troposphere for chemical reactions. Furthermore, sunlight is attenuated
through the atmosphere, not only by gaseous absorption but also by molecular
and particle scattering. The atmospheric pathlength through which sunlight must
pass is at its greatest during sunrise and sunset and least when the sun is directly
overhead at a zenith angle of 90 °. Ultraviolet (UVB) wavelengths (290–320
nm) are attenuated more strongly than longer wavelengths as they pass though
the atmospheric layer. As a result, there is a large diurnal, seasonal, and latitudi-
nal dependence of the light available to drive photochemical reactions of pesti-
cides that can absorb primarily in the UVB region. Many factors including geo-
graphic location (latitude, altitude), season, time of day, weather conditions, and
episodic pollution events influence the amount and quality of light available for
absorption by reactive pesticide species in the lower troposphere (Miller and
Zepp 1983).

C. Quantum Processes

A variety of different types of photochemical processes can occur following
absorption of a photon by an absorbing species. The relative importance of each
process in the lower troposphere is governed by the ability of the excited state
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species to (1) give off energy to lower vibrational energy states, (2) release
energy by luminescence and collisional deactivation, or (3) lower its energy by
electron transfer to surrounding molecules (Calvert and Pitts 1966). Figure 3
illustrates pathways that can be taken for a pesticide molecule. For each individ-
ual tropospheric process, i, a quantum yield [Φ(λ)] exists that denotes the effi-
ciency of the particular physical or chemical pathway after light absorption,
where

Φi(λ) = number of molecules reacting by pathway i

total number of molecules excited by adsorption of radiation wavelength λ

If it were possible to measure the efficiencies of all physical and chemical pro-
cesses for the pesticide molecule P, the sum of their primary quantum yields
must be unity because the absorption of light is a one-quantum process (Stark–
Einstein law). The reaction quantum yield at a particular wavelength [Φr (λ)]
can be expressed as the fraction of light absorption events that can lead to
overall chemical transformation, where

Φr(λ) = number of molecules transformed

total number of photons of radiation wavelength λ absorbed

Here, the sum of quantum yields that lead to molecular transformation such
as photodissociation, isomerization, and electron transfer make up the overall
Φr (λ). Because there are many pathways to give off electronic energy, a reac-
tion quantum yield of unity, indicating that for each photon absorbed there is a
transformation, is rare. For pesticide molecules that strongly absorb radiant en-
ergy, transformations leading to products are relatively inefficient with most
excited state molecules returning to their respective ground states through radia-
tive and nonradiative deactivation processes (see Fig. 3). As a result, estimates
of pesticide quantum efficiencies are rarely close to unity and generally fall well

+M
+D or

 A

Fig. 3. Pathways for deactivation of excited state molecules.
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short of this value (OECD 1992). Experimental observations of quantum yields
may in certain cases, however, exceed unity. For these reactions, the photon
absorption by a single molecule can initiate a chain reaction, thus consuming
additional molecules by electron transfer to form free radicals. This cascading
sequence of events can be important and lead to rapid degradation of volatile
hydrocarbons in polluted air (Finlayson-Pitts and Pitts 1986).

D. Tropospheric Direct Photolysis Rates and Quantum Yield Determinations

Because pesticide molecules (P) usually exist at low concentrations in the lower
troposphere, the rate of sunlight absorption (ka) at each wavelength λ will gener-
ally follow first-order kinetics where

Iaλ = kaλ [P]

and Iaλ is the absorbed light intensity at each wavelength. The rate constant (k)
is simply the constant of proportionality. The overall rate of absorption of sun-
light will merely be the sum of absorption rates over all wavelengths at which
the pesticide absorbs light and can be expressed by

−dI/dt = Σkaλ[P] = ka[P]

A pseudo-first-order photolysis rate constant (kp) can be derived from the prod-
uct of the overall quantum yield of reaction (Φr) and the light absorption rate
constant (ka) where

−d[P]/dt = Φrka[P] = kp[P]

and the half-life (t1/2) for this reaction is expressed as

t1/2 = ln2
kp

The direct photolysis rate (generally in seconds−1 or days−1) can be empirically
determined by measuring the rate of loss of the pesticide over time in sunlight
or laboratory lighting, which simulates sunlight intensities and wavelengths.

E. Experimental Determinations: Direct Photolysis of Pesticides in Air

Several classes of pesticides have been shown to be photoreactive, including the
dinitroaniline herbicides, nitro-containing insecticides, sulfide-containing pesti-
cides, certain pyrethroids, and various chlorinated organics. Of the types of tro-
pospheric direct photolysis reactions, photooxidations are generally considered
the most significant and can result in substantial product losses with formation
of equal or more toxic by-products. The products that are formed are usually
more polar, leading to significantly shorter residence times in the lower tropo-
sphere. For example, photolysis of parathion (Fig. 4) leads to the rapid forma-
tion of paraoxon (Woodrow et al. 1977). Woodrow and coworkers (1983) also
found that the half-life under laboratory-irradiated conditions was �20 min,
but under tropospheric conditions, half-life estimates of �2 min under midday
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Fig. 4. Photooxidation of parathion.

conditions were observed. The differences between these laboratory and field
measurements suggest various mechanisms besides direct photolysis may be
simultaneously operating.

Sorption onto aerosols and dust particles has been shown to enhance oxon
formation, presumably by photocatalysis under sunlight conditions (Popendorf
and Leffingwell 1978; Spear et al. 1978; Spencer et al. 1980). Kinetic experi-
ments conducted by Atkinson et al. (1989) have also shown that volatile para-
thion analogues containing thiophosphoryl bonds undergo oxon conversions via
secondary chemical oxidative processes by a hydroxyl radical. The combination
of these transformation pathways can account for the more rapid rates of oxon
formation under environmental conditions. Other oxidation mechanisms may
also be operational for phosphorus-containing compounds. For example, photo-
oxidation of phorate, a moderately volatile alkyl sulfide insecticide not known
to absorb sunlight wavelengths in the condensed phase, results in rapid conver-
sion to its sulfoxide homologue in air under laboratory and sunlight irradiation
(t1/2 = 15–25 min) (Fig. 5). The exact mechanism for the rapid conversion re-
mains unclear. Sulfides generally do not absorb radiant energy above 251 nm.
Ando (1981), however, observed phototransformation of excited alkyl sulfides
to their sulfoxide homologues at 300 nm and proposed that a charge transfer
mechanism between the excited alkyl sulfide and ground-state molecular oxygen
could mechanistically lead to the formation of this toxic product.

Photooxidative processes can also be of importance for transforming nitroar-
omatics and halogenated organics in air. The dinitroaniline herbicide trifluralin
provides an example of a semivolatile compound that undergoes rapid photooxi-
dation under tropospheric conditions (Mongar and Miller 1988; Woodrow et al.
1978) (Fig. 6). The oxidative dealkylation of the propyl group from the dipropyl
amine functional group occurs rapidly under sunlight. Moilenen et al. (1978)
had also observed the direct photolysis of the volatile fumigant chloropicrin
with an observed photooxidation half-life of 20 d in ambient air conditions.
Carter et al. (1997) also observed atmospheric direct photolysis for this fumigant

Fig. 5. Photooxidation of phorate.
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Fig. 6. Photooxidative dealkylation of trifluralin.

under simulated sunlight illumination in large Teflon chambers, but at a more
rapid half-life, less than 1d. These researchers concluded that simple C–N scis-
sion may explain the observed rapid rate of photolysis based on absorption
cross-section measurements in the �270–390 nm region and a Φr approaching
unity.

Another important example of direct photolysis includes the transformation
of methyl isothiocyanate (MITC), a volatile transformation product of metam
sodium, into the volatile and toxic product methyl isocyanide (Alvarez and
Moore 1994). These researchers reported that the photoproduct was generated
under atmospheric conditions with a Φr approaching unity. Geddes et al. (1995)
also investigated MITC and found several other important photoproducts, in-
cluding methyl isocyanate (Fig. 7). The proposed mechanism for these reaction
pathways involved the initial photoexcitation of MITC. The excited intermediate
could then proceed to (1) fragment to form methyl isocyanide or (2) be trans-
formed in the presence of tropospheric reactants to form other products. Addi-
tional tropospheric direct photochemical reactions include (1) photochemical
oxygenation followed by rearrangement and cleavage of the fumigant chloropic-
rin to produce phosgene (Moilanen et al. 1975), and (2) elimination reactions of
DDT to form the more environmentally persistent DDE homologue (Crosby and
Moilanen 1977).

Fig. 7. Methyl isothiocyanate (MITC) photolysis pathway. (From Geddes et al. 1995.)
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F. Principles Governing Tropospheric Reactions

Many pesticides do not absorb sunlight wavelengths and will not undergo direct
photochemical reactions. Even for many pesticides that can become photochem-
ically excited, the return to ground state can be the dominant quantum process.
Oxidants and reactive free radical species can dominate the removal of airborne
pesticides and other xenobiotics that have otherwise high residence times in the
troposphere (Atkinson 1989; Chameides and Davis 1982; Cupitt 1980; Kwok et
al. 1992, 1995; Winer and Atkinson 1990). The complex photochemical cycle
that leads to formation and cycling of tropospheric reactants can be summarized
by the following steps:

NO2 + hυ(λ > 315nm) > NO + O(3P) (1)

O(3P) + O2 > O3 (2)

O3 + hυ(λ < 315nm) > O(1D) + O2 (3)

O(1D) + H2O > 2 OH� (4)

[O2]RH + OH � > RO2 � + H2O (5)

NO + RO2 � > NO2 + RO � (6)

RO2 � + O3 > 2O2 + RO � (7)

(RO � or RO2 �) + RH > (ROH or ROOH) + R � (chain propagation) (8)

(R � RO � or RO2�) + other radicals > chain termination products (9)

The initial photodissociation of NO2 is followed by several competing reac-
tions involving the high-energy singlet O(1D) and lower-energy triplet O(3P) that
lead to the formation of a series of tropospheric reactants. During daylight hours,
photodissociation of NO2 (Eq. 1) produces a low-energy triplet monatomic oxy-
gen O(3P) that can react with molecular ground-state oxygen (Eq. 2) to form
ozone (O3). When ozone absorbs a photon in the near UV with a wavelength
shorter than 315 nm, a high-energy excited singlet (O(1D)) and ground-state
molecular oxygen are produced (Eq. 3). The transition of the singlet O(1D) to
its ground state is a forbidden process (Turro 1978). As a result, this reactive
species has a relatively long radiative lifetime (i.e., 6 min) for collision with
water vapor to form two hydroxyl radicals (Eq. 4). This reaction sequence is
the primary source of tropospheric OH radical. Trace gases such as methane,
carbon monoxide, and airborne organic pollutants deactivate OH to form water
(Eq. 5). Alkyloxyl radicals can be formed in the process (Eq. 5) and are impor-
tant reactants in regenerating tropospheric NO2 (Eq. 6). These organic radicals
can, in addition, undergo reactions leading to formation of alkyloxyl radicals
through a chain propagation sequence (Eqs. 7, 8), or chain terminate through
reaction with other radical species (Eq. 9).

Hydroxyl radical reactions are generally the dominant removal process for
airborne organic pesticides. The duration of hydroxyl radical reaction with a
pesticide can be of the order of minutes to days or years and depends on (1) the
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reactivity of the pesticide functional groups with the oxidant and (2) tropo-
spheric concentrations of OH available for reaction. Pesticides with extractable
hydrogens are the most susceptible to transformation, but chemical oxidation
rates can decrease rapidly for electron-deficient compounds, such as chlorinated
aromatics or nitroaromatics (Atkinson 1986). Certain heteroatoms, however,
may provide for greater reactivity. For example, Atkinson et al. (1989) have
reported that phosphorothio systems (P=S) typical of many organophosphorus
insecticides are highly reactive toward OH. Pesticides belonging to this group
can usually be expected to have lifetimes less than 4 hr under tropospheric
conditions (Winer and Atkinson 1990).

Global distributions of OH concentrations typically fall in the range of 105–
107 molecules cm−3 during daylight hours with increasing concentrations in low-
to midlatitude regions of higher air moisture content (Crutzen 1982). Uncertain-
ties up to a factor of five should be expected for concentrations of OH radicals
under daylight tropospheric conditions (Atkinson 1988). Although variable,
these relatively low tropospheric concentrations are still sufficient to result in
appreciable degradation because of the high reactivity and the nonspecific nature
of this oxidant. Tropospheric OH concentrations, however, can also greatly vary
due to the high-temperature combustion of fuels by mobile and stationary
sources, which lead to substantially increased levels of NO, and subsequently
O3, in urban air. Enhanced production of OH by the photolysis of O3 in these
polluted areas can lead to shorter lifetimes for airborne pesticides that react
with this oxidant. Modeling pesticide losses thus is complicated by the general
uncertainty of ambient OH radical concentrations and episodic air pollution
events that can alter tropospheric OH radical concentrations.

Ozone is an important oxidant for the removal of many volatile unsaturated
aliphatic compounds, amines, polycyclic aromatics, and phenolic substances.
Although ozone can exist in the lower troposphere at appreciable concentrations,
especially in polluted air, pesticides generally lack functional groups that are
easily attacked by this oxidant (Mill 1980; Winer and Atkinson 1990). Other
environmental oxidants such as alkyloxyl radicals (RO� or RO2�) and their re-
duced products (ROH and ROOH) are generally considered to be too low in
concentration or too unreactive to transform pesticides at appreciable rates to be
important (Mill 1980; Winer and Atkinson 1990). It has been reported that both
ozone and alkyloxyl radicals may play an important role in degrading pesticides
possessing sulfur (II) groups or alkyl sulfide linkages (Hebert and Miller 1998;
Woodrow et al. 1983). Reactions with nitrogen species (NOx) are also generally
considered minor in relation to the important role of OH for oxidizing airborne
pesticides (OECD 1992). Singlet oxygen [O(1D)] is generated during the photol-
ysis of ozone with tropospheric concentrations ranging to 108 molecules cm−3

(Finlayson-Pitts and Pitts 1986). Singlet oxygen is a specific oxidant reacting
with electron-rich compounds such as olefins, furans, and sulfide groups. Be-
cause of its low reactivity relative to other atmospheric oxidants, its contribution
in transforming substances such as pesticides is considered to be of minor im-
portance (Finlayson-Pitts and Pitts 1986).



Tropospheric Transport of Pesticides 17

G. Kinetics of Tropospheric Oxidation Reactions

Fundamental principles of tropospheric oxidative reaction kinetics and assess-
ment methods as they apply to pesticides in their gaseous phase are presented
next. For a more thorough examination of kinetics of atmospheric reactions, the
reader should consult Calvert and Pitts (1966), Finlayson-Pitts and Pitts (1986),
Atkinson (1986), and OECD (1992).

The overall loss of an airborne pesticide in the presence of an oxidant de-
pends on both the rate of reaction with the oxidant and oxidant tropospheric
concentration, where

[P] + [Oxidant]
koxidant > products

The rate expression for this reaction can be given by

Rate = koxidant[P][Oxidant]

and units for the rate constant, k, are expressed as [Oxidant]−1 time−1. For these
second-order reactions, which assume oxidant concentrations are constant, con-
centrations are generally expressed as molecules cm−3 and time in seconds.

The half-life of the pesticide for this bimolecular reaction is

t1/2 = ln2
koxidant [Oxidant]

Absolute methods that assess the pseudo-first-order loss of the oxidant in the
presence of a large excess of reactant can be used to determine the rate of
reaction with the oxidant (Atkinson 1986). For example, the loss of the OH
radical can be monitored over time (i.e., generally more than three lifetimes)
using conventional resonance fluorescence or more sensitive laser-induced fluo-
rescence techniques (Atkinson 1986). These laboratory methods are highly spe-
cialized, requiring sophisticated equipment and personnel with extensive experi-
ence to gather kinetic data (OECD 1992).

Because of the difficulty in monitoring OH, relative rate measurement tech-
niques are instead widely used for determination of rate constants of tropo-
spheric oxidation (Atkinson 1986; Finlayson-Pitts and Pitts 1986; Goodman et
al. 1988; Kwok et al. 1995; Pilar et al. 2002). These studies involve monitoring
the simultaneous loss over time of a test substance with unknown kOH in the
presence of the reference compound with known kOH, even when the concentra-
tion of hydroxyl radicals is not constant over the experimental timeframe (At-
kinson 1986). After determining the rate of reaction, tropospheric lifetimes are
generally calculated based on the globally averaged OH radical concentration
of 1.5 × 106 molecules cm−3 (Atkinson 1986, 1988; Meylan and Howard 1996).
This technique is relatively straightforward and easy to perform when compared
to absolute techniques. An additional advantage is that reaction rates for semi
volatile to low-volatility compounds can be determined by elevating the cham-
ber temperature to attain stable gas-phase concentrations for reactants (Anderson
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and Hites 1996; Brubaker and Hites 1998; Hebert et al. 2000b). Temperature-
dependent and thermal oxidation effects must be accounted for to extrapolate
measured rates to environmentally relevant temperatures.

If a single oxidizing species (O) is solely responsible for the simultaneous
decay of a test substance (P) and reference compound (R) with known kOH, then
their relative rates of loss can be used to empirically determine the test substance
rate of reaction in the following manner:

O + P k1 > products where −d[P]/dt = k1[O][P]

O + R k2 > products where −d[R]/dt = k2[O][R]

By rearrangement

−d ln[P]/dt = k1 [O]

−d ln[R]/dt = k2 [O]

Rearranging to eliminate [O] and integrating from t = 0 when the initial con-
centrations are [P]0 and [R]0, respectively, to time t when the concentrations are
[P]t and [R]t results in the expression

ln
[P]0

[P]t

= k1

k2

ln
[R]0

[R]t

This form of the equation is very useful because the oxidation reaction rate
of the reference compound (k2) is known and the natural log of the simultaneous
loss of test and reference compound can be experimentally determined. The
oxidative reaction rate for the test substance (k1) is the lone unknown variable
and can be calculated from the slope (k1 /k2) when ln ([R]0/[R]t) is plotted against
ln ([P]0 /[P]t) (Finlayson-Pitts and Pitts 1986).

H. Relative Rate Experimental Evaluations

There are relatively few pesticide studies in the published literature that have
experimentally determined oxidant reaction mechanisms in air while evaluating
degradation products. For soil fumigants and volatile chemicals, which are struc-
turally related to various pesticide classes, relative rate determinations have been
successfully performed in large 6400-L. Teflon chambers containing OH radi-
cals, ozone, or nitrogen oxides (Atkinson et al. 1989; Goodman et al. 1988;
Kwok et al. 1992, 1995; Tuazon et al. 1986). For the substances that have been
examined, these studies generally demonstrate the dominant role OH radicals
play in tropospheric removal, principally through abstraction of available H
atoms. For example, Tuazon et al. (1986) measured gas-phase OH radical and
ozone rate constants and evaluated products for the banned soil fumigant 1,2-
dibromo-3-chloropropane (DBCP) and trimethyl phosphate, a volatile precursor
in the synthesis of organophosphorus pesticides. The loss by DBCP by hydroxyl



Tropospheric Transport of Pesticides 19

radical-mediated H-atom abstraction was proposed as the dominant process that
resulted in the formation of CH2BrCOCH2Cl via an alkyloxyl intermediary step
and subsequent elimination of one Br, with a lifetime of about 55 d. Although
no products for trimethyl phosphate were reported, this substance rapidly de-
graded in the presence of OH with a tropospheric lifetime of about 3 d.

In subsequent relative rate studies, Atkinson et al. (1989) evaluated product
formation from the gas-phase OH radical reactions of (CH3O)3PS and (CH3O)2P
(S)SCH3. These compounds are volatile analogues of widely used semivolatile
to low-volatility organophosphorous insecticides containing the thiophosphoryl
(P=S) bond. The only reaction products observed with environmentally relevant
formation yields were their corresponding oxon homologues (CH3O)3PO and
(CH3O)2P(O)SCH3. These researchers proposed that the transformation proceeds
by OH radical addition to the sulfur atom in the thiophosphoryl bond followed
by reaction or rearrangement with ground-state molecular oxygen to yield P=O
products. Using the foregoing experimental relative rate approach, Kwok and
coworkers (1992) performed gas-phase evaluations on three volatile herbicidal
thiocarbamates (EPTC, cycloate, and MTDC) containing the structural unit
−NC(O)S−. The kinetic assessments for these substances show OH radical re-
actions dominate, leading to tropospheric lifetimes of a few hours. Hydroxyl
radical addition to the −NC(O)S− unit followed by formation of an intermedi-
ate alkyloxyl radical was proposed as the principal mechanism that led to subse-
quent product formation.

Goodman et al. (1988) also investigated gas-phase OH radical and other oxi-
dants for a series of volatile methyl phosphoroamidates and dimethyl phosphor-
othioamidates, similar in structural properties to certain classes of organophos-
phorous insecticides. This report represents one of the few tropospheric studies
that show an oxidant other than OH to be important in determining atmospheric
lifetimes. Reaction lifetimes were reported to range from 3 hr to 2.5 d by NO3

dark reactions and from 1 to 9 hr via OH pathways with similar product distribu-
tions initiated by H-atom abstraction at the N−H bond site for both oxidants.
More recently, Teflon chamber studies that evaluated OH reaction rates for tri-
methyl phosphite and dimethyl phosphonate compounds in the gas phase also
show the reliability of this system for ascertaining reaction rate kinetics for
volatile phosphorus-containing compounds (Pilar et al. 2002).

Use of large-volume Teflon chamber systems, such as those employed in the
aforementioned ambient temperature studies, can provide rate information for
organics that have vapor pressures >0.1 Pa at ambient temperatures. Vapor pres-
sures for the majority of pesticides are substantially lower, and these substances
will sorb out of the gas phase and onto the chamber walls in these systems.
Elevating the air temperature within laboratory vessels increases the vapor pres-
sure and can result in stable gas-phase concentrations for substances with vapor
pressures as low as 10−8 Pa at 25 °C (Mill 1980).

Elevated temperature gas flowthrough and static systems have been devel-
oped to assess chemical oxidation rates for low-volatility organochlorine and
organophosphorous pesticides. In these systems, multiple measurements at dif-
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ferent temperatures were performed to determine the temperature dependence
on observed reaction rates. Rate estimates were then extrapolated to 25 °C. An-
derson and Hites (1996) elevated the temperature within a small volume gas
flowthrough system with inline mass spectrometry (MS) detection to assess the
gas-phase degradation of hexachlorobenzene relative to the rate of loss of cyclo-
hexane, a reference compound with well-characterized OH reactivity. Plotting
observed rate estimates at various elevated temperatures ranging from �100° to
160 °C, and using a Clausius–Clapeyron pressure–temperature relationship,
these investigators obtained excellent agreement with structure–activity predic-
tion models for this substance when extrapolated to 25 °C. No product informa-
tion, however, was provided in this kinetic study.

Relative rate–elevated temperature experiments have also been employed to
determine tropospheric OH radical reactivity rates for the organophosphorous
insecticides chlorpyrifos and diazinon employing large-volume chamber condi-
tions (Hebert et al. 2000b). In these evaluations, the simultaneous vapor extrac-
tion of gaseous pesticides, oxidative products, and reference compounds was
performed by solid-phase microextraction (SPME) techniques. After exposing
the SPME fiber to the gas-phase mixture of reference and test compounds, the
SPME was thermally desorbed into the hot injection port of a gas chromato-
graph equipped with mass selective detection for quantitation of analytes. Both
these organophosphorous pesticides have similar gas-phase tropospheric life-
times based on structure–activity relationship model predictions (Meylan and
Howard 1996). Rate measurements conducted at 5 °C increments between 60°
and 85 °C, however, showed a significant difference in the OH radical reactivity
for these test substances. The rate of oxidation for diazinon was about three to
four times more rapid than that for chlorpyrifos with observed tropospheric
lifetimes of �1 and 4 hr, respectively, for these pesticides.

I. Oxidative Rate Estimation Methods

Theoretical estimation of reaction rates of volatile organic compounds with OH
radicals, ozone, and other environmental oxidants has proven to be reliable when
compared to laboratory-based experimental results. An extensive database of
oxidative reaction rates for more than 600 compounds at room temperatures has
been acquired and used to validate a structural activity relationship (SAR) model
(Atkinson 1986, 1989, 1994; Meylan and Howard 1996). This estimation
method utilizes the fact that there are several OH radical reaction pathways that
can be considered individually. These processes involve H-atom abstraction in
alkanes, OH radical addition to olefins, OH radical addition to aromatic rings,
and OH radical interaction with nitrogen-, sulfur-, and phosphorus-containing
groups. The total OH reaction rate is then calculated by summing up the individ-
ual reaction rates for the various substituents on the compound. With a general
estimate of OH concentration in the lower troposphere of 1.5 × 106 molecules
cm−3, one can then estimate the atmospheric lifetime of these compounds.

The major advantage of the structure–activity estimation method is that it is
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relatively easy to use and can avoid the need for difficult experimental evalua-
tions. For most volatile organics, this method will usually provide an OH radical
reaction rate constant within a factor of two of the measured value. A disadvan-
tage is that tropospheric OH radical concentrations are variable to within a factor
of five. Accuracy of calculated reaction rates would therefore be limited to the
variability of tropospheric OH radical concentrations. Uncertainties also increase
when extrapolating beyond the current database information to more complex
semivolatile organics.

For complex multifunctional compounds, which constitute the majority of
new chemistries for pesticides, the opportunities are greater for multiple reaction
sites and pathways. For example, in kinetic examinations of dimethyl phosphor-
othioamidates and dimethyl phosphoroamidates by Goodman et al. (1988), the
rates of oxidant transformations for these complex groups were either substan-
tially slower or faster when compared to simpler homologues. Goodman sug-
gested that synergistic and/or steric effects between structural units could be
responsible for discrepancies up to a factor of three between measured and cal-
culated rate values. In his assessment, the loss in estimation power could well
represent the inherent uncertainties for more complex chemicals containing mul-
tiple substituent groups. Kwok et al. (1995) has also observed large discrepanc-
ies from model rate constant calculations for certain dibenzo-p-dioxins and di-
benzo-furans.

Reliably estimating gas-phase oxidative rates for complex pesticides will
continue to be important and essential, but more extensive experimental investi-
gation should be attempted to compare with SAR model predictions. The sub-
stantial difference in the gas-phase OH reactivity of two organophosphorus com-
pounds with similar SAR model oxidation lifetimes as earlier reported by Hebert
et al. (2000b) underscores the need to compare experimental results with model
predictions. Although OH-radical reaction rate constants have been successfully
generated to extend Atkinson’s structure-activity database for certain thiocarba-
mates (Kwok et al. 1992), further experimental chemical oxidation work on the
more complex chemistries that comprise the majority of pesticides is needed,
when feasible, to provide an increased margin of acceptability for human health
and ecological risk assessment evaluations.

IV. Limitations of Laboratory System Designs
A. Minimizing Wall Interactions

There are few comprehensive fate studies in the literature that assess tropo-
spheric reaction rates and products of pesticides (Atkinson et al. 1999; Burrows
et al. 2002; Miller and Hebert 1987; Montgomery 1993). The paucity of gas-
phase photolysis and chemical oxidation information can be correlated with the
difficulty in performing these evaluations under controlled experimental condi-
tions at environmental temperatures. Although fumigants and sterilants have
vapor pressures that might allow relatively uncomplicated experimental determi-
nation of rates and products (>1 Pa), the majority of pesticides have lower vapor
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pressures (<0.1 Pa), creating problems caused by surface interactions due to
sorption (Lemaire et al. 1982; Miller and Hebert 1987; Miller and Zepp 1983).
An example in which wall interactions do not greatly influence reaction rates or
products in confined vessels is the rapid gas-phase transformation of methyl
isothiocyanate (MITC), a volatile (21 mm torr at 20 °C) transformation product
of the fumigant metam sodium. This substance was examined in relation to a
volatile, photochemically stable tracer in quartz chambers and Tedlar sampling
bags (Geddes et al. 1995).

To circumvent complications caused by sorption for semivolatile to low-
volatility pesticides at environmental temperatures, the size of the reaction ves-
sel should be as large as is practicably achievable. For example, vapor concen-
tration studies conducted by Hebert and Miller (1998) on a moderately volatile
pesticide, phorate (approximately 0.1 Pa), showed that, in a 3-L borosilicate
container, little was found in the vapor phase at equilibrium. In a 100-L Tedlar
bag, 20% resided in the vapor phase at equilibrium. Within a 12,800-L Tedlar
atmospheric chamber, however, a stable vapor concentration of approximately
95% was established at equilibrium for this substance. Large 6400-L Tedlar
chambers have been successfully employed to assess oxidant reaction rates for
substances with vapor pressures greater than 0.8 Pa (Atkinson et al. 1989; Good-
man et al. 1988; Kwok et al. 1992). The use of large chambers, however, is not
a feasible approach for semivolatile to low-volatility compounds or when there
is a need for determining overall material balance of reactants and transforma-
tion products.

To minimize wall sorption concerns, experimental designs that elevate air
temperatures in quartz or glass reaction vessels were developed for obtaining
stable gas-phase concentrations for photolysis or chemical oxidation determina-
tions (Anderson and Hites 1996; Brubaker and Hites 1998; Hebert et al.
2000a,b; Mill et al. 1981). Increasing temperature, however, can affect the acti-
vation energy for reaction. For substances such as trifluralin that principally
undergo direct photolysis, the activation energy was reported to be negligible
over the experimental range of elevated temperatures (Hebert et al. 2000a). Al-
though pure photochemical reaction rates are invariant to temperature changes
(Turro 1978), higher temperatures can alter the activation energy and can accel-
erate or attenuate the rate of reaction for substances susceptible to chemical
oxidation (Atkinson 1989, 1994). When reaction rates are temperature depen-
dent, the Arrhenius relationship can be quite useful for extrapolating elevated
temperature rate data to environmentally relevant values. In studies performed
by Atkinson (1986) for a series of alkanes and alcohols, Arrhenius plots of the
experimental data over a broad temperature range from 250 to 1000 K were
performed. The results of this research showed elevated temperature reaction
rates to be generally well behaved and could be extrapolated to reliably estimate
room temperature reactivity rate constants to within a factor of two. More recent
studies by Hites and coworkers (Anderson and Hites 1996; Brubaker and Hites
1998) on semivolatile PAHs and chlorinated aromatics also validate using the
Arrhenius relationship. When elevated temperature reaction rate measurements
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were extrapolated to 25 °C using this relationship, these researchers generally
found good agreement to structure–activity atmospheric model predictions.

B. Gas-Phase Sampling

In designing the study, care should also be taken to determine the technique(s)
used for sampling gas-phase constituents from vessels and large chambers. Con-
tinuous in situ Fourier transform infrared (FTIR) and laser-induced resonance
techniques for measuring the simultaneous decay of reactants and reference
compounds are preferred methods but often are not practical under laboratory
conditions (OECD 1992). Tenax or XAD resins have been principally used to
sample pesticide vapors and products in both photochemical and chemical oxi-
dation evaluations. The electrostatic properties of these resins effectively trap
semivolatile to low-volatility organics from the sampled air. Surface-catalyzed
oxidations of organophosphorous pesticides to their corresponding oxon homo-
logues have, however, been reported from using these trapping agents (Wood-
row et al. 1978). Therefore, care should be taken when evaluating product re-
sults. Dilution corrections from large-volume air sampling when using these
trapping agents must also be considered in the rate calculations (OECD 1992).

Advancements in solid-phase microextraction (SPME) show promise for di-
rect sampling of constituents in the gas phase. A thin SPME polysiloxane (or
other appropriate liquid phase) coated fiber can be inserted into a reaction vessel
and within a very short time span (seconds to minutes) constituents of the gas-
eous mixture can reach equilibrium (Pawliszyn 1997). The fiber can then be
thermally desorbed directly into a hot injection port on a gas chromatograph,
eliminating the need for solvent extraction. Hebert et al. (2000a,b) used this
sampling technique to determine gas-phase pesticide reaction rates. The use of
this technique avoids the need to consider artifact oxidation products that may
occur on XAD and Tenax surfaces and also avoids the need for considering
dilution corrections.

Hites and coworkers (Anderson and Hites 1996; Brubaker and Hites 1998)
developed a gas-phase sampling technique at elevated temperatures to determine
OH reactivity for gas-phase semivolatile polychlorinated biphenyl/dioxin com-
pounds. Reaction rates are determined by on-line (real-time) sampling using
electron impact ionization mass spectrometry (EIMS). Electron capture mass
spectrometry (ECMS) detection allowed these researchers to assess the OH reac-
tivity of chlorinated aromatics with vapor pressures of 10−6 Pa. This system
design also has the advantage of taking multiple samples over a very short
period to increase the reliability of measurement precision.

C. Light Source Considerations

The intensity and wavelength distribution of light are important factors to con-
sider in the experimental design. In earlier studies particularly, many studies
utilized lamps that emitted high-intensity wavelengths below 290 nm, resulting
in photolysis rates and product distributions not relevant to tropospheric condi-
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tions. Under certain outdoor evaluations, use of natural sunlight systems is a
reasonable choice, especially if the pesticide(s) under examination have moder-
ate to high vapor pressures and are photolabile with lifetimes less than 12 hr
(Hebert and Miller 1998; Mongar and Miller 1988; Woodrow et al. 1978). For
less reactive pesticides, controlled experimental designs using artificial lighting
can more adequately provide environmentally relevant information. The wave-
length distribution, intensity, and length of exposure should be comparable to
that of natural sunlight over the simulated exposure interval. Filtered xenon arc
lamps provide good approximation to natural sunlight and can be useful in pho-
tolysis studies if intensity and spectral distribution data are available (Miller and
Zepp 1983).

D. Gas-Phase Spectral Properties

Another important factor that is often not considered is how absorbance is af-
fected by the medium in which the compound is exposed to light. For con-
densed-phase media, conventional UV-VIS spectroscopy can easily determine
the molar absorptivity (in units of liters mol−1 cm−1) to derive a quantum yield,
Φr. Determining gas-phase absorbance cross sections [σ(λ)] for semivolatile to
low-volatility pesticides is, however, less straightforward. Although measure-
ments of σ(λ) for many volatile organics in ultrapure air have been performed
using UV-VIS spectroscopy (Pitts 1981), these methods are not appropriate for
most pesticides. Many compounds tend to absorb onto the spectroscopic appara-
tus because of their semi- to low volatility. Because of the experimental difficul-
ties in attaining σ(λ), an alternative approach using condensed-phase absorbance
spectrum measurements has been suggested (Mill 1980; Pitts 1981). Deriving
the quantum yield in this manner can be misleading, however, and may underes-
timate the environmental importance of direct photochemical processes and re-
action products. For example, Elend and coworkers (1994) reported a significant
bathochromic “red” shift occurred for gaseous methyl isothiocyanate (MITC)
when compared to its condensed-phase absorbance spectrum. Geddes and co-
workers (1995), in experiments conducted under xenon arc irradiation and natu-
ral sunlight, showed that MITC undergoes rapid photolysis in the gas phase
with an observed half-life ranging from 9 to 10 hr. More importantly, direct
photolysis resulted in substantial yields of volatile and toxic photoproducts, in-
cluding the formation of methyl isocyanide, that would not be anticipated via
oxidative removal pathways.

V. Regulatory Considerations for Conducting
Atmospheric Pesticide Studies

An extensive array of environmental fate tests must be performed to meet both
U.S. and European pesticide registration requirements in or on water, soil, and,
in certain cases, air. For condensed-phase photolysis studies of soils and water,
regulatory guidelines are generally straightforward and a single guidance docu-
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ment can outline testing criteria needed for pesticide registration. Gas-phase
photolysis protocols, outlined by the USEPA and also by international environ-
mental protection agencies such as the Federal Biological Research Centre for
Agriculture and Forestry (BBA) (Fig. 8), are generally viewed as inadequate
and may not provide useful information on real world pesticide photolysis and
chemical oxidation reaction rates. This limitation is especially true for semi-
volatile to low-volatility pesticides that tend to sorb out from their gaseous phase
onto vessel walls in laboratory reactivity experiments. Although photolysis in
air data are sometimes requested by the U.S. Environmental Protection Agency
(USEPA), structure–activity relationship (SAR) atmospheric oxidation models
are more commonly relied upon by regulatory agencies to provide some predic-
tion of atmospheric reactivity.

In their 1994 presentations at IUPAC and ACS meetings in Washington,
D.C., the USEPA Office of Pesticide Protection identified a need for a compre-
hensive photochemical and oxidative assessment of the fate for pesticides in air
on a case-by-case basis (Eldelstein and Spatz 1994). In addition to this need,
the 1990 Amendments to the Federal Clean Air Act (CAAA-90) has also recom-
mended that extensive air fate testing should be performed on particular high-
use organochlorine, organophosphorus, carbamate, phthalimide, and dinitroani-
line pesticides that are on the Hazardous Air Pollutants (HAPs) list (Table 1).
More recently, an international workshop organized by the Health Council of
the Netherlands in April 1998 stated the expressed need for an experimental
protocol for assessing the tropospheric fate of pesticides (Guicherit et al. 1998).
In their assessment, this rate information will be a critical component of physi-
cochemical models to predict downwind environmental concentrations. All pes-
ticides listed in this review are presented in Table 2 with their chemical names
and CAS numbers.

Unfortunately, there are currently no acceptable testing protocols that can
take an integrated approach for assessing the significance of photochemical and
oxidative fate of pesticides in air in either the U.S. or Europe (Guicherit et al.
1998; Hebert and Miller 1994). Consequently, few comprehensive gas-phase
studies have been attempted. Of the laboratory studies that have been submitted
to the USEPA for pesticide registration, the inability of these systems to dis-
criminate between gas-phase reactions versus artifact–wall interactions has of-
ten been cited as the major reason for rejection in a USEPA rejection rate analy-
sis document (USEPA 1992). This rejection rate analysis also cites acceptance
criteria such as material balance and temperature control as often not being
satisfied.

Based on the current state of the science, either kinetics or products can be
studied, but an experimental design that provides valid reaction rates, a quantita-
tive material balance, and reliable characterization of gas-phase photoproducts
and oxidative products has yet to be developed for pesticides at environmental
temperatures. Use of predictive SAR atmospheric oxidation models may provide
a viable alternative to the need for the experimental data on tropospheric reactiv-
ity information required by regulatory agencies. This approach is currently being
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Fig. 8. Assessment flowchart for pesticide fate in air according to Federal Biological
Research Centre for Agriculture and Forestry (BBA) 1989 regulatory guidelines.
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Table 1. Pesticides and pesticide transformation
products listed as hazardous air pollutants
(HAPs) under the U.S. Clean Air Act
Amendment of 1990.

1,3-Dichlorpropene
2,4-D salts and esters
DNOC and salts
Acrolein
Captan
Carbaryl
DDE
Dichlorvos
Ethylene dibromide
Ethylene oxide
Heptachlor
Lindane
Methoxychlor
Methyl bromide
Parathion
PCNB
PCP
Phosphine
Propoxur
Toxaphene
Trifluralin

Source: Adapted from Seiber and Woodrow (1995).

examined for pesticide registration in the European Union. For example, in Ger-
many, if volatilization exceeds 20% of the applied dose in volatilization studies,
the SAR model based on OH radical reactivity data of Atkinson (Meylan and
Howard 1996) may be applied to estimate a minimum reaction lifetime in air
(see Fig. 8). When faced with experimental uncertainty, especially for semi- to
low vapor pressure compounds, calculating pesticide lifetimes by SAR modeling
may be a reasonable course of action. Unfortunately, unless ambient OH radical
concentrations are known at the time of pesticide application, the accuracy in
estimation can be off by a factor of at least five (Atkinson 1988). Because most
compounds used to establish the accuracy of this SAR model are volatile or-
ganic compounds (VOCs) with vapor pressures less than 1 Pa, the precision in
estimating semivolatile to low-volatility pesticides should be examined in
greater detail.

In the U.S. and European Union, tiered testing approaches employing special-
ized testing procedures when experimentally feasible, together with model esti-
mation of residence times for pesticides in the gas phase, have been examined
as an alternative to deterministic evaluations (Guicherit et al. 1998; Hebert and
Miller 1994). The tiered approach recognizes that laboratory experiments to
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Table 2. Common and chemical names of pesticides cited in this review.

Common name CAS number Chemical name

Acrolein 107-02-8 2-Propenal
Captan 133-06-2 N-Trichloromethylthio-4-cyclohexene-1,2-

dicarboximide
Carbaryl 63-25-2 1-Naphthyl methylcarbamate
Chlorpyrifos 2921-88-2 O,O-Diethyl-O-(3,5,6-trichloro-2-pyridinyl)

phosphorothioate
Cycloate 1134-23-2 S-Ethyl cyclohexyl(ethyl)thiocarbamate
2,4-D 94-75-7 2,4-Dichlorophenoxy acetic acid
DBCP 96-12-8 1,2-Dibromo-3-chloropropane
DDE 72-55-9 1,1′-(Dichloroethenylidene)bis[4-

chlorobenzene]
Deltamethrin 52918-63-5 (S)-α-Cyano-3-phenoxybenzyl(1R,3R)-3-(2,2-

dibromovinyl)-2,2-
dimethylcyclopropanecarboxylate

Diazinon 333-41-5 O,O,-Diethyl O-[6-methyl-2-(1-methylethyl)-
4-pyrimidinyl] phosphorothioate

1,3-Dichloropropene 542-75-6 1,3-Dichloropropene
Dichlorvos 62-73-7 2,2-Dichloroethenyl dimethyl phosphate
DNOC 534-52-1 4,6-Dinitro-o-cresol
EPTC 759-94-4 S-Ethyl dipropylthiocarbamate
Ethylene dibromide 106-93-4 1,2-Dibromoethane
Ethylene oxide 75-21-8 1,2-Oxyethane
Fenpropimorph 67306-03-0 4-[3-[4-(1,1-Dimethylethyl)-phenyl]-2-

methylpropyl]-2,6-dimethylmorpholine
Heptachlor 76-44-8 1,4,5,6,7,8,8-Heptachloro-3a,4,7,7a-

tetrahydro-4,7-methanoindene
Hexachlorobenzene 118-74-1 Hexachlorobenzene
Lindane 58-89-9 γ-1,2,3,4,5,6-Hexachlorocyclohexane
Metam sodium 137-42-8 Methylcarbamodithioic acid sodium salt
Methoxychlor 72-43-5 1,1,1-Trichloro-2,2-bis(methoxyphenyl)

ethane
Methyl isocyanate 624-83-9 Isocyanatomethane; isocyanic acid methyl

ester
MITC 556-61-6 Methyl isothiocyanate
Methyl parathion 298-00-0 Phosphorothioic acid O,O-dimethyl O-(4-

nitrophenyl) ester
Parathion 56-38-2 O,O-Diethyl O-(4-nitrophenyl)

phosphorothioate
PCNB 82-68-8 Pentachloronitrobenzene
PCP 87-86-5 Pentachlorophenol
Phorate 298-02-2 O,O-Diethyl S-[(ethylthio)methyl]

phosphorodithioate
Phosphine 20859-73-8 Aluminum phosphide
Phthalimide 85-41-6 1H-Isoindole-1,3(2H)-dione
Propoxur 114-26-1 2-(1-Methylethoxy)phenyl methylcarbamate
Toxaphene 8001-35-2 Chlorinated camphene
Trifluralin 1582-09-8 α,α,α-Trifluoro-2,6-dinitro-N,N-dipropyl-p-

toluidine
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study tropospheric reaction rates for pesticides are specialized and difficult to
perform and, in some cases, not possible at environmental temperatures. For
the lower-volatility pesticides that warrant examination, estimation procedures
together with surrogate procedures that use chemical homologues or enhanced
temperatures may be a viable alternative technique (Atkinson et al. 1999). Ele-
vated temperature systems have been developed and may provide the most use-
ful information on tropospheric reactions, subject to certain constraints (Ander-
son and Hites 1996; Hebert et al. 2000a,b). These types of evaluations have
already been used to validate model estimations for semivolatile chlorinated
organics, but more experimental data are needed for verifying model rate predic-
tions for the more complex chemistries that are representative of the vast major-
ity of current and emerging pesticides.

Summary

Many field monitoring studies have indicated the substantial role of the tropo-
sphere as both a sink and transport medium for pesticides. At the same time,
this is the least studied and understood environmental compartment in regards
to pesticide fate. Although the fundamental principles behind volatilization and
tropospheric reactivity are well understood, it is becoming increasingly apparent
that the ability to quantitatively measure flux and reaction rates in the air will
continue to pose problems for researchers. To date, most deterministic models
that try to simulate real world conditions generally fail to provide tropospheric-
ally relevant flux and reaction rates because it is virtually impossible to scale
down all possible interactions occurring in a near-infinite reservoir.

Better field methods for determining flux are emerging and more ambient air
monitoring studies are being conducted. This growing database of information,
together with an understanding of physicochemical properties and use of expert
systems, has increased the predictive capability for estimating volatilization flux
of pesticides. Unfortunately, there are very limited environmental data on the
tropospheric reaction rates of pesticides, and more experimental studies using
semivolatile to low-volatility pesticides or their more volatile homologues are
required to validate existing structure–activity relationship (SAR) model predic-
tions. The development of new analytical strategies using elevated temperatures
for assessing semivolatile to low-volatility pesticide reaction rates and products
may provide an alternative approach to the need for controlled environmental
temperature data.

Recent international workshops organized by the Health Council of the Neth-
erlands for developing uniform approaches for assessing exposure risks to pesti-
cides in air exemplify efforts to synchronize flux with environmental fate infor-
mation for determining human health and ecological risks. When more detailed
pesticide information is desired, especially in high-use agricultural areas, where
exposure to humans and nontarget ecological communities is a major concern,
field flux measurements and downwind monitoring, together with experimental
fate studies, should be considered. The integration of models, empirical testing,
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and real world monitoring will provide the ultimate safety net needed for assess-
ing exposure risks to airborne pesticides.
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I. Introduction

After the review article “Environmental lead in Mexico” (Albert and Badillo
1991) appeared, the results of several new research studies on this subject be-
came available, including those of some carried out in the 1980s but not pub-
lished until several years later. That document was considered as a first approach
because the information found on the subject was very dispersed and did not
explore several areas of concern; also, its many deficiencies and discrepancies
hindered its comparison with data from other countries. Unfortunately, although
there has been some progress on this situation, the change has not been enough
to provide reliable data for the whole country and for the many areas affected
by lead in the Mexican environment. For example, after many unsuccessful
initiatives, the use of lead in gasoline was finally phased out in Mexico in 1997.
The production of tetraethyl lead was also discontinued after this year; although
apparently this phaseout caused a reduction of lead levels in air and blood,
because the information documenting this positive impact refers almost exclu-
sively to Mexico City and its Metropolitan Zone, it is not possible to evaluate
whether such an impact took place in other cities, and its magnitude.

Although recent data point to the manufacture and use of lead-glazed ceram-
ics as the major current source of exposure to lead in Mexico, this conclusion
might be severely biased, because no studies on the presence of lead in the
environment and in humans exist for most Mexican cities, including industrial
and border areas where lead use is important. On the other hand, if at this
moment lead-glazed ceramics really are the major source of exposure to lead in
Mexico, a better enforcement and oversight of the related regulations, as well
as a major effort to provide viable alternatives to the traditional technology for
glazing, should have been already implemented.

Regarding the presence of lead in superficial waters, no information is avail-
able for most of the rivers, lakes, and dams of the country; furthermore, the few
existing data are several years old and most of the studies were not carried out
with basic analytical quality controls. As to the marine environment, the avail-
able data cover only a restricted area of the Gulf of Mexico, and data on the
Pacific coasts are still fewer. Moreover, these data are mostly from studies car-
ried out in the 1980s and the early 1990s, and there are no recent data to docu-
ment the present situation.

Information regarding lead in food is still less useful; most of the studies
have not been published and, in several cases, their methodology and analytical
controls did not meet the minimum requirements to be valid. Nevertheless, their
results point to several problem areas that should be addressed officially as soon
as possible to effectively reduce this source of exposure.

During the last 10 years, a complex legal framework to control the presence
of lead in water, air, ceramics, and food, and some uses of lead, was developed
in Mexico. However, even a superficial analysis of the regulations and standards
shows that, by themselves, they are not enough to really control the sources of
exposure to lead because the lack of adequate enforcement and oversight mea-
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sures and the low sanctions incurred by violators made them practically useless.
This lack is evident in the case of Met Mex Peñoles, because despite the solid
and growing evidence that this smelter is the major source of lead in Torreón,
to this date the official Mexican standards for lead in industrial emissions, lead
in soil, and lead in dust, essential to control the activities of this and other fixed
sources for lead, have not been issued, whereas the definite official standard on
lead in blood on nonoccupationally exposed people was published almost 3
years after the temporary standard had ceased to be valid. It should also be
mentioned that no scientific information is available on the adverse environmen-
tal and health consequences of the many incidents related to lead-containing
hazardous wastes in the border states, where assembly plants are the major
economic activity.

This review aims to present an objective assessment of the present situation
regarding lead in the environment in Mexico, with emphasis on the data required
to truly achieve control of its sources and reduce human exposure.

II. Natural and Anthropogenic Sources of Lead in Mexico
A. Lead Production

In 1991, Mexico was seventh in world production of lead, producing 160,406
metric tons (t), 4.9% of the world total (SEDESOL/INE 1993a). In 1993, Mex-
ico was the fifth lead world producer, with 181,741 t, representing 5.7% of the
world total (SEDESOL/INE 1994), and in 1998 the sixth world producer, with
171,610 t (Camimex 2000a). At present, the major producing states are Chihua-
hua and Zacatecas, in the north, with approximately 70% of the country’s pro-
duction. The major lead-producing municipalities during 1998 and 2000 are
presented in Table 1 (Camimex 2000b, 2002a).

The refined lead production in Mexico from 1988 to 2000, according to the
Cámara Minera Mexicana (Mexican Mining Chamber), is summarized in Table
2 (Camimex 2002b). At present, the only primary lead smelter and refinery in
Mexico is Met Mex Peñoles, located in Torreón, in the north central part of the
country, with an installed capacity of 180,000 t/yr of refined lead.

As can be seen, from 1988 to 1998 there was relatively little year-to-year
variation in lead production. The marked decrease in lead production during
1999 could have been due to the environmental and public health problems
associated with the deficient operation of Met Mex Peñoles (Section IX), which
caused its partial closure from May 1999 to February 2000.

There are several secondary smelters in the country (Romieu et al. 1997),
but there are no reliable data on their regional distribution or their production,
although it has been estimated to be 10,000 t/yr (U.S. Geological Survey 1999).
As in spite of declining lead prices the world lead secondary production has
risen steadily and in 1989 surpassed primary production, particularly from the
recycling of lead-acid batteries (OECD 1992), the estimated figure for secondary
lead production in Mexico might not reflect this reality and, at present, it may
be equal to the primary production.
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Table 1. Major lead-producing municipalities in Mexico, 1998 and 2000.

Year Municipality State Lead production (%)

1998a Saucillo Chihuahua 23.7
Noria de los Angeles Zacatecas 14.7
San Francisco del Oro Chihuahua 9.5
Santa Bárbara Chihuahua 9.5
Zimapán Hidalgo 7.4
Mazapil Zacatecas 6.5
Sombrerete Zacatecas 5.3

2000b Saucillo Chihuahua 29.7
Santa Bárbara Chihuahua 15.5
San Francisco del Oro Chihuahua 8.8
Zimapán Hidalgo 7.8
Sombrerete Zacatecas 5.2
Mazapil Zacatecas 4.2
Fresnillo Zacatecas 3.6

Sources: aCamimex 2000b; bCamimex 2002a.

Data for production, export, and import of lead in Mexico from 1990 to 1995
according to INE (1997) are summarized in Table 3, where (P + I − E) repre-
sents the total lead theoretically remaining in the country, except for lead from
secondary smelting.

According to Lacasaña et al. (1996a), the Consejo de Recursos Minerales

Table 2. Lead production in
Mexico, 1988–2000.

Year Production (t)

1988 171,337
1989 163,017
1990 177,279
1991 160,406
1992 172,563
1993 181,741
1994 163,836
1995 179,741
1996 167,115
1997 180,350
1998 171,610
1999 131,402
2000 154,397

Source: Camimex 2002b.
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Table 3. Lead production, export, and import in Mexico, 1990–1995.

Export (E) Import (I) Available lead (P + I − E)
Production

Year (P), tons Tons % P Tons % P Tons % P

1990 177,279 113,852 64.22 2,762 1.56 66,189 37.33
1991 160,406 101,553 63.31 1,566 0.98 60,419 37.67
1992 172,563 106,467 61.69 1,853 1.07 67,949 39.38
1994 163,836 31,826 19.42 6,435 3.93 138,445 84.50
1995 179,741 37,092 20.63 796 0.44 143,445 79.81

Source: Modified from INE 1997.

provided slightly different figures for 1988–1993. However, they agree in gen-
eral with those presented above, and despite their differences, show also a dras-
tic reduction of lead exports in 1993 and the resultant increase after this year in
the lead theoretically available in Mexico. The cause of these changes could
have been the phasing out of tetraethyl lead in gasoline in other countries, which
could have reduced exports from Mexico.

B. Uses of Lead

According to SEDESOL/INE (1993b), in 1991 almost two-thirds of the primary
lead production in Mexico, or approximately 100,000 t, was used to produce
oxides as raw materials for the industries of iron, steel, paper, and textiles and
for the glazing of ceramics. Other important uses of lead during this year were
the manufacture of batteries and cables and production of tetraethyl lead as an
additive for gasoline. In Table 4, the industrial uses of lead in Mexico in 1994–

Table 4. Industrial uses of lead in Mexico, 1994–1995.

Mexicoa

World percent,
Use Tons/year % 1997–2002b

Pigments and paints 95,000 68.91 12
Cable sheathing 9,232 6.69 3
Gasoline additives 15,020 10.89 —
Batteries 9,646 6.99 71
Miscellaneous 8,957 6.49 10

Total 137,855 100.0 99

Sources: aLacasaña et al. 1996a; bILZSG 2002.
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1995, according to Lacasaña et al. (1996a), are shown and compared with the
world data on uses of lead (ILZSG 2002).

The comparison of these data with those of Table 3 leads to the conclusion
that a large part, if not all, of these products must have been used within the
country. There are major discrepancies between these data and those provided
by the International Zinc and Lead Studies Group (ILZSG 2002) for the world
uses of lead; for example, according to the ILZSG, globally 71% of all pro-
cessed lead was used to manufacture lead-acid batteries while, according to the
data above, this use represented only 6.99% in Mexico in 1994–1995. Another
major difference is in the percentage of lead used for pigments and paints
(68.91% in Mexico vs. 12% in the world). Romieau et al. (1994) stated that, in
Mexico, lead chromate-based paints, with up to 50% lead, were widely used on
public works such as roads, sidewalks, and bridges; however, there are no fur-
ther data available on these uses or on the current situation. In conclusion, the
data on uses of lead in Mexico are very general, do not agree with the world
data, and do not provide a good picture in this respect; unfortunately, no other
data are available to this date.

C. Gasoline

From 1985 until 1995, the volume of lead used in Mexico to produce tetraethyl
lead increased continuously, from the equivalent of 7,298 t in 1985 to 15,020 t
in 1995 (Albert and Badillo 1991; Lacasaña et al. 1996a). In 1986, the govern-
ment reached an agreement with the car manufacturers to ensure that, after 1991,
all cars made in Mexico were to have catalytic converters to promote the use of
leadless gasolines and, eventually, to phase out leaded gas. The same year, the
only Mexican producer of gasolines, the parastate company Pemex, introduced
the Nova Plus brand containing less lead and, in 1990, the high-octane, leadless
gas brand, Magna Sin, to be used by cars with catalytic converters (SEDESOL/
INE 1993b). In Table 5, the figures for lead in the major Mexican gas brands
before and after this agreement was reached are shown.

From 1986 to 1992, the lead content of the Nova gas went from 0.98 to 0.07

Table 5. Tetraethyl lead content in gas in Mexico (mL/L).

Year

Brand 1978 1979 1980 1984 1985 1986 1991 1994

Extraa 0.924 0.02 0.02 0.02 0.013 0.013 Discd —
Novab 0.924 0.924 0.924 0.264 0.132–0.264 0.13–0.264 0.13–0.264 0.2
Magna Sinc — — — — — — No lead No lead

aSold as Extra Plus since 1986; bSold as Nova Plus since 1986; cIntroduced in 1990; dDiscontinued
brand, not sold after this year.
Sources: Romieu et al. 1994, 1997.
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g/L, or a reduction of approximately 92% (INE 1997). To further promote the
use of unleaded gas, early in 1992 its price was reduced in comparison to that
of leaded gas, while the price of leaded gas was slowly rising. According to
Lacasaña et al. (1996a), between 1980 and 1994 the amount of tetraethyl lead
added to the Nova gas brand went down from 3.5 to 0.4 mL/gal (0.92 to 0.105
mL/L). The disagreement in some of these figures could be because at the time
there were two related leaded gas brands, Nova and Nova Plus and because
Pemex used different units (mL/gal, g/L) to report lead concentration. It is also
evident that, before 1980, Pemex only changed periodically the brand names of
its gasolines instead of reducing lead in gas.

During the earlier years of the phaseout of leaded gas, the national production
of unleaded gas was not enough to provide for all needs of the country and its
use was confined almost exclusively to Mexico City and its Metropolitan Zone
(MZMC) while, outside this area, the use of leaded gas remained almost without
change. Although Pemex stated that it had substituted tetraethyl lead as an anti-
knock agent with an organic detergent, indirectly it was found that benzene was
being added to the newly introduced unleaded gasoline as a free radical pro-
moter to substitute for lead. Bravo et al. (1989) claimed that this caused the rise
in ozone levels in the atmosphere of the MZMC after 1986. Since 1998, leaded
gas is no longer used in Mexico (Willars 1999, personal communication); as
a result, the production of tetraethyl lead was discontinued in 1997 and the
manufacturing plant (Tetraetilo de México, TEMSA) was closed that year.

Starting in 1989, the reduction of lead in gas caused a parallel reduction in
the concentrations of lead in air in the MZMC that was evident after 1989
(Section III.A) and, from 1990, also a reduction of lead in blood of children in
this area (Section VIII.B); however, this reduction took a slower pace after
1993, indicating other sources of exposure to lead in this area (Finkelman et al.
1994).

Unfortunately, very few studies on lead in air and in blood exist for the rest
of the country before and after the phaseout of leaded gas; therefore, there are
not enough data on the impact of the lead phaseout on its concentrations in air
and blood in most of the country. The few available studies were carried out in
Mexico City and the MZMC (Sections VIII.A, VIII.B), had very small sample
sizes and it is not clear whether all studies were carried out with quality assur-
ance programs or whether the validity, precision, and accuracy of their results
can be ascertained. Nevertheless, these few data indicate that the phaseout of
lead in gas had a positive impact on air and blood levels, at least in the MZMC.

III. Lead in the Mexican Environment
A. Lead in Air

As was shown in Table 5, between 1986 and 1992 the amount of lead in gaso-
line used in the MZMC was considerably reduced; as a result, a parallel reduc-
tion of the concentrations of lead in aerosols was observed in this area. Because
the lead levels found in 1990 by the Red Ambiental de Monitoreo Atmosférico
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(Environmental Atmospheric Monitoring Network) were below the official limit
of 1.5 µg/m3 established as the official standard by the Secretarı́a de Salud
(Health Ministry) (SSA 1994a), this metal is no longer monitored in Mexico.
Lacasaña et al. (1996a) mentions that the annual average lead levels in Mexico
City reported officially for 1988, 1990, and 1994 were 1.95, 1.23, and 0.28 µg/
m3, respectively, which indicates a clear downward trend in Mexico City.

Despite these reductions, research on lead in aerosols in Mexico City contin-
ued between 1990 and 2000. Most of these studies were devoted to determining
lead levels in particulate matter <10 and <2.5 µm (PM10 and PM2.5). In all cases,
the lead levels found were below the already mentioned official maximum limit
of 1.5 µg/m3 in air. Only one study (Aldape et al. 1999) is available from Mon-
terrey, Nuevo León (NL), the major industrial city in the country where most
of the lead pigments are manufactured and used. Some of the data for Mexico
City and Monterrey are summarized in Table 6.

Although all the studies available for the MZMC show that lead levels in
aerosols have diminished, the situation in areas of extraction, smelting, or re-
cycling of lead is not known in general and might be completely different.
Rubio Andrade et al. (1998) reported high lead levels in aerosols obtained near
Met Mex Peñoles, the only primary lead smelter in the country, located in Tor-
reón. The more relevant data of this study are summarized in Table 7 (see
also Section IX). Concentrations of lead in air in Torreón exceeded the official
maximum of 1.5 µg/m3 for lead in air (SSA 1994a) in the three sampling sites;
the maximum average concentration was almost six times this value. Close to
the smelter, the values for lead in PM10 were 3.81 ± 3.30 µg/m3; even 8100 m
distant from the smelter, in the nearby city of Gómez Palacio (chosen as the
low exposure reference area, although it is affected by the regional prevailing
winds), these values were close to the official limit (1.47 ± 2.13 µg/m3); these
values were inversely related to the distance from the smelter. The same study
reported high lead levels in dust and soil, as well as in the blood of children
from Torreón (see Sections III.B, VIII.B, IX).

Dı́az-Barriga (1992) reported levels of Pb, As, and Cd in aerosols from an
important arsenic smelter in San Luis Potosı́, in the central part of the country.
Although lead levels in all the air samples from the downtown area were below
the official limit, in the dry season and in the Morales neighborhood, which is
close to the smelter, they were above this limit (Table 8).

There are no other studies available on lead in aerosols in Mexico, including
the many important lead mining areas in Zacatecas, Chihuahua, and Hidalgo
states, and other cities with important industrial activities related to lead, includ-
ing border cities, where several incidents related to lead-containing hazardous
wastes have been reported in the last few years, and Coatzacoalcos, Ver., where
some of the more important petrochemical industries are located. However, it
can be expected that in urban areas not related to mining, smelting, or industrial
activities, and considering only lead in gas as the major lead source, the lead
levels in aerosols are similar to those cited here for Mexico City.
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Table 7. Lead levels in total suspended particles in Torreón, Coahuila.

Sampling area Lead in TSP (µg/m3)

650 m from the plant 8.16 ± 5.65
Heavy traffic downtown area, 1750 m from the plant 6.03 ± 2.07
Low-exposure area, 8100 m from the plant, but in seasonal

wind direction 3.25 ± 2.59

TSP: total suspended particles.
Source: Rubio Andrade et al. 1998.

B. Lead in Dust and Soil

Very few studies have been conducted in urban areas in Mexico on this subject.
Dı́az Barriga (1992) gave data for lead in samples of soil and domestic dust
obtained in the San Luis Potosı́ neighborhoods of Pirules and Morales located
600 and 1200 m, respectively, from an important arsenic and copper smelter, in
comparison to a reference site, 7 km away (Table 9). No official limits for lead
in soil have been established in Mexico; however, the lead levels found in the
study for the Pirules and Morales neighborhoods were above the 500 mg/kg
established as the maximum allowable for residential soil use in Canada (Envi-
ronment Canada 1999) and also above the intervention value of 600 µg/g estab-
lished in the Netherlands (Alloway and Ayres 1993).

Dı́az-Barriga et al. (1997) carried out a study on the presence of Pb, As, and
Cd in soil and dust samples from the area known as Anapra, in Ciudad Juárez,
Chihuahua, close to an Asarco lead smelter active from 1887 until 1985 across
the border in El Paso, Texas. The study aimed to determine the effect the closure
of the smelter had on lead levels in the surrounding area and the blood lead
levels (BLL) of children. Soil and domestic dust samples from three areas at
increasing distance from the former plant, as well as from a reference site 27
km away, were obtained (see also Section VIII.B).

Lead levels in superficial soil were inversely correlated with distance to the

Table 8. Average lead levels in aerosols in San Luis Potosi (µg/m3).

Area of the city

Downtown Morales

Year Oct.–March April–Sept. Oct.–March April–Sept.

1991 0.76 0.23 2.66 0.95
1992 0.49 0.25 2.75 1.03
1993 0.27 — 2.73 —

Source: Dı́az-Barriga 1992.
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Table 9. Lead levels in soil and domestic dust from two residential areas in San
Luis Potosi.

Lead (mg/kg)

Sampling site Soil Domestic dust

Pirules, south from the smelter stack 738 —
Morales norte, north from the smelter stack 508 1270a

Morales centro, east from the smelter stack 849 —
Reference site, 7 km from the smelter 38 84b

aAverage of 29 samples; the authors did not specify the precise sampling sites in Morales.
bAverage of 31 samples.
Source: Dı́az Barriga 1992.

former smelter. In a previous study by Ordóñez et al. (1976), lead levels in soil
less than a mile away from the smelter, corresponding approximately to sector
II of the present study, were 492 mg/kg whereas in domestic dust from the same
area they were 1322 mg/kg. The authors did not try to explain the fact that,
although there was a inverse relationship for lead in soil and distance to the
former smelter, no correlation was found between this distance and lead in do-
mestic dust (Table 10). Although the lead levels in soil and dust found in this
study were not as high as in areas close to other former smelters in the world,
the reduction in soil lead levels in the 15 years since the smelter was closed has
been rather low, which could indicate a lack of adequate remediation measures.
This study also showed that there is still a large child population with high
blood lead levels in this area (Section VIII.B); the authors suggest that the main
lead source for these children is soil particles containing this metal.

During 1995, Benin et al. (1999) carried out a study on Pb, As, and Cd in
roadside dust samples from three cities near present and former primary lead
smelters: Torreón, Coahuila; Chihuahua, Chihuahua; and Monterrey, Nuevo
León. In Torreón, the largest nonferrous metallurgic complex in Latin America

Table 10. Lead levels in superficial soil and domestic dust samples from Anapra, Ciudad
Juárez, Chih.

Lead in soil, mg/kg Lead in dust, mg/kg
Site distance from the
former smelter (m) n Average ± SD Range n Average ± SD Range

Sector I, 600 m 6 302 ± 111 150–425 3 285 ± 8 280–295
Sector II, 600–1,200 m 8 241 ± 174 28–537 7 356 ± 176 215–721
Sector III, 1,200–1,800 m 8 81 ± 58 31–197 9 202 ± 121 21–363
Control, 27,000 m 3 43 ± 21 26–73 NR NR NR

NR: not reported.
Source: Dı́az Barriga et al. 1997.
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and the only present primary lead smelter of the country is located; Chihuahua
was an important metallurgical center until 1990, when the lead smelter was
closed, while the same situation occurred in Monterrey; however, in this city,
there is still the most important lead pigment-producing industry in Mexico, and
also a lead glass industry and several other industrial activities that use lead.
The roadside surface dust samples for this study were obtained from residential
areas at different distances from the smelters, 400 m in Torreón and Chihuahua
and 200 m in Monterrey, and lead was determined in dust particles <250 µm
(Table 11). Forty-two percent of the samples from Chihuahua, 39% of those
from Monterrey, and 100% of those from Torreón exceeded the maximum Su-
perfund Cleanup Goal of 500 µg/g for lead in soil established by the EPA (1997)
in the United States. The highest lead values were found in the Torreón samples
from south and west of the smelter, in agreement with the results of Viniegra et
al. (1964) (see Section IX), and were inversely associated with the distance to
the plant; this association was statistically significant.

Because of the extremely high Pb, As, and Cd concentrations in dust, and
based on data from other places close to smelters, Benin et al. (1999) predicted
that children living within 1600 m (1 mile) around Peñoles would have on
average BLL ≥40 µg/100 mL, four times the level of concern of 10 µg/100 mL
established by the CDC (1991) or, in any case, to be well above this level.

In the official soil analyses carried out in Torreón as a consequence of the
community complaints summarized in Section IX, very high lead concentrations
were also found, with the highest values toward the southwest and west of the
plant and lowest toward the north. Except for this direction, all values exceeded
by far the already mentioned 500 mg/kg Superfund Cleanup Goal (EPA 1997)
and, also, the values found for areas close to other smelters in the world, which
usually do not exceed 20,000 mg/kg (IPCS 1995a). These results are summa-
rized in Table 12. Several laboratories participated in these analyses; there are
no data available on the analytical quality control measures taken and it is not
known whether there was a common protocol for them. This lack could explain
some of the discrepancies evident in the following data, such as the values for
lead at 400 m to the north of the smelter and 800 meters to the south, which do
not agree with the general trend.

Table 11. Lead levels in dust samples in three
Mexican cities associated with lead smelting.

Lead (mg/kg)

City n Median 95% percentile

Chihuahua 19 277 5,453
Monterrey 23 467 783
Torreón 19 2,448 13,231

Source: Benin et al. 1999.
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Table 12. Lead in soil of Torreón, Coah. (mg/kg): official results.

Distance from the plant (m)

Direction 400 800 1200 1600

North 34,947 2,572 814 357
Northeast 3,212 6,110 2,978 997
East 4,422 2,806 3,649 1,546
Southeast 6,873 1,423 1,820 814
South 3,121 32,152 3,223 2,349
Southwest 43,966 5,221 1,515 651
West 31,009 3,721 1,810 1,241
Northwest 2,918 3,182 1,495 824

Source: Valdés and Cabrera 1999.

Because in Mexico there is not an official limit for lead in soil, the maximum
lead value accepted by the Mexican government in this particular case was 1400
mg/kg (Valdés and Cabrera 1999). From these results it can be concluded that
soil pollution by lead in Torreón might be more important than the data from
Benin et al. (1999), and Garcı́a Vargas et al. (2001) suggest and that the problem
is not limited to the areas immediate to the smelter but could affect most of this
city and other nearby cities.

In a follow-up of the study by Rubio Andrade et al. (1998) on the lead
sources in Torreón, Garcı́a Vargas et al. (2001) found that soils at a depth of
1–10 cm and surface dusts obtained near three school playgrounds located at
different distances from the smelter, in this and in a nearby city, had high lead
concentrations (Table 13). The average lead concentrations in dust from the
school closest to the plant were almost 17 times higher than those in the samples
obtained near the school far from the plant.

Madhaven et al. (1989) indicated that lead levels in urban dust or soil ≥250
mg/kg in areas without grass cover used by children up to 5 years of age repre-

Table 13. Lead in soil and surface dust in school playgrounds in Torreón, Coah (µg/g).

Location Lead in soila Lead in surface dusta

650 m from the plant 2772.8 3471.3
(648.3–3221.9) (2780–4162.5)

Heavy traffic downtown area, 1750 m from 639.3 2156.0
the plant (209–1101) (1457–2855)

Low-exposure area, 8100 m from the plant but
in the seasonal wind direction 124.8 208.1

aAverage and range.
Source: Garcı́a Vargas et al. 2001.
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sent a health hazard for the children; therefore, a high percentage of the children
living in the Mexican cities studied by Dı́az Barriga et al. (1997), Benin et al.
(1999), and Garcia-Vargas et al. (2001), particularly Torreón, are at risk due to
their exposure to lead.

During the long time when lead was added to gas in Mexico, important
quantities of this metal were introduced in the urban areas of the country with
high vehicular traffic. According to Romieu et al. (1994), in Mexico City alone
every year at least 1500 t lead could have entered the atmosphere from this
source and remained deposited in the soil. Although this could be one of the
major sources of exposure to lead for present and future populations in this and
other cities, to date this possibility has not been properly evaluated.

In this respect, Flores et al. (1998) studied the levels of Pb, Cu, and Mn in
dust samples from two sites in Azcapotzalco, north of Mexico City, at the begin-
ning of the rainy season and 1 mon after it started (Table 14). They showed
lead levels in street dust to be mainly independent of vehicular traffic and appar-
ently related to the season. In this study, more than 50% of the particles with
high lead levels were <250 µm; a parallel study showed that more than 60% of
total lead could be mobilized at pH 5, indicating that lead present in street dusts
in this area is bioavailable.

Only one study on lead in agricultural soils in Mexico has been compara-
tively recently published. Cajuste et al. (1991) studied the Pb, Ni, Cr, and Zn
levels in soils from the Mezquital valley in Hidalgo state, an area that has been
irrigated with raw sewage from Mexico City since the early twentieth century.
Three sampling sites were selected: Tlaminulpa, irrigated with raw sewage from
Mexico City; Xochitlán, irrigated with raw sewage mixed with surface waters
from a nearby dam; and Arenal, irrigated with underground water. The values
found in this study show the adverse impact on soil of the use of raw sewage
for agricultural irrigation; also, because these waters are used to irrigate food
and feed crops, they could pose an additional hazard for consumers of such
crops (see also Section VII). These results are summarized in Table 15.

From the data on lead in soil and dust summarized here it is clear that much
more information is needed on this subject to allow the authorities to propose
and implement effective control measures for this important sources of exposure
to lead for the Mexican population.

Table 14. Lead in dust on streets of Azcapotzalco, Mexico City.

Lead range (mg/kg)

Sampling site Cars/hour May June

1 2479 684–803 390–645
2 35 456–466 320–384

Source: Flores et al. 1998.
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Table 15. Lead levels in soils irrigated with municipal
wastewaters from Mexico City.

Site Depth (cm) Lead (mg/kg)

Tlaminulpa 0–8 300
8–20 282

Xochitlán 0–8 49
8–20 50

Arenal 0–8 36
8–20 32

Source: Cajuste et al. 1991.

C. Lead in Water and Sediments

Lead in Surface Waters and Sediments. Although rivers are the most important
source of drinking water in Mexico, the available studies on their pollution are
extremely few. Although it is possible that some data exist in the public institu-
tions related to water resources administration, such as the Instituto Mexicano
de Tecnologı́a del Agua (Mexican Institute of Water Technology) and the Comi-
sión Nacional del Agua (National Water Comission), they are not easily accessi-
ble. The few data available are summarized below.

The Secretaria de Desarrollo Social (Social Development Minister, SEDESOL)
commissioned a study to evaluate the possible health hazards associated with
water pollution in the basins of the San Juan, Lerma, and Coatzacoalcos Rivers,
which are some of the major rivers in the country (SEDESOL 1994). The data
for the study were obtained from several universities, government institutions, and
some consulting bureaus; therefore, as the basic information used for this evalua-
tion lacks homogeneity and its quality controls are not known, the results must be
taken with some reservation. Despite these deficiencies, as it is the only study
available on this subject in Mexico, its results on lead in water and sediments and
the risk it poses to the exposed populations are summarized next.

The San Juan River. Into this river drain several northeast small rivers and
creeks, and it is the major source for the public water supply for several impor-
tant cities in the north of the country, in particular, Saltillo, Coahuila and the
Metropolitan Zone of Monterrey, NL (MZM) as well as for other towns and
cities in that region, where it also provides water for agricultural irrigation.
Despite its importance as the basic water source in this arid region, which would
require it to be protected from pollution, the San Juan River receives the waste-
water of one of Mexico’s largest refining and petrochemical plants, located at
Cadereyta, NL, as well as the sewage from Monterrey, the third largest city
of the country and a major industrial center where refractory bricks, batteries,
construction ceramics, cement, lead pigments and glass, soft drinks, vegetable
oils, beer, nonferrous metals, and electric and electronic parts are produced. In
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recent years, new economic activities centered in assembly plants have appeared
in the MZM; also, there has been an important increase in the number of cars,
avenues, and freeways in this area, as well as in the consumption of products
that might contribute to the pollution of this river; therefore, the data summa-
rized below might not reflect the present situation in this area.

In Table 16, the lead levels found from 1990 to 1993 in surface waters of
several rivers and creeks from the Coahuila, Nuevo León, and Tamaulipas states
draining into the San Juan River are summarized. These values were taken from
four different studies, and no indication is given as to the quality assurance
controls or validity of the analyses. Although there were data available from 28
sampling stations, only the results of those that supply drinking water for nearby
communities and which had lead levels above 0.010 mg/L, the official limit for
lead in drinking water according to the official Mexican standard NOM-127-
SSA1-1994 (SSA 2000), are presented here.

As to the sediments of this river, the authors report that lead levels varied
from 32 to almost 400 mg/kg in the different sampling stations; however, they
do not indicate whether these concentrations are based on the wet or the dry
weight of the sediments, which hampers comparison with other data and reduces
their usefulness. In Mexico, there are no reference concentrations for lead in
river sediments. In the U.S., mean lead concentrations of 27–267 mg/kg have
been reported (ATSDR 1999). The interim sediment quality guideline (ISQG)
in Canada is 35 mg lead/kg of sediment, dry weight (Environment Canada
1999); if the levels above are compared against this value it is evident that the
levels of lead in sediment in several sampling stations from this river were very
high almost 10 yr ago. No recent information is available from this region. The
authors of the report state that the population less than 15 yr of age in the

Table 16. Lead levels in some sampling stations of the San Juan River basin.

Station Municipality and state Lead (mg/L)

El Pueblo Creek Saltillo, Coah. 0.072–0.091
El Pueblo Creek Ramos Arizpe, Coah. 0.123–0.133
Topo Chico Creek Apodaca, NL 0.082–0.198
El Ayancual Creek Los Ramones, NL 0.178
Pesquerı́a River, La Arena Pesquerı́a, NL 0.085–0.093
Pesquerı́a River Pesquerı́a, NL 0.252–0.265
Pesquerı́a River, La Loma Los Ramones, NL 0.064
San Juan River, San Miguelito Cadereyta de Jiménez, NL 0.112–0.116
San Juan River, Las Enramadas Los Ramones, NL 0.09–0.093
San Juan River, Cong. Cantú Doctor Cross, NL 0.016–0.0141
Salinas River, El Carmen El Carmen, NL 0.142
Sta Catarina River, San Miguelito Cadereyta de Jiménez, NL 0.062
Rhode Canal, M. R. Gómez Dam Camargo, Tamps 0.081–0.093

Source: Secretaria de Desarrollo Social (1994).
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whole basin was 1,245,171 in 1990, while the total population at the time was
3,430,187.

The Lerma River. This river is very important; it drains into Chapala Lake, the
largest in the country, and is considered one of the more polluted in Mexico
(SEDESOL/INE 1993c). During its course, it receives wastewater discharges from
many industrial parks, sewage from several towns and cities in the states of Queré-
taro, Guanajuato, and Michoacán, as well as the discharges of a Pemex refinery,
one thermoelectric facility, the major pesticide producer in the country, all of these
in Salamanca, Gto, and the wastewater from the pork meat packing industry at La
Piedad, Mich., and from several meat processing plants in the same area.

This river provides 80% of the drinking water supply of Guadalajara, the
second largest city in the country. The study obtained information from 18 sta-
tions and in none were lead levels below the allowable limit of 0.010 mg/L for
lead in drinking water supplies, according to the official standard NOM-127-
SSA1-1994 (SSA 2000). As to the sediments of this river, the results are re-
ported in wet weight basis, which hampers their comparison with the aforemen-
tioned ISQG of Environment Canada (1999). The highest lead level in the sedi-
ments of this river, 62.5 mg/kg, was found in Mexico State. The authors estimate
that the potentially exposed infant population at risk due to the pollution of this
system, considering only those living in the towns along the river shores,
reached 688,511 in 1990.

In an unpublished report, the National Institute of Nuclear Research (ININ)
summarized the results of a study carried out during 1993–1995 on the presence
of heavy metals in water of the Alzate dam, located on the Lerma River in
Mexico state (ININ 1996). The highest values, between 34 and 147 µg/L, were
found at the beginning of the dam; in general, the lead values were lower within
the dam. However, lead levels in water at mean depth were high (up to 186 µg/
L). In the sediments, the reported values fluctuated from 20 to 30 mg/kg dry
wt. The presence of lead in the aquatic hyacinth (Eichhornia crassypes) was
also studied; in all cases, lead was detected in the roots with an average of
19 ± 3 mg/kg (ppm) dry wt.

Despite the importance of the Lerma River for several major Mexican cities
and for many important agricultural areas as well, all of which depend on it for
their water supply, the data available on its pollution are scant and there are
major deficiencies in the few available studies. Because the population that
could be exposed to lead and other pollutants present in this river is very high,
it would be desirable to monitor the presence of lead and other pollutants using
standardized methodology, as well as to increase the number of stations and
sampling frequency. It is also important to evaluate the contribution of every
municipal and industrial wastewater discharge to the pollution of this river to
implement local solutions that might contribute to its recovery.

The Coatzacoalcos River. This river starts at Oaxaca State and crosses Vera-
cruz State; before it ends at the Gulf of Mexico, it goes across the region known
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as Coatzacoalcos-Minatitlán, where the most important oil refining facility in
Mexico and the major chemical complexes of Pajaritos and La Cangrejera,
which produce fertilizers, ammonia, and several polymers, are located. Until it
was closed in 1997 as a result of the phaseout of the use of lead in gas, Tetraetilo
de México (TEMSA), the only tetraethyl lead manufacturer in the country, was
also located here.

Although most of the water of this river is devoted to industrial uses, up to
5% contributes to the domestic supply of the population in its final part. Despite
the economic importance of this river and the high industrialization of the area,
there are no recent data on its pollution by toxic chemicals. The authors obtained
data on lead levels from studies carried out from 1982 to 1988; the values
fluctuated between 0.05 and 0.47 mg/L. Although these values are above the
maximum allowable limit of 0.010 mg/L for lead in drinking water, according
to the official standard NOM-127-SSA1-1994 (SSA 2000), considering that the
economic activities of this region include the production and use of lead deriva-
tives, they might be in fact rather low. There could be many reasons for this,
including the lack of adequate sampling and analytical controls in the studies;
therefore, it is of the utmost importance that an integral study on the presence
of lead and other pollutants in this river using standardized methodology be
carried out. For such a study, enough sampling stations should be established to
cover the most important industrial discharges, and sampling should be carried
out with adequate frequency to provide valid information. In sediments, lead
ranged from 10 to 209 mg/kg dry wt. According to this report, the population
living close to the petrochemical industry area, of which 387,996 were children
in 1990, is at highest risk of chronic exposure to the toxic pollutants present in
the water.

Lead in the Marine Environment. Botello et al. (1995) reviewed the lead levels
in water from several coastal lagoons in the Gulf of Mexico. The main data they
report are summarized in Table 17.

The maximum permissible monthly average for lead in coastal waters estab-
lished by the environmental authorities in the NOM-001-ECOL-1996 is 0.2
mg/L (SEMARNAT 1996); as can be seen in Table 17, some of the selected
lagoons, in particular Machona and Mandinga, had lead levels close to this limit.
These high values were attributed by the authors to the discharges of wastewa-
ters from the petrochemical industry and of domestic sewage.

Regarding the Mexican Pacific coasts, Osuna-López et al. (1989) determined
lead levels in water in the coasts of Mazatlán, Sinaloa. The highest concen-
trations were associated with particles and found in samples from the anteport
station near the industrial park “Alfredo V. Bonfil,” where four industries
and six cooperatives are located, and to the canal known as Pemex, where
other industries, a Pemex facility, and the railroad main repair shop are located
(Table 18).

From the data on lead in the coastal waters of the Gulf of Mexico presented
in Table 17 and the few data available on the Pacific summarized in Table 18,
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Table 17. Average lead levels in some coastal lagoons from the Gulf
of Mexico.

State Lagoon (x̄ + SD, µg/L)

Veracruz Tampamachoco Lagoon 46 + 29
Mandinga Lagoon 125 ± 356

Tabasco Carmen Lagoon 40 ± 78
Carmen Lagoon 43 ± 55
Machona Lagoon 100 ± 104
Mecoacán Lagoon 91 ± 91

Campeche Términos Lagoona 1.8 ± 0.5
Términos Lagoonb 0.7 ± 0.4
Atasta Lagoon 38 ± 20

aDissolved lead.
bLead associated with particles.
Source: Botello et al. 1995.

it is clear that lead levels are considerably higher in the former; this could be due
to the important activities related to the petrochemical industry in this region.

As with lead in the water column, lead concentrations in the sediments of
the lagoons and rivers of the Gulf of Mexico have been found to be high. In
Table 19 the lead levels in sediments of some coastal lagoons of the Gulf of
Mexico are summarized. The highest concentrations were found in the La Man-
cha, Salada, El Llano, and Mandinga Lagoons in Veracruz State; this might
reflect the important petrochemical and industrial activities in this state and will
have an adverse impact on the organisms from these lagoons. The other lagoon
with elevated lead levels in sediments was the Ilusiones Lagoon in Tabasco
State, which receives the atmospheric emissions from the capital city, Villaher-
mosa, and the runoff of wastewater from several nearby localities.

Sediments in the Pacific Ocean. The major data available for lead in sediments
of the coasts of the Mexican Pacific are summarized in Table 20. The contribu-

Table 18. Lead levels in water from coastal areas
close to Mazatlán, Sinaloa.

Site Pb (µg/L)

Ceuta Lagoona 1.8
Mazatlán porta 0.67
Mazatlán outer portb 2.29

aDissolved lead.
bLead associated with particles.
Source: Osuna-López et al. 1989.
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Table 19. Lead levels in coastal sediments of the Gulf of Mexico (µg/g dry wt).

State Lagoon Average ± SD Reference

Veracruz La Mancha Lagoon 81.20 ± 11.14 Villanueva and Botello 1992
El Llano Lagoon 78.76 ± 24.00
Salada Lagoon 77.19 ± 21.85
Sontecomapan Lagoon 14.84 ± 12.77
Alvarado Lagoon 20.15 ± 14.77 Botello et al. 1995
Tampamachoco Lagoon 3.39 ± 3.01
Mandinga Lagoon 3.34 ± 3.25

Tabasco Ilusiones Lagoon 158.70 ± 93.03
Carmen Lagoon 6.49 ± 5.18

Campeche Atasta Lagoon 0.29 ± 0.25
Términos Lagoon 33.96 ± 18.28
Términos Lagoon (east) 42.5 Ponce-Vélez and Botello 1991
Términos Lagoon (west) 23.1

tion of sewage systems to these levels is noteworthy; for example, Méndez and
Páez-Osuna (1998) observed high lead levels (59.1 ± 3.6 µg/g dry wt) in sedi-
ment samples obtained in front of a clandestine domestic sewage outfall, 2.1
km away from the main sewage discharge in Mazatlán Bay, and also 16 km
away from it (40.8 ± 8.2 µg/g dry wt). Nevertheless, the data on lead in sedi-
ments in these coasts reflect a lower pollution by lead in comparison with those
in some areas of the Gulf of Mexico.

As has been mentioned for lead in surface waters, the data on lead in the
marine environment along the Mexican coasts are definitively not sufficient to
obtain a reliable picture of the situation. Considering the potential for a negative
impact of this pollution on ecosystems, marine organisms, and the health and
economy of the population from the affected areas, it is noteworthy that so little
attention has been given to the need to obtain adequate data. In particular, it
must be stressed that despite the repeated complaints from the community and

Table 20. Lead levels in sediments of coastal ecosystems in the Mexican Pacific.

State Site Pb (µg/g dry wt)

Baja california Gulf of California 41.31
Sinaloa Mazatlán Port 30.3
Oaxaca Salina Cruz Bay, 1986 49.53

Salina Cruz Bay, 1991 34.25
Continental platform of the

Tehuantepec Isthmus 22.57
Superior Lagoon 4.4

Source: Botello et al. 1995.
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the fishermen from the areas in Veracruz State where the Coatzacoalcos and
Blanco Rivers reach the Gulf of Mexico about the increasing pollution of these
rivers, there are no recent data on lead pollution of their sediments.

IV. Lead in Animals and Plants
A. Aquatic Organisms

The oyster Crassostrea virginica has been frequently chosen as a biological
sentinel for lead and other pollutants present in the coasts of the Gulf of Mexico
due to its wide distribution in the region. In the available studies, lead levels in
samples of this oyster obtained along the coast of Gulf of Mexico were not
homogeneous; the highest average value, 11.55 µg/g, dry wt, was found in
oysters from the Mandinga Lagoon (Hernández et al. 1996); this value was also
the highest for bivalves from Mexican coasts. Except for those from the Ma-
chona and Atasta Lagoons, lead concentrations in bivalves from these lagoons
were above the permissible level of 1.0 mg/kg for oysters destined for human
consumption, according to the official standard NOM-031-SSA1-1993 (SSA
1995a). These high values could result from the increasing human activities in
the nearby areas, including industry. Also, the winds and the coastal currents
may transfer this and other metals from industrial cities such as Tampico,
Tamps., Veracruz, Ver., and Villahermosa, Tab., to nearby lagoons, thereby
influencing their distribution and concentrations in the exposed aquatic life. The
high lead levels found in oysters from Mandinga Lagoon might be due to the
discharges from the industrial cities of Orizaba and Córdoba that reach this
lagoon through the Blanco and Jamapa Rivers (Table 21).

Table 21. Lead concentrations in Crassostrea virginica from
coastal ecosystems of the Gulf of Mexico.

State Site Pb dry wt (µg/g)

Tamaulipas San Andrés Lagoon 5.85 ± 1.51
Veracruz Tampachoco Lagoon 1.86 ± 0.95

Mandinga Lagoon 3.03 ± 3.47
Mandinga Lagoon 11.55 ± 0.33
La Mancha Lagoon 3.24 ± 0.55
Del Llano Lagoon 2.23 ± 0.43

Tabasco Machona Lagoon 0.23 ± 0.14
Mecoacán Lagoon 1.24 ± 0.77
Del Carmen Lagoon (1981) 3.04 ± 3.01
Del Carmen Lagoon (1983) 1.40 ± 1.0

Campeche Atasta Lagoon 0.15 ± 0.98
Términos Lagoon 2.57 ± 0.12
Términos Lagoon 2.19 ± 0.99
Términos Lagoon 5.80 ± 3.11

Source: Botello et al. 1995.
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Regarding the lead levels found in bivalves from the coasts of the Mexican
Pacific, Páez-Osuna et al. (1988) found 11.7 µg/g in Mytella strigata and 1.18
µg/g for Crassostrea corteziensis from the Urı́as inlet in Mazatlán. It is probable
that these relatively high values are due to the presence of lead in sediments
(see Section III.B.). In the Camichı́n inlet, an artifical estuary devoted to the
growth of oysters near Mazatlán, Sinaloa, Páez-Osuna et al. (1995) reported
7.70 µg Pb/g dry wt in C. corteziensis in March, before the spawning season;
in the Navachiste Lagoon, Páez-Osuna et al. (1991) found 1.1–1.7 µg Pb/g dry
wt for the same species. In a study carried out between October 1987 and July
1988, Osuna-López et al. (1990) found that C. corteziensis associated with man-
grove roots 40–60 cm under the surface reached an average lead level of 1.8 ±
1.2 µg/g dry wt in the soft tissues whereas oysters closer to the water surface
had lower levels (0.32 ± 0.3 µg/g). Frı́as et al. (1994) found lead levels of 1.9–
2.9 µg/g dry wt in soft tissues of C. iridescens; the highest values corresponded
to the last stages of the reproductive cycle of the oysters when lead has accumu-
lated in the gonadic tissues. In Table 22, the lead levels in soft tissues of some
marine organisms from the coasts of the Mexican Pacific are summarized; the
reviewer did not specify if the data are averages or the result of the analysis of
one sample in each case. All the samples from the Mazatlán coasts, including
those mentioned above, had lead above the 1 mg/kg limit established by the
official standards NOM-031-SSA1 and NOM-032-SSA1 (SSA 1995a,b) for bi-
valves that could be devoted to human consumption, whereas none in the Salina
Cruz area were above this limit.

In Table 23, the lead levels obtained in other studies on soft tissues of some
marine organisms from the coasts of the Mexican Pacific are presented. Accord-
ing to these data, the organisms chosen for these studies are more adequate than
Crassostrea corteziensis as sentinels of lead pollution in coasts, probably be-
cause they grow in a mixture of freshwater and marine water, unlike C. cortez-
iensis, which is a seawater organism.

B. Terrestrial Animals

As in other cases, all the studies on biological indicators of lead in urban areas
have been carried out in the MZMC. Among them, in 1984 Alcázar et al. (1988)
studied the levels of lead in organs of 50 dogs (Table 24). Although the authors

Table 22. Lead in marine organisms from the Mexican Pacific coast.

Species Lead (µg/g dry wt) Site

Crassostrea corteziensis 1.8 Mazatlán Port
Crassostrea corteziensis 1.3 Mazatlán Port
Mytella strigata 11.7 Mazatlán Port
Crassostrea corteziensis 0.36 Salina Cruz Bay
Penaeus vannamei 0.19 Salina Cruz Bay

Source: Botello et al. 1995.
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áe

z-
O

su
na

et
al

.
19

99
U

rı́
as

in
le

t,
M

az
al

tá
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Table 24. Lead levels in dogs from Mexico City and its
Metropolitan Zone (mg/kg dry wt).

Sample type
Age of dogs
(years) Brain, x̄ ± SD Kidney, x̄ ± SD Hair, x̄ ± SD

0–1.5 2.33 ± 1.3 6.2 ± 3.3 27.74 ± 13.6
2–3.5 4.06 ± 1.7 7.3 ± 4.9 34.70 ± 11.0
4–5 5.73 ± 3.0 10.7 ± 4.3 33.13 ± 12.3
5–8 7.94 ± 3.4 17.5 ± 4.8 39.77 ± 4.8

Source: Alcázar et al. 1998.

do not specify the values used to compare these levels, they state that their
results are higher than those from other countries; however, they also state that
the values for kidney and hair were below the limits considered as nontoxic by
Zook et al. (1972), respectively, 38 ppm for kidney and 88 ppm for hair.

Reyes et al. (1988) determined the lead levels in hair and blood of horses
from the Metropolitan Mounted Police in the North, Downtown, and South bar-
racks within the city (Table 25). The values for lead found for the horses in the
north and downtown areas of the city were higher than those for control healthy
horses in the south; the authors concluded that this difference showed that pollu-
tion by lead was important in Mexico City. As it has been stated earlier (Section
II.C), at the time of this study lead was still added to gas in Mexico.

Considering that pigeons are a good biological indicator of the presence of
metals in the environment, Delgado et al. (1994) determined the Pb, Cd, and Cr
levels and their relationship with morphological modifications in the brain, lung,
liver, and kidney of 50 pigeons (Columba livia) from Mexico City and compared
them with the levels in 10 pigeons from a nonpolluted rural site in Ixtlahuaca,
México State (controls). The levels for the Mexico City pigeons were consider-
ably higher than for those from the control site (Table 26). No relationship was
found between the morphological changes studied and lead levels.

Montes de Oca et al. (1996) studied the presence of several metals, including
lead, in the liver of migratory birds captured in the lagoon of the Lerma Valley,
in Mexico State, where these migratory birds usually stay from November to

Table 25. Lead levels in blood and hair of horses from México City.

South (n = 10),
Sample North (n = 10) Downtown (n = 5) controls

Hair (mg/kg) 5.23 ± 1.21 5.1 ± 0.7 3.38 ± 0.37
Blood (mg/L) 0.50 ± 0.05 0.58 ± 0.65 0.14 ± 0.05

Source: Reyes et al. 1988.
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Table 26. Lead in organs of pigeons from Mexico City
and Ixtlahuaca, Mexico State (ppm dry wt).

Site n Brain Lung Liver Kidney

Mexico City 50 5.15 3.65 3.93 7.61
Ixtlahuaca 10 2.19 1.17 1.09 1.96

Source: Delgado et al. 1994.

March. The waters for this lagoon come from the Lerma River, one of the more
polluted in the country (see Section III.B). It was postulated that the liver of
these birds would reflect their present exposure to the metals through ingestion
and therefore could be used as part of a biological monitoring system for the
exposure of migratory birds to these metals. The high lead levels for some
species, in particular, A. crecca and A. cyanoptera, indicate a hazardous expo-
sure to this metal and also reflect the high levels of pollution at the lagoon
where the specimens were obtained (Table 27).

Vázquez et al. (1997) carried out a study on several metals, including lead,
in samples of eggshells and eggs from the marine turtle Dermochelys coriaca
and in water and sand close to the nesting sites of the turtle in Playón de Mexi-
quillo, Michoacán State. Samples of five eggs each were hatched in the follow-
ing conditions: one sample was left at the beach (natural), one was carried to
the laboratory and placed in containers (container), and one was carried to the
laboratory and hatched in an artificial environment with sea sand (artificial).
After hatching, the eggshells were analyzed for the metals (Table 28). Accord-
ing to the authors, the high levels of lead in water and sand could be the origin
of the high levels of lead in the eggshells, and the discharges from the Lázaro
Cárdenas industrial port, located 60 miles away from the study site, could be its
source. These results show the need to continue the studies on lead levels in the

Table 27. Lead concentrations in the liver of migratory birds from the
Lerma Valley, Mexico State.

Species Lead (mg/kg dry wt)

Blue-winged teal (Anas discors) 3.7 ± 5
Northern pintail (Anas acuta) 8.3 ± 17
Mexican duck (Anas platyrhynchus diazi) 1.3 ± 1
Green-winged teal (Anas crecca carolinensis) 16.3 ± 14
Cinnamon teal (Anas cyanoptera) 16.2 ± 28
Northern shoveler (Anas clypeata) 6.9 ± 10
Rudy crake (Laterallus ruber) 2.4 ± 3
Other nonclassified birds 7.7 ± 3

Source: Montes de Oca et al. 1996.
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Table 28. Lead in sand and eggshells of Dermochelys coriaca
from Playón de Mexiquillo, Michoacán.

Sample Average lead levels (mg/kg dry wt)

Sand 23.2 ± 18.3
Eggshell 11.6 ± 26.0
“Natural” eggshells 6.19 (range, 0.31–17.8)
“Container” eggshells 7.59 (range, 2.19–20.3)
“Artificial” eggshells 13.9 (range, 0.62–144)

Source: Vázquez et al. 1997.

tissues of this and other threatened species and to determine the impact of these
pollutants in the reduction of its populations.

C. Terrestrial Plants

Several authors have determined the lead levels in particles retained by some
terrestrial plants growing near Mexico City. Martı́nez (1988) selected the ash
tree (Fraxinus uhdei), eucalyptus (Eucalyptus globulus), and a local tree known
as pirú (Schinus molle) because these species are abundant in areas to the north
of Mexico City affected by atmospheric pollution (Table 29). Lead levels in
leaves of these trees were higher from the industrial zone, zone II, which is
close to a former major oil refinery and to many small industries.

Coutiño (1989) determined the lead levels in air, rainwater, and soil and
those absorbed by the structure of the plants liquidambar (Liquidambar styra-
ciflua), ricinus (Ricinus communis), and pine (Pinus radiata) growing near Uni-
versity City, south of Mexico City, a zone surrounded by residential and com-
mercial areas, with heavy vehicular traffic and part of an important green belt
as well. The lead levels in rainwater ranged from 9.8 to 72.9 µg/L, indicating
an important fallout of lead on soil and vegetation. However, due to the physical
and chemical characteristics of the soil, only 4% of the deposited lead is bioavail-
able to the plants through their roots. As to lead adsorbed into leaves, the acicula
from Pinus radiata presented higher lead concentrations than the leaves from

Table 29. Lead in leaves from trees growing in the north of Mexico City (mg/kg).

Eucalyptus Ash tree Pirú

Site March August February December March August

Zone I: Los Reyes Iztacala 0.28 0.41 0.25 1.28 0.33 0.51
Zone II: 2,500 m from the 0.75 1.03 0.47 1.70 0.49 0.88
“18 de marzo” refinery

Source: Martı́nez 1988.
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Table 30. Lead concentration in two tree species from Mexico City (mg/kg).

Sample Average Range

Leaves (Ricinus communis) 1.09 0.02–9.80
Acicula (Pinus radiata) 2.58 0.51–7.46

Source: Coutiño 1989.

Ricinus communis (Table 30); the authors considered this as proof that the
leaves are not relevant to the absorption of lead particles.

Herrera (1990) evaluated Pb, Cd, and Ni in the lichen Ramalina farinacea
[L.] Ach obtained from an Abies religiosa forest at the Ajusco Volcano, south-
west of Mexico City, far from any vehicular traffic and at 3450 m above sea
level. This lichen was selected as a collector of the metal-containing particles
originating in Mexico City; samples were obtained in the dry and rainy seasons
from August 1987 to April 1988. The lead concentrations were lowest in April
(15.8 µg/g), at the end of the dry season, and higher in February (30.5 µg/g)
during the dry season; the author gave no explanation for these results.

Zambrano (1991) evaluated lead in the moss Leptodontium viticulosoides
(P. beauv.) Wijk & Marg. from three Abies religiosa forests in the mountains
surrounding Mexico City. Lead values were higher in samples obtained south-
west of the city and lower in those from the northeast, in agreement with the
prevailing winds in the Mexico valley, which blow from the northeast to the
southwest (Table 31).

V. Environmental Exposure to Lead
A. Urban Exposure to Lead

According to the 2000 census, the total population in Mexico was 97,483,412,
with 74.6% urban. At least 23.5% were children under 15 years of age (INEGI
2000); therefore, more than 72 million people, of which almost 17 million are
children, might be exposed to urban sources of lead. Romieu et al. (1994) re-
ported the lead content of various environmental samples in Mexico City as an

Table 31. Lead in moss from trees growing in the mountains
surrounding Mexico City.

Site Range (µg/g)

Sierra Nevada, SE of the city 17.7–24.5
Monte Bajo, NE of the city 13.0–24.2
Sierra de las Cruces, SW of the city 74.5–133.5

Source: Zambrano 1991.
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Table 32. Lead content of some sample types in Mexico City, 1991.

Sample Lead average ± SD

Bare floor dust, µg/cm2 0.03 ± 0.08
Carpet dust, µg/cm2 0.06 ± 0.007
Furniture dust, µg/cm2 0.009 ± 0.003
Window sill dust, µg/cm2 0.11 ± 0.19
Street dust, µg/g 205.6 ± 182.1
Soil, µg/g 117.2 ± 305.2
Air, µg/m3 0.54 ± 0.59

Source: Romieu et al. 1994.

example of the sources of exposure for urban populations; some of their data
are presented in Table 32.

Lead levels inside houses and in air were rather low, but very high in street
dust and soil, pointing to some external sources of lead. These sources could
have been lead in exterior paints, the remaining use of leaded gas, which was
still in the phasing-out process, or industrial emissions in some areas of the
MZMC. Summarized above are the only available data on this variety of sam-
ples from Mexico City and, indeed, from the country; therefore, more studies
such as this, at least in the major Mexican cities, are needed to provide a clearer
picture of the sources of exposure of the Mexican population.

One of the studies reviewed by Romieu et al. (1994) reported that lead
leached from lead-glazed ceramics could reach the extremely high values in
Table 33. Apparently, pottery used for a long time tends to release more lead
and the amount of leached lead is also related to the acidity of the food and the
time it remains in the vessel. Due to the importance of this source of lead and

Table 33. Leached lead from some lead-glazed ceramic items.

Site of origin Type Leached lead (ppm)

Oaxaca State Dish 1960
Hidalgo State Dish 978
Mexico City Dish 1470
Mexico City Eastern casserole 3640
Mexico City Pitcher 844
Tepoztlán, Morelos Dish <0.1
Guadalajara, Jalisco Pitcher 3730
Guadalajara, Jalisco Pitcher 1150
Metepec, México state Earthen casserole 0.8
Michoacán Dish 8.1

Source: Romieau et al. 1994.
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the evidence that it is a major risk factor, in particular for children, it is dis-
cussed in Section VI.

Drinking Water There is scant information regarding lead in drinking water in
Mexico. In their studies on sources of lead in Mexico City, Romieau et al.
(1994) reported a low level in water (0.004 mg/L); Rubio Andrade et al. (1998)
reached the same conclusion in Torreón, where they found lead levels in tap
water below 0.015 mg/L.

Although water is very hard in several Mexican cities, including Mexico
City, and, therefore, in these areas lead salts could be expected to precipitate
due to their low water solubility, there are no studies to confirm this. Further-
more, there is no reliable information to ensure that all lead pipes and unions in
the areas of Mexico with tap water supply have been substituted by PVC pipes,
and there is no information on this subject from the cities related to lead mining;
therefore, exposure through drinking water could be more important than the
few available data suggest.

According to the Comisión Nacional del Agua (National Water Commission)
(CNA 2001), at least 16 million people did not have tap water supply in the
year 2000. Only one study was found on the presence of lead in water provided
to these communities; unfortunately, its approach was very limited and it has
important methodological deficiencies, so that the few data it provides cannot
be extrapolated. Therefore, there is also an important knowledge gap regarding
exposure of people without access to tap water.

In the only study for other cities, Dı́az Barriga (1992) found, in San Luis
Potosı́, levels in tap water summarized in Table 34. Sampling sites were the
Morales neighborhood, close to an important arsenic and copper smelter in the
city of San Luis Potosı́, and a control area, Colonia Graciano Sánchez, located
south of the city, 7 km from the smelter and against the prevailing winds. Values
were below the official maximum level of 0.010 mg/L for drinking water estab-
lished by the SSA (2000).

Other Sources of Lead. Romieu et al. (1994) found that lead pigments were
still used in Mexican coloring pencils and that, at the time, their lead content
was higher than for Chinese and German coloring pencils (Table 35).

An official standard on this subject (NOM-015/1-SCFI/SSA-1994) was pub-
lished later by the health and trade authorities (SSA 1994b) establishing the

Table 34. Lead in water in San Luis Potosı́ (µg/L).

Site n Average Range

Morales 24 3.2 2.5–10.4
Graciano Sánchez 35 3.4 2.5–7.3

Source: Dı́az Barriga 1992.
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Table 35. Lead in coloring pencils from China, Germany, and Mexico.

Lead content (µg/g)
Country Samples
of origin Color (n) Inside Outside

México Bright red 10 16,894 43,369
Carmine 10 1.97 1,440
Brown (sienna) 10 74 5,759
Light yellow 10 63,911 68,114
Grey 10 38,693 3,194
Green 10 37,443 34,949

Germany Violet 5 2.94 1.64
Yellow 5 4.22 1.49

China Light yellow 2 0.91 2.84
Green 2 3.32 3.13

Source: Romieu et al. 1994.

maximum allowable lead content in these articles. Although there are no new
data, some reduction in lead content of Mexican coloring pencils could have
been achieved in recent years as a result of this standard.

The same authors explored the lead content of tobacco sold in Mexico (Table
36). The origin of the cigars and pipe tobacco samples was not specified and
the average and SD values were not reported. The lead content of the Mexican
brands of cigarettes analyzed was higher than for American brands; therefore,
they might contribute to the lead body burden of smokers and lead found in
lungs of autopsies in Mexico City (Section VIII.F).

B. Rural Exposure to Lead

Unless otherwise specified, all studies summarized next were carried out with
atomic absorption spectroscopy with graphite furnace (AAS/GF) with back-
ground correction. According to the authors, adequate analytical quality assur-
ance measures were taken.

Hernández-Avila et al. (1991) studied blood lead levels (BLL) of a random

Table 36. Lead content of tobacco sold in Mexico.

Type (number of samples) Lead content, range (mg/kg)

Cigar (30) 1.23–25.46
Mexican cigarettes (30) 0.91–14.69
American cigarettes (30) 0.55–10.22
Pipe tobacco (30) 2.40–6.27

Source: Romieu et al. 1994.
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sample of 99 women from medium to low socioeconomic level living in a semi-
rural area south of Mexico City to evaluate their risk factors for lead exposure.
The main risk factors considered were frequency of use of lead-glazed ceramics
(LGC) for food storage, cooking, and eating, consumption of canned foods, lead
in tap water (values not reported), time spent outdoors in traffic or exercising,
and smoking habits. BLL ranged from 1 µg/100 mL to 52 µg/100 mL, with a
mean of 10.6 µg/100 mL; 22% of the participants had BLL > 15 µg/100 mL
and 5%, BLL > 25 µg/100 mL. A trend toward an increase in these levels with
the increase in frequency of use of LGC was found, the only significant variable.

Rojas-López et al. (1994) selected two isolated communities of less than 200
families each, one located in Hidalgo State, in central México, and the other in
Oaxaca State, on the Pacific coast. These authors do not identify the communities
studied, present or discuss separately the results from each community, or compare
their results with those from other studies. The major risk factors evaluated were
use of LGC to prepare, store, or serve food, frequency of consumption of such
food, consumption of canned foods, and the type of floor and wall paint. Twenty-
eight participants also provided samples of food prepared in LGC to be analyzed.
Zinc protoporphyrin levels (ZPP) were also determined (Table 37). The best pre-
dictors for lead in blood were cooking and storing food in LGC; the frequency of
LGC use was also correlated to high ZPP levels. A significant association was
found between BLL and lead content in food in the subsample of subjects who
provided samples of their diet. More data are presented in the following section.

VI. Lead in Ceramics

Traditional pottery manufacturing, generally carried out in small, family-owned
shops, is a very important economic activity for Mexican rural populations. In
the 1980s Mexico was considered to be the fifth world producer of this pottery
(Finkelman et al. 1994). Glazing with a mixture of lead oxide and water is one
of the last steps in the manufacture of articles that are used to cook, store, and
serve foods and beverages; after glazing, the articles are fired in primitive low-
temperature ovens that do not reach the 1200°C needed for lead to be fixed in
the pottery. As a result, when acidic foods or liquids come into contact with the
receptacles, or remain there for a long time, lead leaches out easily.

Table 37. Blood lead and zinc protoporhyrine levels in
women from two Mexican rural communities.

Average ± SD Range
Variable (µg/100 mL) (µg/100 mL)

Age (years) 31 ± 12.4 15–62
Blood lead (µg/100 mL) 12 ± 7.2 1.6–39
ZPP/Hb (µg/g Hb) 9 ± 5.1 2.5–30

Source: Rojas-López et al. 1994.
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The pottery manufacturing shops are widely dispersed, mainly in small com-
munities with fewer than 2500 inhabitants, with severe deficiencies in public
services and few other monetary sources. This pottery is manufactured in many
states, but the major LGC-producing communities are concentrated in eight
states: Michoacán, Jalisco, Oaxaca, Guanajuato, Hidalgo, Estado de México,
Morelos, and Puebla. Although there are no reliable statistics regarding the num-
ber and geographical distribution of these shops, it has been estimated that the
total population involved in this activity could be 1.5 million, or approximately
1.5% of the national population; this includes the potters and their children and
women, who are generally in charge of the decorating and glazing steps (Salinas
1996). Therefore, up to 750,000 children less than 15 years of age could be
occupationally exposed to lead.

Lead exposure related to this activity has two major aspects. One is the occu-
pational exposure of the potters and their families. The other aspect is the expo-
sure of the general population due to the wide use of this pottery; although this
exposure affects mainly the rural population, as shown by the studies by Hernán-
dez-Ávila et al. (1991) and Rojas-López et al (1994) summarized in Section V,
the urban population also is exposed.

Despite the importance of this source of lead for a population estimated to
be at least 30% of the urban population and considerably more of the rural
population (Hernández-Ávila et al. 1994), or an approximate total of more than
60 million people, this problem has been inadequately studied and available data
do not cover its more important aspects. Furthermore, although health authori-
ties consider that LGC is the main present source of lead exposure in the coun-
try, legal controls established by the Health Ministry in 1994 through the official
standards NOM-010-SSA1-1994 and NOM-011-SSA1 (SSA 1994c,d) have
proven inadequate to improve this situation.

A. Occupational Exposure

Molina et al. (1981, 1982) showed that use of lead oxide for pottery glazing
was one of the major causes of lead poisoning and that potters and their families
had very high BLL. People living in the same town were also exposed to lead,
while the BLL of children of both potters and nonpotters were particularly high.
However, despite the extensive population that could be occupationally exposed
to lead through this activity, and the official position in favor of the implementa-
tion of control measures, including modification of the glazing technology, there
has been only one follow-up study on this subject (Olaiz et al. 1995), carried
out in a small pottery manufacturing community in Michoacán State. Its results
are compared with some of those from Molina in Table 38. The high average
BLL found in children (mean, 26.2 µg/100 mL) are worth mentioning because,
although lower than those found more than 10 years earlier by Molina et al.
(1982) in Tonalá, Jalisco (mean, 39.5 µg/100 mL), they were far above 10 µg/
100 mL, which is the level of concern for lead in blood of children established
by the CDC (1991) and also the maximum allowable level according to the
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official Mexican emergency standard for lead in blood of nonoccupationally
exposed individuals, with particular emphasis on children, NOM-EM-004-SSA1
(SSA 1999).

According to Olaiz et al. (1995), the improvement in basic sanitation in the
town studied was the major factor to explain the lower BLL found in their study
in relation to the values found by Molina et al. (1981,1982). However, these
authors do not explore other possible causes for the improvement, and in fact
compare towns in different states, with possibly different pottery manufacturing
methods. Although their data point to a potentially severe public health problem
in children of the pottery-making communities that has not been officially ad-
dressed to date, their implications for the health of these children were not
discussed by the authors, nor were their data separated according to the levels
of risk recommended by the CDC (1991) to clarify the percentage of children
with BLL ≥ 10, 20, and 45 µg/100 mL in this group.

As the authors conclude, the use of LGC is an important health risk factor for
the people of the rural communities studied and there is a need for regulations to
reduce the availability in México of products with a high content of lead and
for the development of an alternative technology for glazing ceramics that could
economically substitute the use of lead. Although the emergency standard for
lead in blood of nonoccupationally exposed individuals, particularly children,
was only legally valid for 6 mon, the definitive standard, NOM-199-SSA1-2000
(SSA 2002), was published in October 2002; in consequence, for almost 3 yr
there was no valid standard for lead in blood of children.

B. Exposure of the General Population

The urban Mexican population exposed to lead through the use of LGC for
cooking, storing, eating, or reheating food has been estimated in 30%, or close
to 30 million people (Hernández-Ávila et al. 1994), and it is considered that the
percentage of the rural population exposed to lead through this use is still higher.
Despite these figures and their important public health implications, studies
available to document the extent of this problem are few. Besides those reported
earlier by Albert and Badillo (1991), and the studies mentioned in Section V.B,
in recent years only eight studies have been published on this subject.

Lara-Flores et al. (1989) carried out in 1986 an exploratory study to identify
the risk factors associated with high BLL in people living in Mexico City. Lead
was determined in 300 blood samples from public servants selected randomly
among those attending a government medical clinic, who also answered a spe-
cial questionnaire on their possible sources of exposure to lead (Table 39). Dif-
ferent risk factors were found for each sex; for men, the major risk factors were
eating canned chilies and food prepared in LGC and, for women, the number of
hours spent in transportation and the zone of residence. Since this study was
carried out before the phaseout of leaded gas in Mexico, the last factor should
have been reduced by now. This study demostrated that, at least for men in
1986, one important risk factor was the use of LGC.
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Table 39. Blood lead levels in Mexico City residents, 1986.

Average ± SD
Sex (n) (µg/100 mL) BLL ≥ 25 µg/100 mL (%)

Women (158) 16.6 ± 7 10.7
Men (141) 22.6 ± 6 32.4
Total (299) 19.5 ± 7 21.0

Source: Lara-Flores et al. 1989.

In 1987, Rothenberg et al. (1990) explored the lead sources in 250 medium-
to low-income healthy pregnant women with 24 ± 9 yr of living in the MZMC.
Average BLL in the mothers at the moment of birth was 8.5 ± 6.2 µg/100 mL;
although exposure to atmospheric lead also contributed to these values, the most
important predictor of high BLL was the home use of low-temperature LGC.
At particular times during pregnancy, the difference in BLL between users and
nonusers of LGC reached 50%. The authors concluded that although the BLL
in women from the MZMC were decreasing, possibly as a result of the program
to phase out leaded gas, there was still an important female population with
high BLL that could be related to the use of LGC and could cause future health
problems for their children.

From May 1991 to October 1992, Jiménez et al. (1993) determined the envi-
ronmental exposure factors leading to high BLL in 113 children attending pedi-
atric consultation at one of the leading private hospitals in Mexico City. The
average BLL was 15.6 ± 7.0 µg/100 mL, with a range from 4 to 45; 76% of the
children had BLL > 10 µg/100 mL. The main predictor of the high BLL values
was the home use of LGC for cooking rice and the storage of food in LGC; the
respective BLL averages for these subgroups were 16.7 and 20.3 µg/100 mL,
respectively, as compared with 13.0 and 13.5 µg/100 mL for children not ex-
posed to these sources of lead. These results are particularly noteworthy because
the participating children came from medium- to high-income urban families.

In 1991, Vega-Franco et al. (1994) evaluated the BLL of 169 schoolage
children living in Tláhuac, a semirural area south of México City. The average
BLL was 24.3 ± 8.4 µg/100 mL, and 95.5% of the children had BLL >10 µg/
100 mL. This extremely high percentage of children with BLL >10 µg/100 mL
is noteworthy, particularly as the authors state that they carried out analytical
quality control measures. To evaluate the assumption that these high values
were associated with the home use of LGC, the authors selected 50 each of the
children with the highest and lowest BLL for a follow-up evaluation through a
questionnaire on the possible sources of lead exposure. The only risk factor
identified in the follow-up study was the frequency of use of LGC. The authors
concluded that chronic exposure to lead through the daily consumption of food
cooked in LGC, especially acidic foods such as fruit juices or sauces prepared
with vinegar, could be a major public health problem for this population.
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Another study was carried out in 80 children living in San Luis Potosı́, a city
where a major arsenic and copper smelter is located, to evaluate the impact of
several factors on the exposure to lead in an area close to the smelter (Batres et
al. 1995). The major risk factor was found to be the ingestion of food cooked
in LGC, with an average BLL of 16.5 ± 1.3 µg/100 mL, compared to 14.9 ± 1.2
µg/100 mL for children without this risk factor.

From February 1991 to March 1992, López-Carrillo et al. (1996) studied the
determinants of BLL in 9439 children 12–59 mon old from randomly chosen,
very low socioeconomic level families living in Chimalhuacán, a poor MZMC
suburban area with deficient public services and high levels of atmospheric
pollution, in particular from suspended particles (Table 40). Besides the analy-
ses, a questionnaire on the possible sources of lead exposure as well as general
data on their families was answered by the mothers. 67.5% of these children
had BLL ≥ 10 µg/100 mL; the authors mention that 122 children (1.9%) had
BLL ≥ 40 µg/100 mL and therefore were in need of medical treatment, although
this problem was not suspected before the study. The home use of LGC was the
major risk factor identified for children with BLL ≥ 20 µg/100 mL, as compared
to children whose mothers did not use LGC to cook or store food (average, 14.9
vs. 11.7 µg/100 mL, respectively).

In another study conducted before 1992, when leaded gas was still used,
Olaiz et al. (1996) analyzed blood samples from students attending 22 Mexico
City schools to identify the major risk factors for high BLL in these children.
Five zones of the city were selected for the study, with the following characteris-
tics: Xalostoc and Tlalnepantla are industrial areas in the north of the city;
Iztapalapa is a low socioeconomic level area, east of the city; downtown is
characterized by heavy traffic; and Pedregal is a high-income residential zone
located south of the city, far from any industrial areas and without particularly
heavy traffic. The risk factors considered were recent house painting, types of
food consumed including canned foods, use of LGC for cooking, and special
habits of the children such as mouth contact with pencils. The analysis were
carried in duplicate by anodic stripping voltametry with external controls; results

Table 40. Prevalence of lead poisoning in low socioeconomic level children
from the MZMC.

Boys (%) Girls (%)

Lead level (µg/100 mL) <2 yr >2 yr <2 yr >2 yr Total (%)

<10 16.2 38.8 14.1 30.8 32.5
10–14 10.3 42.5 11.5 35.7 23.6
15–19 8.1 40.8 11.2 39.9 22.8
≥20 19.8 31.0 16.3 33.0 21.1

Total (n) 1294 3634 1256 3255 9439

Source: López-Carrillo et al. 1996.
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> 25 µg/100 mL were confirmed by atomic absorption spectrometry (AAS) (Ta-
ble 41). The major risk factor was residence near an industrial area. After adjust-
ment for location, the risk factors associated most strongly with high BLL were
cooking in LGC, education level of the head of the family, and chewing or
sucking colored pencils (see also Section V.A). The high percentage of children
from the Pedregal residential zone with BLL > 15 µg/100 mL is noteworthy and
is not sufficiently justified by the authors, who attribute it to traffic but do not
try to explain why this percentage is as high as that for the children from Xalos-
toc, a zone generally considered to be one of the more polluted in the MZMC,
and higher than in the downtown area where vehicular traffic is heavier. The
risk level considered by these authors was 15 µg/100 mL, although their study
was published after the CDC (1991) had reduced to 10 µg/100 mL the level of
concern for lead in blood of children.

Azcona-Cruz et al. (2000) carried out one of the very few studies on the
relationship of exposure to LGC and BLL outside Mexico City. They deter-
mined BLL in 220 urban children, 8–10 yr old, and their mothers, living in
Oaxaca, capital of a poor southern state with a centuries-old tradition of use of
low-temperature LGC manufactured locally in small family shops. The lead
content of this pottery is very high (Table 33) (Section V.A). The geometric
mean of BLL for children was 10.5 µg/100 mL (range, 1.3–35.5 µg/100 mL)
and for their mothers 13.4 µg/100 mL (range, 2.8–45.3 µg/100 mL). Of the
participating children, 54.9% had BLL > 10 µg/100 mL. The most important
factor for high BLL was the home use of LCG.

Torres-Sánchez et al. (1999) explored if the traditional method of treating
new pottery (curing), which is carried out at home to strengthen the pottery and
involves treatment with several vinegar washes, reduced its lead content. Their
results showed that, even after 4 d of consecutive washings, the pottery was still
leaching high quantities of lead, in some cases up to 1,000 µg/L of the washing,
and concluded that this method does not protect the users of this pottery and
that the enforcement and oversight of regulations related to lead in pottery are
particularly lax.

All authors mentioned in this section agree on the public health importance
of regulating the leachable lead content in pottery intended for cooking or stor-

Table 41. Blood lead levels in childen from four zones of Mexico City.

Children Girls Average ± SD Boys Average ± SD Children with BLL
Zone (%) (n) (µg/100 mL) (n) (µg/100 mL) ≥15 µg/100 mL (%)

Xalostoc 24.3 200 16.1 ± 7 184 16.7 ± 7 53.1
Tlalnepantla 13.3 112 17 ± 5 99 16.3 ± 6 60.7
Iztapalapa 11.6 105 10 ± 5 79 16.3 ± 6 15.2
Downtown 45.5 364 15.6 ± 7 355 15.5 ± 6 48.6
Pedregal 5.2 — — 83 14 ± 7 54.2

Source: Olaiz et al. 1996.
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ing food because this could have a major positive impact on the BLL of women
of reproductive age and on the neuropsychological development of children.
They consider that the most effective control measure would be to legally pre-
vent the manufacture and sale of low-temperature LGC and to support the arti-
sans to substitute the present traditional technology by an adequate and econom-
ically feasible glazing method, as such a program would be cost-effective in
terms of the expected health benefits and the size of the protected population.
They also strongly recommend strict enforcement of existing regulations,
strengthening of epidemiological surveillance systems, and the design and de-
velopment of population-based interventions, including health education and
elimination of the major sources of lead in the household, as well as programs
for the early detection and medical treatment of affected children.

Although there have been some official efforts in this direction, according to
Turok (personal communication, 2002) several problems have hampered substi-
tution of the traditional technology, including the lower quality, visual appear-
ance, and durability of the resulting pottery, the difficulties in storing and trans-
porting the pieces, the irregular performance of the high-temperature ovens, and
the lack of sufficient technical support for the potters willing to change to the
new technology. Other important factors are the low availability and high price
of the boron-derived chemicals needed for the new technology. These problems
so far have not been adequately addressed and are among the major causes
hampering the general acceptance of less harmful pottery-glazing methods. An-
other important factor might be strong resistance from the population to change
this deeply ingrained cultural tradition. As a result, LGC remains a major source
of exposure to lead in Mexico; furthermore, although more than 6 yr have
elapsed since the results of the studies summarized above confirmed the urgent
need to effectively regulate the use of lead to glaze ceramics in Mexico and to
introduce the technological modifications essential to reduce the lead that can
be leached from this source, to date there are no changes in the situation, and
official control measures to reduce population exposure to lead from this source,
such as the approval of official standards and regulations (SSA 1994c,d), or the
development of new technologies for ceramic glazing (Echeverrı́a-Zuno 1995),
have been mostly theoretical.

VII. Lead in Food

Despite the importance of lead as a food contaminant in Mexico as has been
shown earlier (Albert and Badillo 1991), only 10 recent studies on its presence
in food could be found: canned and fresh fish and seafood, salted dry fish,
jalapeño chilies, tomato puree, baby foods, nonpasteurized fluid milk, corn and
corn tortillas, canned fruit juices and nectars, and food sold in the streets ready
to eat. Also, only one of these has been published and the other nine remain as
unpublished university theses. Two of the studies were carried out by the colori-
metric ditizone method, which hampers the comparison of their results with
those from the other studies. Finally, all but two of them were carried out in
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Mexico City, as if in the rest of the country lead in food was not a problem;
further, the disperse nature of these studies, their methodological deficiencies,
and the lack of follow-up do not allow obtaining a good picture of the situation.
The results of the more informative of the recent studies are summarized next.

Vargas Conde (1989) developed an analytical method to determine the lead
content in canned jalapeño chilies (Capsicum annum) by AAS and applied it to
determine lead in chilies and its brine in 223 samples of eight commercial
brands. The values for chilies ranged from 0.7463 to 1.7663 mg/kg while those
for the brine were from 2.0342–4.4350 mg/L. The brine of chilies with low lead
had also low lead levels. The author concluded that the route followed by lead
in these samples was from the soldering in the cans to the brine to the chilies.
In view of these results, and because of the importance of chilies in the Mexican
diet, the author recommended that the health authority establish standards for
lead content in this type of food, and also carry out an efficient oversight of
their implementation. Although an official standard on lead in cans was ap-
proved later (SSA, 1994e), this study has not been followed up.

Fabregat (1992) analyzed by AAS five commercial brands of tuna, one of
them imported, and several types of seafood, both canned and fresh. The author
does not specify whether his values are based on dry or wet weight, the scien-
tific names of the selected samples, or their origin. Lead concentrations for
shrimp and oysters were lower in fresh products (0.20 and 0.35 mg/kg, respec-
tively) than in those canned (1.16 and 1.75 mg/kg, respectively), while for squid
they were higher in fresh products (0.49 mg/kg) than in canned products (0.27
mg/kg). Lead levels in canned samples of shrimp and oyster were higher than
the maximum allowable lead level of 1 mg/kg established by the official stan-
dards 031-SSA1-1993, 032-SSA1-1993, and 129-SSA-1995 for seafood, fish,
and fish products (SSA 1995a,b, 1997).

González-Jiménez and Martı́nez-Durán (1992) determined Pb, As, Cd, and
Hg in 15 samples each of Mexican fish and seafood, fresh and canned. The fish
selected were catfish and a local type of tilapia, both freshwater fish and, at
least the first, benthonic. The region of origin of the samples was not specified.
The canned fish were tuna and sardines, both in olive oil, and each from two
different commercial brands not identified. Clams and oysters were also studied.
For fish, only the edible part was analyzed (Table 42). All the samples of fresh
bivalves had important quantities of lead, with the highest average lead levels
found in this study; these values were considerably higher than those found by
Fabregat (1992), and also higher than those found for bivalves from the coasts
of the Mexican Pacific and the Gulf of Mexico, except for those from Mandinga
Lagoon in Veracruz State. Some samples of catfish and tilapia had detectable
lead concentrations, with the highest number of positive samples corresponding
to tilapia. The seafood samples, as well as some of the samples of canned tuna
and sardines, contained lead in quantities far above the 1 mg/kg limit for lead
in fresh bivalves and fish established by the Mexican official standards NOM-
031-SSA1-1993 and NOM-129-SSA1-1995 (SSA 1995a, 1997) and should not
have been made commercially available. Despite the small sample size and lack



76 J. Flores and L.A. Albert

Table 42. Lead in canned and fresh fish and seafood.

Average lead
Sample Numbera Positive samples (µg/g dry wt)

Catfish 15 5 6.57
Tilapia 15 11 5.26
Clams 15 15 8.78
Oysters 15 15 9.30
Canned tuna, brand A 15 4 6.12
Canned tuna, brand B 15 None ND
Canned sardine, brand A 15 6 6.61
Canned sardine, brand C 15 None ND

ND: nondetectable by the method used.
aFor fresh fish, number of specimens; for canned fish, number of cans.
Source: González-Jiménez and Martı́nez-Durán 1992.

of adequate analytical controls of this study, it shows severe deficiencies in the
sanitary control of these types of foods and the lack of adequate oversight of
present related regulations.

In the only recent published study on lead in food, Filardo et al. (1993)
reported the results of their determination of lead and cadmium in nonindustrial-
ized milk, known locally as “leche bronca,” from two areas in Hidalgo State
close to irrigation district 003 and to the Endhó Dam, the most important in the
district. Wastewaters from Mexico City, in particular from its northern part
where industrial activities are predominant, are collected in this area and used
for irrigation in the district, including feed crops (see also Section III.B). Leche
bronca from an area far from this district was used as a control (Table 43).
Because lead was also found in milk samples from the control zone, the authors
investigated the origin of feed used in this region and found that it came from
zones irrigated with wastewaters. Although the lead values found in this study
would lead to a weekly intake below the provisional tolerable weekly intake of
25 µg lead (from all sources)/kg body weight established by FAO/WHO (1993),
people living in this area also consume other types of locally grown food that
may contain lead and increase their risk.

Table 43. Lead concentrations in nonpasteurized milk from
Hidalgo State.

Origin of the samples Average lead ± SD (ppm)

Tula de Allende 0.502 ± 0.583
Tezontepec de Aldama 0.400 ± 0.368
Ajacuba (control) 0.371 ± 0.304

Source: Filardo et al. 1993.
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Hernández-Flores (1994) determined lead in seven commercial brands of
canned fruit juices and nectars to explore the effect of soldering of the can in
lead found in the contents. Electrosoldering was found in 53% of the cans and
lead electrosoldering in 42%, while the type of soldering was not identified for
5% of the samples. In the cans with lead soldering, 54% were found to have
lead above 0.3 µg/mL. Although no lead was found in the electrosoldering, 20%
of the samples from cans with this soldering had lead above the 0.3 µg/mL
value. The deficiencies of this report do not allow other conclusions; however,
according to the official standard NOM-002-SSA1-1993, since 1994 food
should not be sold in lead-soldered cans (SSA 1994e).

Guı́zar Ensástiga (1998) determined Pb and Sn in 30 samples each of three
commercial brands of tomato purée; all samples had detectable lead concentra-
tions. The results showed that quality control of two brands must have been
very deficient, as a high percentage of these samples had lead above 1 ppm. On
the other brand, 2 of the 30 samples also had lead above this value. These
results are of concern because this study was carried out several years after
the official standard prohibiting the sale of food in lead-soldered cans became
effective.

In summary, despite the small number, the differences, and the deficiencies
in methodology of these studies, the available data on the presence of lead in
different types of food in Mexico show that it could be a major public health
problem in some areas and for some populations of the country, in particular,
those with important consumption of fish and seafood or commercial baby food.
Particular mention should be made of the people living in the Mezquital Valley,
where wastewaters from Mexico City are used for irrigation, because the avail-
able data indicate there is a high probability of severe pollution by lead in this
area.

VIII. Lead in Humans
A. Lead in Blood of Adults

Few studies on lead in blood of adults in Mexico have been published; those
available are mostly part of other studies devoted to determine the risk factors
related to elevated BLL or the relationship of lead in blood to lead in bones or
in plasma. Except one study from Monterrey, the most important industrial city
of the country, where many plants manufacturing or using lead pigments and
oxides are located, all were carried out with samples provided by people living
in Mexico City or the MZMC; this shows the scant importance given to this
subject in other parts of the country. Furthermore, not a single study is available
on adult subjects from Torreón, where the only primary smelter in the country
is located, from regions in Chihuahua and Zacatecas States where lead mining
is the predominant activity, from industrial cities such as Coatzacoalcos, Ver.,
where lead is used in many processes, or from border cities as Tijuana and
Mexicali, where several incidents related to lead-containing hazardous wastes
have been documented. Most of the published reports lack important data such
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as the date of sampling and, in some cases, even the standard deviation of
average values.

Unless otherwise specified, these studies have been carried out by AAS with
graphite furnace and background correction; in some cases, external controls
were provided by U.S. institutions. The results of the recent published studies
on lead in blood of adults are summarized in Table 44. Of the four countries
participating in the follow-up of the WHO monitoring study (Bruaux and Svar-
tengren 1985) carried out in 1982, nonsmoking Mexican male adults had the
highest values of BLL, with an average of 19.5 ± 4.8 µg/100 mL; in comparison
(see Table 44), apparently there has been an important reduction in BLL in
adults. However, the available studies have been carried out mainly in Mexico
City and there are almost no data from other cities. Besides their limited number
and small sample size, these studies were far apart in time and had a small
sample size; these limitations do not allow a good picture of the situation of
adults in Mexico. Even the more informative studies, such as that by Lacasaña
et al. (1996b), do not show important differences in the risk factors evaluated.
The only study on this subject carried out after 1996 was intended to determine
the relationship between BLL and lead plasma levels.

Influence of their socioeconomic status on the BLL in 513 pregnant women
living in Mexico City was evaluated by Farı́as et al. (1996); 311 of the women
were of low and 202 of high socioeconomic status. The difference of the geo-
metric means of their BLL was statistically significant (p < 0.001). For the
women of low socioeconomic status, the major risk factor was the use of LGC
at home, and for those of high status, it was the season of the year. The authors
suggest that avoiding the use of LGC and consuming diets rich in calcium would
reduce the BLL of pregnant women, particularly those of low socioeconomic
status, thereby protecting their children.

Besides the studies on the general adult population, other studies have been
centered on the relationship between the BLL of the mother (MBLL) and the
BLL in the umbilical cord (UCLL) or, in some cases, in the newborn (Table
45).

The study by Reyes Maldonado et al. (1988) was carried out with mothers
from Ciudad Nezahualcóyotl, an important low socioeconomic level suburban
area in the MZMC. These authors considered that MBLL up to 39 µg/100 mL
were normal. The high values they reported have not been replicated in other
studies, although none have been carried out in a similarly low socioeconomic
area.

As part of their lead study in the valley of Mexico, Rothenberg et al. (1994)
serially determined BLL of 105 pregnant women from week 12 to week 36 of
pregnancy and again after parturition. Regression analysis showed an increase
of BLL from the 20th week (6.8 µg/100 mL) to parturition (8.3 µg/100 mL)
and the contribution of dietary calcium, reproductive history, lifetime residence
in Mexico City, and the use of LGC to these values.

From 1991 to 1993, Hernández-Ávila et al. (1997) evaluated the use of LGC
as a risk factor of lead exposure in 1,849 pregnant women who gave birth in
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Table 45. Maternal blood and umbilical cord blood levels.

Date of MBLL UCLL Parallel
sampling Place Number (µg/100 mL) (µg/100 mL) studies Reference

1986 MZMC 91 32.1 30.5 FEPa, δ ALAb Reyes Maldonado
et al. 1988

1987–1992 MZMC 100 17.3 15.8 Serial analyses Rothenberg et al.
of BLL of 1994
children

1992–1994 Mexico 2520 — 11.53 Risk factors Jiménez-Corona
City et al. 1996

aFEP: Free erythrocyte porphyrin.
bδ ALA: δ amino levulinic acid.

nine major public hospitals in Mexico City, as well as the protective function
of calcium ingestion estimated through the milk consumption declared by the
participants (Table 46). A statistically significant difference was also found be-
tween levels for women attending the Instituto Mexicano del Seguro Social
(IMSS) hospitals (mean, 10.09 µg/100 mL) and those attending the Instituto de
Seguridad y Servicios Sociales de los Trabajadores del Estado (ISSSTE) hospi-
tals (mean, 12.86 µg/100 mL).

Finally, during 1992–1994, Jiménez-Corona et al. (1996) studied BLL of the

Table 46. Mother blood and umbilical cord lead levels (µg/100 mL).

Date of Total MBLL UCLL
study Place samples Risk factor Number (x̄ ± SD) (x̄ ± SD)

1991–1993 Mexico 1849
City 1849 10.63 ± 1.74 10.17 ± 1.75

Uses LGC 619 11.61 ± 1.77 11.19 ± 1.79
Does not

use LGC 1206 10.16 ± 1.72 9.69 ± 1.72
<7 glasses

milk/day 987 11.10 ± 1.73 10.56 ± 1.75
7 glasses

milk/day 718 10.38 ± 1.74 9.92 ± 1.76
>7 glasses

milk/day 138 8.78 ± 1.74 8.90 ± 1.72
IMSS

hospital 1177 10.09 ± 1.72 9.53 ± 1.73
ISSSTE

hospital 235 12.86 ± 1.71 12.00 ± 1.62

Source: Hernández-Ávila et al. 1997.
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umbilical cord of 2520 healthy mothers who gave birth in nine Mexico City
public and social security hospitals. The average UCLL was 11.53 µg/100 mL,
with 51% of the samples >10 µg/100 mL; a difference in UCLL was found
according to the year of sampling, with the lower average values corresponding
to 1992 (10.96 µg/100 mL) and the higher to 1994 (12.45 µg/100 mL); in this
year, 56.7% of the samples had UCLL >10 µg/100 mL. In 1994, the average
UCLL were higher (13.13 µg/100 mL) in the umbilical cord of children from
mothers attending the ISSSTE hospitals than in those attending the IMSS hospi-
tals (11.25 µg/100 mL), which agrees with the results from Hernández-Ávila et
al. (1997) (see Table 46). Besides the differences in UCLL between the years
and hospitals, the major risk factor identified in this study was the home use of
LGC for cooking and serving food. The BLL of the mothers were not presented.

B. Lead in Blood of Children

Data on lead in blood of children come mainly from studies carried out in
Mexico City and its Metropolitan Zone (MZMC), or in Torreón, Coah., where
the only primary lead smelter in Mexico is located. Data from Mexico City,
Ciudad Juárez, San Luis Potosı́, and Monterrey are summarized here. Most of
the data from Torreón are presented in Section IX, devoted to environmental
problems associated with this plant. Some of the data for children from Mexico
City and the MCMZ are summarized in Table 47.

The study by Meza-Camacho and Garcı́a-Aranda (1991) was on children
attending a major public pediatric hospital in Mexico City and intended to deter-
mine whether there were stational variations in the BLL and differences between
children living in the city and those from the conurbated area. BLL <15 µg/100
mL were found for 32.7% of the participating children; 40.3% had BLL of
15–25 µg/100 mL and 26.4% BLL >25 µg/100 mL. It is estimated that only
12% of the children had BLL <10 µg/100 mL. No statistically significant differ-
ence was found between children living in Mexico City and those from its
Metropolitan Zone. The highest BLL corresponded to March, August, Septem-

Table 47. Lead in blood of children in Mexico City.

Date of x̄ ± SD
sampling Site Number (µg/100 mL) Reference

March 1988–Feb. 1989 MZMC 568 20.30 ± 10.02 Meza-Camacho and
Garcı́a-Aranda 1991

NS East Mexico
City 89 12.81 ± 4.34 Romieau et al. 1992a

Residential
street 41 10.33 ± 4.34

Main road 15 15.49 ± 3.92

aResults reported in µmol/L were converted to µg/100 mL for comparison purposes.
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ber, and October; however, no clear correlation with the season could be estab-
lished.

Muñoz et al. (1993) examined the association of BLL with the neuropsycho-
logical and behavioral development of 139 children 7–9 yr of age who attended
two elementary schools located close to a highway with intense traffic in south-
west Mexico City. The mean BLL was 19.4 ± 7.6 µg /100 mL. Their major risk
factor for lead exposure was the intensity of vehicular traffic near their homes.
Interestingly, high BLL were also associated with high family income (geomet-
ric mean, 20.6 µg/100 mL). There was a difference of 13 points of full-scale IQ
between children with BLL < 15 µg/100 mL and those with BLL >15 µg/100
mL. A similar negative association was observed for educational attainment and
classroom behavior.

In Mexico City, Romieu et al. (1992) determined the influence of vehicular
traffic on the BLL of 90 children 1–10 yr of age attending a pediatric clinic in a
major private hospital; although the dates of sampling are not specified, from the
results it can be inferred that this study took place before the phaseout of lead in
gas in Mexico, that is, before 1991. BLL were >15 µg/100 mL for 31% of the
children. The major determinant for elevated BLL was the place of residence,
which was used as a proxy variable for potential exposure to automobile emissions.

In a related study, from October 1992 to June 1993, during the early stages
of the phaseout of lead in gas, the same group (Romieu et al. 1995) evaluated
urban exposure to lead and BLL in children living in Mexico City. Besides the
different sources of lead and their respective levels, which have been summa-
rized earlier (Section V), they analyzed BLL of 100 women and their children
<5 years of age from Tlalpan, a residential zone south of the city and Xalostoc,
an industrial area in the north of the MZMC. BLL in children participating in
this study are summarized in Table 48. A significant trend to an increase in
BLL in children with age (p < 0.04) was found in both zones, with 57.1% of
the children from Xalostoc 50 mon of age and older having BLL >10 µg/100
mL and 46.4% of the children from Tlalpan with similar levels. A positive
correlation was also found between high BLL of children and home use of LGC

Table 48. Blood lead levels in children from two zones of the MZMC.

Xalostoc Tlalpan

>10 µg/ >10 µg/
Age (mon) n x̄ ± SD 100 mL (%) n x̄ ± SD 100 mL (%)

<18 27 7.89 ± 4.53 25.9 25 6.82 ± 5.13 20
18–35 30 10.93 ± 6.77 46.7 25 9.17 ± 4.67 28
35–49 22 11.86 ± 4.19 54.5 22 10.27 ± 7.13 31.8
>50 21 11.59 ± 5.04 57.1 28 11.26 ± 6.33 46.4

Total 100 10.45 ± 5.50 45.0 100 9.40 ± 6.02 32.0

Source: Romieu et al. 1995.
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to prepare meals and with the intensity of vehicular traffic close to their homes.
Although the characteristics of the selected zones are very different, no statistically
significant difference was found between the respective average BLL of children,
although the percentage of children with BLL >10 µg/100 mL was higher in
Xalostoc, a zone generally regarded as very polluted. The results for the mothers
were reported by Lacasaña et al. (1996b) and are presented in Section VIII.A.

From May 1991 to October 1992, Jiménez et al. (1993) studied the risk factors
for lead exposure in 113 children of medium to high socioeconomic level attending
a major private hospital in Mexico City. The risk factors evaluated were use of
LGC, time spent in transportation, time playing in the open, and time playing with
plasticine or soil. BLL >10 µg /100 mL were found for 76% of the children. The
major risk factors identified were use of LGC for storing food or beverages, with,
respectively, 20.3 ± 8.3 and 26.0 ± 12.8 µg/100 mL versus 13.5 ± 5.4 µg/100 mL
and 14.9 ± 6.2 µg/100 mL, for those children without this risk factor, and playing
with plasticine with an average BLL of 23.5 ± 11.7 µg/100 mL against 15.3 ± 6.7
µg/100 mL for those not playing with it.

As a follow-up, from March 1993 to September 1994 the same group (Jimé-
nez-Gutiérrez et al. 1999) carried out a cross-sectional study with a random
sample of 340 children attending public and private primary level schools in the
north and northeast of the city and its suburban zone. The use of LGC for
cooking was a major predictor of high BLL for these children; attending a public
school was also associated with high BLL, as children attending public schools
had an average BLL of 12.6 µg/100 mL (range, 1.4–31.8 µg/100 mL), while
those attending private schools had an average BLL of 9.8 µg/100 mL (range,
3.0–42 µg/100 mL). BLL >10 µg/100 mL were found in 47.9% of the children;
of these, 35.4% attended private schools and 64.4% public schools.

The results of Rothenberg et al. (1994) on the relationship of some risk fac-
tors and the BLL of children from the valley of Mexico showed that, at 24
months, almost 70% of the 160 participating children had BLL >10 µg/100 mL,
the level of concern for lead in children established by the CDC (1991). BLL
increased with prolonged lactation period, although exclusive ingestion of moth-
er’s milk was significantly associated with lower BLL. The authors suggest that
in women with marginal nutrition, a prolonged lactation could mobilize lead stored
in bones, which would then be transferred to the child via the milk. An association
between low socioeconomic level and high BLL was also found. Presentation of
data from this study hampers their comparison with those from other studies.

In a follow-up study, Rothenberg et al. (1998) evaluated the trend in BLL in
a cohort of 104 children from Mexico City born between 1987 and 1993; BLLs
were measured every 6 mon. A clear downward trend in BLL was evident dur-
ing the study period, with a maximum decrease of 7.6 µg/100 mL between 1989
and 1993 (p < 0.001), which the authors considered reflected the changes in lead
use, such as introduction of unleaded gas and elimination of lead-soldered cans
(see Section II), and the increase in lead regulations. A significant association
between high BLL and family use of LGC was found.

As a continuation, from 1990 to 1995 Rothenberg et al. (2000) determined,
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every 6 mon, the BLL of 91 children of the original group. A significant down-
ward trend in BLL, from a median of 14.2 µg/100 mL in 1990 to a median of
6.3 µg/100 mL in 1995, was observed by year (p < 0.001). It was found that
family use of LGC was significantly related to elevated BLL (p < 0.001). The
authors stress that only lead source that was not reduced or controlled in Mexico
during these years was the production and use of LGC. However, no studies on
lead sources of populations living in industrial cities have been carried out;
therefore, although it is possible that ceramics are a major risk factor for the
Mexican population, in particular children, there are no data to eliminate other
lead sources.

During 1994, Dı́az-Barriga et al. (1997) determined lead in blood of 44 chil-
dren living in Ciudad Juárez, Chih., close to the border with the U.S. During
almost 100 yr, this area received the emissions of a lead smelter located across
the border, in El Paso, Texas. In 1974, Ordoñez et al. (1976) had shown extreme
exposure of children in Ciudad Juárez to these emissions, as 53% of the partici-
pating children living less than 1 mile from the smelter had BLL ≥40 µg/100
mL. Because this smelter closed in 1985, it was to be expected that lead and
other metal levels in children and in the surrounding environment should have
been reduced accordingly; this study was designed to confirm this hypothesis.
Besides lead, As and Cd were determined in blood, soil, and household dust at
three different areas close to the former smelter (see also Section III.B).

At sites close to the former smelter, BLL of children were higher than for
distant sites (average, 9.9 µg/100 mL), with a higher percentage of children with
BLL >10 µg/100 mL, the level of concern established by the CDC (1991). In
this area, Ordoñez et al. (1976) had reported an average BLL of 38.66 µg/100
mL. Although the BLL had dropped approximately fourfold since the earlier
study, a significant number of children with high BLL was still found; the au-
thors consider that this indicates a moderate continued exposure to lead that
might be attributed to lead present in soil, demonstrating the long-term impact
of smelting operations and the need to carry out remedial actions in this area
(Table 49). This study demonstrates the persistent impact of past metallurgical
operations and is relevant to the situation at Peñoles (Section IX).

In one of the few studies from other cities, Calderón et al. (2001) determined
BLL in 41 children living in Morales, a residential neighborhood in San Luis

Table 49. Blood lead levels in children from Ciudad Juárez, Chih.

Sector (m from Average ± SD Range
former smelter) n (µg/100 mL) (µg/100 mL) >10 µg/100 mL (%)

I. 600 m 7 9.9 ± 3.1 6–16 43
II. 600–1200 m 19 7.9 ± 3.1 4–16 21

III. 1200–1800 m 18 7.8 ± 3.2 5–19 11

Source: Dı́az-Barriga et al. 1997.
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Potosı́, close to an important arsenic and copper smelter, and 39 from Martı́nez,
a neighborhood selected as reference, located 7 km away, upwind from the
smelter, to evaluate their exposure to lead and arsenic and their neuropsycholog-
ical development. BLL obtained from the two groups (8.98 ± 0.03 µg/100 mL
for the Morales children and 9.73 ± 0.03 µg/100 mL for the Martı́nez children)
were similar.

Garza-Silva et al. (1992) determined the BLL of 100 children 6–14 yr of age
living in the western area of the Metropolitan Zone of Monterrey, NL, the most
important industrial city in Mexico. The average BLL was 11.46 µg/100 mL;
no further data were provided.

In a follow-up study, Torres-Alanı́s et al. (2002) determined the BLL and δ
amino levulinic acid dehydratase (δ ALAD) in 370 children from 7 d to 14 yr
of age living in Monterrey. The average BLL was 5.9 ± 3.78 µg/100 mL; BLL
>19 µg/100 mL was found in 4.86% of the children. The authors did not report
the number of children with BLL >10 µg /100 mL or provide further data.

There are no other formal reports of studies on BLL in children in México.
No studies are available for industrial cities such as Coatzacoalcos or the border
cities where assembling plants have increased in the last years and where there
is no available information regarding lead sources and exposure to lead of the
general population, in particular, children.

C. Lead in Human Milk

It is known that body stores of lead are mobilized during pregnancy and lacta-
tion (Thompson et al. 1985; Silbergeld 1991) and, until about 6 mon of age, the
infant’s exposure is typically dominated by dietary sources, particularly moth-
er’s milk (Rabinowitz et al. 1985). Because earlier studies on lead in blood of
Mexicans (Vahter 1982; Bruaux and Svartengren 1985) had shown elevated
BLL and little reduction over time from 1980 to 1983, Namihira et al. (1993)
postulated that women living in Mexico City might have a significant body
burden of lead from earlier exposures, reaching back as far as their own child-
hood. In 1986, they carried out a study on lead in human milk and its relation
to lead in blood with samples provided by 35 nursing women living in Mexico
City. The participants had been living for at least 1 yr within 200 m of secondary
lead smelters in three different areas of the city.

The mean BLL was 45.88 µg/100 mL (15.37–99.36 µg/100 mL), consider-
ably higher than the average of 10.6 µg/100 mL for the semirural group studied
by Hernández-Ávila et al. (1991) (Section V.B). Almost 85% of the studied
population had BLL ≥25 µg/100 mL, the BLL recommended by WHO (1985)
for women, while for 63% the BLL were >30 µg/100 mL, the limit recom-
mended by WHO (1980) for occupationally exposed women of reproductive
age. Milk lead levels were below detection for 54% of the samples, up to a BLL
of 35 µg/100 mL, but after this level both levels increased proportionally; the
average lead concentration in the positive milk samples was 6.18 µg/100 mL
(0.92–35 µg/100 mL). BLL were highly correlated with milk levels (p <
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0.0001). Milk lead levels were higher than those reported earlier, except for
those from studies carried out in Third World countries such as those by Chatra-
non et al. (1978) and Ong et al. (1985), who found averages of 8.50 µg/100 mL
and 4.78 µg/100 mL, respectively, in Bangkok and Kuala Lumpur.

The authors calculated that the daily lead dietary intake for these children
could be between 1.47 and 53.45 µg/kg/d; therefore, a child weighing 5.5 kg
could ingest up to 294 µg lead/d. This is an extremely high value in comparison
to the provisional tolerable weekly intake of 25 µg/kg body wt established by
FAO/WHO (1993) for lead from all sources intended to protect adults, children,
and infants. Therefore, the milk lead values found in this study pose a significant
threat for nursing infants of exposed women. Despite the potential importance
of these results, there has not been a follow-up study on this subject in the
country and no corrective measures have been taken in regard to the location of
secondary smelters in urban areas. There are no data on this subject from other
Mexican cities, including Torreón, where the only primary lead smelter in the
country is located (Section IX).

D. Lead in Hair

Only three studies, one formal publication (Salinas-Madrigal and Rosiles-Martı́-
nez 1995) and two unpublished university theses, were found for 1990–2000.
The quality of data from the theses is very low, which hampers their usefulness
and validity.

Salinas-Madrigal and Rosiles-Martı́nez (1995) compared lead levels in hair
from 25 workers of auto repair shops within Mexico City and 25 of their dogs
that lived in the same shops. The authors postulated that as the mechanics and
their dogs shared the same living quarters, they might be exposed to the same
sources and quantities of lead; therefore, the dogs could be used as biosentinels
for lead exposure of the mechanics. Although apparently anomalous, the situa-
tion of these workers and their dogs is quite common in Mexico, where many
people live in small rooms located within their shops, where they also keep their
domestic animals.

Lead levels in the hair of the mechanics rose with time of working in this
activity, being highest after 8 years of work, (average of 8.0 µg/g); lead levels
also rose with age, with higher levels (up to 13.5 µg/g, with an average of 8.8
µg Pb/g) in mechanics older than 35 years. Lead levels in hair of the dogs were
higher than those for their owners; the same trend to an increase in hair lead
levels with time of residence in the shop was also evident for the dogs, reaching
32.6 µg/g in dogs that had been living in the shops for more than 2 years;
however, in this case, the youngest dogs, from 2 to 8 mon old, also had high
levels of lead in hair, up to 13.2 µg/g. According to the authors, this could
indicate the transfer of the body burden of lead from their dams. No correlation
was found between levels in hair of the mechanics and that of their dogs. The
authors mention that, in a former study in 1984 by Alcázar et al. (1988) (Section
IV.B), an average of 31.85 µg/g lead in hair of dogs from Mexico City was
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found. As the average level in the present study was 17.83 µg/g, the authors consid-
ered that there might be a trend to reduction of levels in hair of dogs in Mexico
City and that this trend could be associated with the phaseout of lead in gas.

E. Lead in Bones

There are four available studies on this subject in Mexico; those of Hernández-
Ávila et al. (1996) and González-Cossı́o et al. (1997) are devoted to lead in
maternal bones, whereas Farı́as et al. (1998) studied bone lead levels in teenag-
ers and Hernández-Ávila et al. (1998) explored the relationship of bone and
blood lead levels with lead levels in plasma in adult residents of Mexico City.
The first two studies were based on the fact that bones act as a metabolically
active sink, from which lead moves in and out at a rate determined by factors
affecting bone remodeling. As a consequence, mobilization of lead during preg-
nancy may pose a significant risk of fetal exposure, with adverse health conse-
quences for the product, long after maternal exposure to lead has declined or
ceased (Silbergeld 1991).

Hernández-Ávila et al. (1996) studied the dietary and environmental determi-
nants of blood and bone lead levels in 98 lactating postpartum women living in
Mexico City and attending two major public hospitals. Lead was measured by
K X-ray fluorescence (KXRF) in the patella, representing trabecular bone, and
in the tibia, representing cortical bone. Blood lead was determined at delivery
and at 1 mon postpartum. The dietary calcium intake was assessed on the de-
clared frequency of consumption of 128 food items in the past 12 months, with
emphasis on milk, cheese, and corn tortillas, the most important sources of
calcium for the Mexican population. Urine and breast milk samples were also
collected from the participants, but the respective results were not reported.

Risk factors considered in this study were use of LGC, exposure to lead
paint, and previous employment in occupations with lead exposure. As in the
studies summarized in Section VI, the first of these factors was the most impor-
tant predictor of high BLL, while as expected milk consumption was inversely
related with these levels. Higher BLL were also related to higher lead levels in
patellar bone. The significant predictors of bone lead included years of living in
Mexico City, lower consumption of foods high in calcium, and age. These re-
sults suggest that patellar bone is a significant contributor to the blood lead of
the mother during lactation and that consumption of foods high in calcium may
protect against the accumulation of lead in bone. The most important data from
this study are summarized in Table 50.

Median bone lead levels found in this study, 12.0 µg/g for tibia and 16 µg/g
for patella, were three times higher than the postpartum median bone levels (4.0
µg/g for tibia and 5.0 µg/g for patella) reported for women who gave birth in a
Boston Hospital (Hu et al. 1996).

González-Cossı́o et al. (1997) determined maternal bone lead burden to ex-
amine its relationship with umbilical cord BLL and birth weight in 272 mother–
infant pairs. Lead was analyzed in umbilical cord and maternal blood samples
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Table 50. Determinants of bone lead in lactating women living in Mexico City.

Pb in blood,
x̄ ± SD Patella Pb Tibia Pb

Characteristic Number (µg/100 mL) (µg/g bone mineral) (µg/g bone mineral)

All participants 98 9.6 ± 4.5 16.7 ± 13.3 12.5 ± 11.6
Exposure to lead-glazed ceramics

None 48 8.2 ± 3.4 15.4 ± 13.8 12.5 ± 9.5
Low 24 9.6 ± 5.0 18.3 ± 12.9 14.2 ± 13.9
Medium 13 11.7 ± 4.4* 16.6 ± 11.4 9.9 ± 14.8
High 10 13.8 ± 4.7** 18.7 ± 17.9 12.1 ± 11.1

Milk consumption
Monthly 9 13.4 ± 4.2 18.2 ± 16.0 17.2 ± 15.1
Weekly 14 9.0 ± 4.5* 16.3 ± 17.1 9.1 ± 14.9
Daily 25 8.7 ± 4.3** 17.4 ± 12.3 14.6 ± 10.6
Twice or more per day 44 9.5 ± 4.5* 15.6 ± 12.3 11.3 ± 10.3

Years living in Mexico City
1–5 8 8.5 ± 4.2 9.2 ± 13.9 9.8 ± 9.7
6–19 25 10.5 ± 4.4 13.6 ± 19.8 7.4 ± 10.1
20–40 58 9.5 ± 4.6 18.8 ± 13.5* 14.6 ± 11.8

*p < 0.05; **p < 0.01.
Source: Hernández-Ávila et al. 1996.

at delivery and 1 mon postpartum, whereas the maternal bone lead burden was
determined by KXRF at 1 mon postpartum. Mean BLL was 8.9 ± 4.1 µg/100
mL; umbilical cord BLL, 7.1 ± 3.8 µg/100 mL; maternal tibia lead, 9.8 ± 8.9
µg/g bone mineral; and maternal patella lead, 14.2 ± 13.2 µg/g bone mineral.
Lead was below the detection level of the method in 10% of the tibia samples
and in 13% of the patella samples. Mean birth weight was 3168 ± 404 g, and
11 infants (4%) had low birth weight, although their gestational age was at least
37 wk. Tibia lead was the only lead biomarker clearly related to birth weight,
although the decline in birth weight associated with increments in tibia lead was
nonlinear. Neonates in the upper quartile of tibia lead were on average 88 g
lighter (3103 ± 406 g) than those in the lower quartile (3191 ± 363 g), indicating
an inverse relationship of the birth weight of the product to the bone lead burden
of the mother.

In 1995–1996, Farı́as et al. (1998) examined the relationship between blood
and tibia lead levels to some lead determinants in 100 adolescents 11–21 yr of
age (62 females and 38 males) living in Mexico City and the MZMC. Of them,
47 were of medium–high socioeconomic status and 53 of medium socioeco-
nomic status. Bone lead was measured by KXRF. This study was based on the
assumption that rapid physical growth in adolescence may induce the release of
lead stored in bone, thereby increasing the BLL, affecting school performance,
and causing other adverse lead effects; in particular, the authors were concerned
about the possible link of BLL to an increase in antisocial, delinquent behavior
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in teenagers as suggested by Needleman et al. (1996). Average BLL was 7.4
µg/100 mL (range, 1.8–19.2 µg/100 mL); average bone lead was 4.8 µg Pb/g
bone mineral (range, <1–44.82 µg Pb/g bone mineral). The most important pre-
dictors of bone lead included higher traffic density near the home, mother’s
smoking history, and time spent outdoors. Predictors of blood lead included
bone lead levels, male sex, use of LGC, and living in Mexico City. The authors
concluded that in addition to current sources of environmental lead exposure in
Mexico City, bone lead accumulated over time contributes to circulating lead
and may account for some adverse health effects. The use of LGC was associ-
ated with BLL but not with bone lead levels; the authors postulated that this
could be due to the uncertainty associated to obtaining data on the past use of
LGC through a questionnaire. The values for lead in tibia were lower than those
obtained by Hernández-Ávila et al. (1996) in their study of lactating postpartum
women summarized above. The average bone lead level was similar to that
found in the Boston (U.S.) area for a group of 169 students (4 µg Pb/g) (Hoppin
et al. 1994); however, 26% of the subjects in the present study had bone lead
levels >10 µg Pb/g, which was not observed in the Boston area subjects.

Hernández-Ávila et al. (1998) explored the influence of bone and BLL on
plasma lead levels in 26 environmentally exposed healthy adult residents of
Mexico City who had not been occupationally exposed to lead. The blood and
plasma analyses were carried out at the University of California, Santa Cruz.
Mean lead concentrations were 0.54 ± 0.68 µg/L in plasma, 119 ± 108.89 µg/L
in blood, 23.7 ± 21.69 µg Pb/g in patella bone mineral, and 11.71 ± 10.61 µg
Pb/g in tibia bone mineral. The authors state that their data strongly support the
hypothesis that mobilization of bone lead might be a significant determinant of
lead exposure and suggest that, although whole blood lead levels are highly corre-
lated to plasma lead levels, bone lead levels, particularly in trabecular bone (pa-
tella), exert an additional independent influence on plasma levels. They consider
that plasma lead is a more kinetically responsive and toxicologically relevant
marker of lead than whole blood, as Silbergeld et al. (1993) have also suggested.

F. Lead in Lungs

Several metals, including lead, were determined in samples of lung tissue from
autopsies performed on residents of Mexico City deceased during the 1950s and
1980s (Fortoul et al. 1996). All samples were from medium to medium–high
socieconomic status subjects who had been permanent residents of Mexico City;
data were obtained from their clinical records. Samples from the 1980s had
considerably higher lead levels; differences by gender and age of the subject
were statistically significant. The authors considered the difference between the
years as a result of the increase of vehicles in the city and the use of lead in
gasoline; they consider that the increase of industries located within the city
could also contribute to the higher levels of the 1980s. In regard to the higher
values in samples from women (95% of them housewives), they refer to a study
in Japan (Sumino et al. 1975), where the same pattern was found and was
attributed to hormonal differences (Table 51).



90 J. Flores and L.A. Albert

Table 51. Mean concentrations of lead in lungs from autopsies, 1950s and
1980s (µg/g dry wt).

Males Females

1950s 1980s 1950s 1980s

n Lead n lead n Lead n Lead

45 10.6 ± 2.1 42 122.9 ± 13 24 13.3 ± 3.5 42 145.2 ± 31.4

Source: Fortoul et al. 1996.

IX. Met Mex Peñoles

Besides activities related to the metallurgy of other metals, this company is at
present the only primary lead smelter and refinery in Mexico, the largest lead
processing plant in Latin America and the fourth in the world. It was established
in 1901 in Torreón, a medium-sized city located in the north central part of the
country, in the region known as Comarca Lagunera (Valdés and Cabrera 1999).
It is now the most important employer in this zone, which includes several
municipalities in Durango and Coahuila states. It receives mineral from at least
130 mines in different parts of the country, and from it depend more than 2000
direct jobs in Torreón and an undetermined number of indirect jobs in this and
other cities, in particular those with important lead production.

As has been shown in previous sections, despite the importance of lead pro-
duction and use in the country, there have been very few studies to document
the causes of lead pollution in Mexico and its adverse consequences; one clear
example is the case of Torreón. The first officially documented complaint
against Met Mex Peñoles dates from 1937 (Viniegra et al. 1964); since that
time, community complaints of the nuisances attributed to Peñoles activities,
particularly eye and throat irritations and foul odors, have been recurrent, but
there have been relatively few studies on lead exposure and its effects in the
region.

As a result of one complaint placed by Peñoles workers in 1961, the federal
health authorities carried out two studies in 1962 on pollution by Pb, As, Cd,
and SO2 in the plant and its surroundings (Viniegra et al. 1964; Escobar et al.
1964). Severe atmospheric pollution by As, SO2, and Pb was found; the lead
emissions through stacks were estimated to be of the order of 31,300 µg/m3. It
was shown that the pollutants generated by Peñoles operations and open air
processes, in particular sulfur dioxide and lead, were dispersed by the prevailing
winds west and south of the city; these authors stated that the dust generated in
the different Peñoles operations contained up to 4410 µg lead/m3. Numerous
deficiencies in the operations and installations of the plant were also docu-
mented, as well as severe exposure of workers to arsenic, because all the evalu-
ated workers had chronic arsenicism, with hyperkeratosis of hands and feet.
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Shortly thereafter, the arsenic production from this plant was phased out, possi-
bly as a consequence of these results.

In 1976, Albert et al. (1986) studied lead in hair of children from five places
in the country, including Torreón and Matamoros, a small town to the northeast
of this city, upwind from Peñoles. The average value for the Torreón samples
was 55 µg lead/g hair; two thirds of the children from this city had more than
30 µg lead/g hair with a maximum of 220 µg lead/g hair, while the average lead
in hair of children from Matamoros was 4.2 µg lead/g, the lowest in the litera-
ture at the time and more than 13 times lower than the average in Torreón.
These results indicated that the Torreón children were chronically exposed to
lead.

From 1981 to 1985, a long-term study to determine several biomarkers of
exposure and effects of lead in children living close to the plant and attending
schools located 0.6 ± 0.2 km from the smelter (exposed group), and another
group of similar characteristics living away from the smelter, not in the direction
of the prevailing winds and attending schools located 4.5 ± 0.9 km from the
smelter (control group) was carried out in Torreón (Calderón-Salinas et al.
1996a). Children of both groups had lived in their present home all their life
and remained there during the study, while their mothers had lived there for at
least 2 yr before the child was born. Lead in blood, lead in urine, free erythro-
cyte protoporphyrin (FEP), neuromotor alterations, and IQ were determined. A
clinical examination, including the evaluation of signs and symptoms possibly
related to exposure to lead such as headache, colic, paresthesia, and myalgia, as
well as alterations of motor coordination, was carried out by trained physicians.
In the exposed group, 100% of the children had BLL >10 µg/100 mL, the level
of concern for lead in children according to the CDC (1991).

The exposed group was divided into two groups: one, with the children living
less than 0.5 km from the smelter, and the other with the children living between
0.5 and 1 km from the plant. BLL were significatively higher in the first group
than in the second and, respectively, 4.2 and 2.3 times higher than the average
BLL for the control group. The exposed group was further subdivided according
to the location of their homes in relation to the smelter. The BLL of children
living to the south of the smelter, who received directly the particles carried
away by the prevailing winds, were more than three times higher than the BLL
of the control group and more than twice the respective values for children
living close to the plant but away from the direction of the prevailing winds;
these differences were statistically significant (Table 52).

An increase in neurological damage was found in children from the exposed
group and their motor coordination was reduced; respective values were corre-
lated with distance to the plant and direction of prevailing winds. A positive
correlation between BLL and FEP was found; 24.2% of the children of the
exposed group with BLL >15 µg/100 mL (62.6%) showed statistically signifi-
cant clinical alterations in the motor coordination, almost twice as much as the
exposed children with BLL <15 µg/100 mL, of whom 13.8% had alterations of
this function, and almost seven times higher than children of the control group
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Table 52. Blood lead levels and free erythrocyte protoporphyrin (FEP) in children from
Torreón.

BLL FEP
Characteristic Number (µg/100 mL) (µg/100 mL)

Distance to the smelter, km
4.5 km (control group) 30 6.4 ± 3.1 13.9 ± 7.3
0.5–1 42 14.9 ± 5.1 31.9 ± 20
0–0.5 56 26.7 ± 5.8 72.2 ± 34

Direction in relation to the prevailing winds
North 13 10.3 ± 3.9 29.3 ± 15
West 26 16.3 ± 5.1 53.1 ± 34
South 59 19.4 ± 5.7 70.2 ± 34

Source: Calderón-Salinas et al. 1996a.

with such alteration. Finally, the IQ of these children were compared with their
BLL. The average IQ for children of the control group was 100.9 ± 22.2, while
for those of the exposed group with BLL >15 µg/100 mL it was 93.5 ± 17.1.

Although the contribution of other possible sources of lead was not studied,
the high BLL found for the children in the exposed group cannot be attributed
to lead from vehicular traffic, because their BLL were higher than the average
of 20.3 µg/100 mL reported by Meza-Camacho and Garcı́a-Aranda (1991) for
children of zones of intense vehicular traffic in Mexico City, and the value of
15.49 µg/100 mL reported by Romieau et al. (1992) for children living close to
a road in the same city (see Section VIII.B). The high BLL and the signs and
symptoms related to them found in the children of the exposed group would
significantly reduce their life quality. Although the results of this study were
presented locally when it was finished and were published in 1996, neither the
authorities nor Peñoles took them into account to establish protective measures
for the health of the exposed children or to carry out monitoring studies as the
authors had recommended.

The same authors carried out a follow-up study with the same groups of
children during 3 yr (Calderón-Salinas et al. 1996b). The average BLL of the
control group did not change during the 3 yr and remained at 8.9 ± 1.3 µg/100
mL, whereas the average BLL of the exposed group increased from 19.2 ± 4.5
µg/100 mL at the beginning of the study to 27.5 ± 4.5 µg/100 mL at its end,
indicating a chronic exposure to lead and an increasing body burden of lead in
the exposed children. Similar results were obtained for FEP; in the children in
the control group, this biomarker decreased during the study from 16.9 ± 4.7
µg/100 mL to 12.3 ± 4.2 µg/100 mL, while for the exposed group it increased
from 56.6 ± 20 µg/100 mL to 92.9 ± 29 µg/100 mL, seven times the value for
the control group and a statistically significant difference.

Motor efficiency and motor coordination increased for the control group dur-
ing the 3 yr but did not change in the exposed group, indicating an interference



Lead in Mexico 93

Table 53. BLL, IQ and motor dysfunction in children exposed to lead from Torreón.

Children with motor
Group Number Total IQ dysfunction, n (%)

Control 30 100.9 ± 22.2 1 (3)
BLL < 15 µg/100 mL 36 95.9 ± 15.7 5 (14)
BLL > 15 µg/100 mL 62 93.5 ± 17.1 16 (26)

Source: Calderón-Salinas et al. 1966b.

of lead with the development of this function in these children. Finally, the IQ
remained stable in the control group, with 101 ± 23 at the beginning of the study
and 104 ± 21 at its end, while in the children of the exposed group it decreased
from 93 ± 17 at the beginning to 85 ± 2 at the end. Although this change was
not statistically significant, it indicated a trend to a reduction, as has been re-
ported by scientists such as Fulton et al. (1987) and Lansdown et al. (1986) in
other countries. The relationship between IQ and motor dysfunction is presented
in Table 53.

Although this study was the first in this region to include a control group
and to eliminate the more important confusing variables and illnesses, as well as
the first to evaluate biomarkers of exposure and effect and to include a clinical
examination of the participating children, it did not consider other possible
sources of lead, such as vehicular traffic, lead in water, or lead in paint. To
confirm the results of Calderón-Salinas et al. (1996a,b) and to discard other
possible sources of lead exposure for the Torreón children, from April to Sep-
tember 1997 Rubio Andrade et al. (1998) carried out another study. BLL were
determined in children attending three schools in Torreón located at different
distances from Met Mex Peñoles and with different exposure to the prevailing
winds; two of them were considered as exposed groups and the other as control.
Besides BLL, the lead levels of lead in water, soil, and dust close to the schools,
as well as TSP and PM10 in air (see Sections III.A, III.B), and the home use of
LGC were determined (Table 54). This study was later expanded by the same

Table 54. Blood lead levels in children from Torreón, Coah.

x̄ ± SD BLL > 15
School Number (µg/100 mL) µg/100 mL (%)

Close to the smelter, <1 km 114 28.76 ± 10.96 92.11
Intermediate distance, 0.9 km, 119 22.40 ± 7.83 84.7

close to streets with heavy traffic
Remote >5 km 161 8.66 ± 3.78 6.83

Total 394

Source: Rubio Andrade et al. 1998.
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group (Garcı́a Vargas et al. 2001), confirming the results of Calderón-Salinas et
al. (1996a,b), with the children attending the school closer to Peñoles having
higher BLL than those in the school far from it. Lead levels in air, soil, and
dust of this area were also higher than in the control zone, and the values in-
creased with reducing distance to the plant (see Table 7, Section III.A; and
Tables 12 and 13, Section III.B); it also confirmed that the roadside dust close
to the plant was heavily polluted by lead, as Benin et al. (1999) had shown
(Table 11, Section III.B). Values of lead in water were, in all cases, <15 µg/L;
therefore, it was concluded that water did not contribute to the exposure of these
children. BLL up to 50 µg/100 mL were found in the children of the exposed
group living closer to the smelter. These two studies and those of Calderón-
Salinas et al. (1996a,b) are relevant to identifying the smelter as the most impor-
tant source of lead pollution in this area.

In 1989, after the studies by Calderón-Salinas et al. (1996a,b) were finished,
but not yet published, an agreement to control the pollution originating in Peñ-
oles was signed between the Torreón municipality and the company; this agree-
ment was not fulfilled. In 1994, the federal authority on environmental protec-
tion (Procuradurı́a Federal de Protección al Ambiente, Profepa), ordered Peñoles
to start an environmental audit procedure of its operations and facilities, which
took place during 1994 and 1995. As a result, Profepa ordered Peñoles to imple-
ment 113 immediate control measures to solve the deficiencies found during the
audit. Although these results were not made public, from the control measures
imposed by the authority it can be concluded that among the deficiencies identi-
fied in the facilities and operations of the company were high levels of polluting
emissions, in particular, of sulfur dioxide and lead. In January 1996, the com-
pany and the authorities signed an agreement to carry out, according to a time-
table, an action plan to implement those control measures. In February 1998, 3
yr after Peñoles was informed of the audit results, Profepa had to issue 49
control measures for maximum and immediate reduction of emissions of dusts
and gases by Peñoles (Profepa 1998).

Starting in July 1998, Manuel Velasco, a private local pediatrician, ordered
BLL to be determined for several children under his care who presented some
signs and symptoms that could be due to lead exposure. These values are pre-
sented in Table 55 under the heading ‘initial’; they were the origin of the most
recent conflict between Peñoles and the Torreón community, which persists to
this date (Valdés and Cabrera 1999). In September 1998, the state health author-
ities were informed of these preliminary results; however, because no control
actions had been undertaken 3 mon later, the results were presented to the fed-
eral authorities; several local and national newspapers were also informed. This
action created an important national and international concern regarding the
problem and generated numerous official actions.

In February 1999, the official analyses of lead in blood of children started
and, also, limited analyses of lead in soil and dust of the area. However, these
analyses were carried out in several laboratories, without a uniform protocol or
methodology and also without basic analytical quality control measures; there-
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Table 55. BLL of children from Torreón: results of the initial and the official studies.

Initiala July 1999 October 1999 December 1999

Results Number % Number % Number % Number %

Samples 51 5,747 11,327 10,051
BLL > 10 µg/100 mL 24 47.1 5,257 91.5 10,056 88.8 8.528 84.5
BLL > 25 µg/100 mL 12 23.5 2,845 49.5 4,670 41.2 3,068 30.5
BLL > 45 µg/100 mL 4 7.8 NSb NS NS NS NS NS

aData from Velasco M.
bNS: not specified.
Source: Valdés and Cabrera 1999.

fore, the results from the different labs cannot be compared and their usefulness
is very limited. Also, the format chosen by the authorities to report the data
does not show the percentage of children with BLL >10, > 45, and >69 µg/100
mL, which, according to the recommendations by the CDC (1991), are critical
values to evaluate the risk of affected children. A summary of the initial and
the official results is presented in Table 55.

More than 80% of the children evaluated up to December 1999 had BLL
>10 µg/100 mL, the level of concern established by the CDC (1991); although
the number of children in the different risk levels is not specified, from these
data it can be estimated that at least 30% of these children would have required
a complete medical evaluation and the identification and elimination of their
source of lead, i.e., living close to the smelter. If data from the initial analyses
are extrapolated to the official data, at least 8% of the children had BLL > 45
µg/100 mL; therefore, according to the CDC (1991) recommendations, at least
906 of the children studied up to October 1999 could have required treatment
with chelating agents within 48 hr. However, only about 700 children were
hospitalized and treated. As the report did not specify place of residence of the
children with BLL >10 µg/100 mL, the official data are not useful to evaluate
the area under risk.

As to the official soil analyses (see Table 12, Section III.B), although they
had the same limitations regarding the lack of a common protocol and quality
control measures mentioned above, very high lead concentrations were found,
in particular, toward the southwest and west of the plant; therefore, the area
under risk would be larger than the health and environment authorities have
accepted, and the affected population might include individuals of all ages and
socioeconomic groups, in particular, those living within a radius of at least 1
mile around the smelter, which includes at least 20 neighborhoods.

In March 1999, for the first time since 1937, it was officially accepted that
Peñoles was the source of the toxic lead emissions in the zone (López Pérez
1999a). In April, the study by Benin et al. (1999) was published. By this time,
the more recent problem of Peñoles was at its height; however, the recommen-
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dations of these authors were not taken into consideration by the authorities or
by the company. Furthermore, the representative of the federal environmental
authority in the state declared that this information was not new (Gómez Uranga
1999), which allows questioning the lack of effective actions from the authori-
ties to solve a problem that was supposedly well known.

Early in May 1999, in view of the results of the official analyses of BLL
already summarized and new data on sulfur dioxide and lead emissions showing
that the emissions still exceeded the official limits for these pollutants in air,
Profepa ordered Peñoles to reduce its activities by 25%. The State government
and Profepa further declared that the area around Peñoles was highly hazardous
and required the company to implement 86 control measures to reduce its lead
emissions and decontaminate this area (Gómez Uranga 1999; Valdés and Ca-
brera 1999), including vaccum cleaning of dust in streets and flat roofs of
houses, relocation of the people living close to the plant, and the creation of a
forested area around it. Also, piles of diverse materials that were in open air
within the plant were to be provisionally covered with tarpaulins, while definite
covered storage areas were built, as Profepa had requested since 1996.

A few days later, on May 21, Profepa ordered Peñoles to further reduce its
operations up to 50% because its lead and SO2 emissions were still above limits.
It also requested the company to clean up an area of 2 km around the plant
(López Pérez 1999b). Until that month, the control measures established by
Profepa since 1996 had not been implemented and it was only after the company
was ordered to reduce its operations by 50% that some of the remediations were
carried out.

In June, less than a month later, and without evidence, Profepa reported that
Peñoles had stopped polluting; 3 d later, in contradiction with itself, Profepa
requested Peñoles to implement 12 additional measures to those ordered on May
5 (Reforma 1999). Also during June, the data from the official soil analyses
summarized in Table 12 reached the community. In August 1999, the partial
results of BLL for children (see Table 55) were published.

In October 1999, Profepa allowed Peñoles to resume its normal operations;
however, 3 mon later, in January, it imposed on the company a fine of approxi-
mately $76,000 U.S. for not complying with the remediation actions and control
measures previously imposed (Gómez Uranga 2000). In February 2001, for sim-
ilar reasons, Profepa imposed on Peñoles another fine of almost $80,000 U.S.
(Becerril 2001).

As is evident from this background, Peñoles has a long history of disregard
for the environment and for the negative consequences of its activities for the
health of the nearby community; it is also clear that for many years there were
severe deficiencies in its installations and operations that, despite the repeated
community complaints and official requests, were not solved on time, while
some control measures were implemented only after Profepa ordered the com-
pany to reduce its operations by 50% until it complied with the environmental
regulations. In fact, according to Profepa, for several years the lead emissions
from Peñoles exceeded the maximum limit valid in Mexico for lead in air (1.5
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µg/m3) (SSA 1994a), sometimes several times this value, up to 82 µg/m3 (Pérez
1999).

In contrast, in 1988, lead concentrations in the air close to the Port Pirie plant
in Australia were between 0.5 and 10 µg/m3, that is, considerably lower than
the above values (Baghurst et al. 1992); therefore, even in 1999 the emissions
from Peñoles exceeded by far those from similar plants in other countries many
years earlier. According to the International Programme on Chemical Safety,
when lead emissions from primary smelters are not controlled, lead values fluc-
tuate from 10 µg/m3 at 50 m to 1.5 µg/m3 1 km away (IPCS 1995a); this con-
firms the extreme lack of control of Peñoles emissions.

According to Profepa (1999), although the total suspended particles recovery
efficiency of the plant was 96.9%, the particle emissions, just through the stacks,
were estimated to be 0.5 t/d; of this, 30% was considered to be of lead, equiva-
lent to 0.150 t lead/d and 54.75 t lead/yr, well above the values recorded for
other primary lead smelters with higher lead production. For example, between
1969 and 1981, the Port Pirie smelter emitted 40 t lead/yr, which at the time
was considered excesive (IPCS 1995b). In fact, the few available data show
that, for many years, Peñoles emitted more lead than similar plants; for example,
according to Escobar et al. (1964), in 1954 the plant was emitting 0.655 t lead/
d, or 239 t lead/yr; in 1962, this plant emitted through its stacks 0.431 t lead/d
or 157 t lead/yr. It is possible that such high values prevailed at least until 1995,
when the environmental audit was carried out; therefore, considering only the
emissions through stacks, just between 1962 and 1995 almost 5500 t of lead
could have entered the environment in Torreón. Despite the importance of these
emissions, according to Profepa (1999) the major problem at Peñoles was not
the stack emissions, but the fugitive emissions originating in its different pro-
cesses and operations, which to this date have not been quantified. The negative
impact of the Peñoles emissions on the surrounding areas is felt mainly to the
west of the plant, that is, toward the southwest of the city, in part because of
the location of the materials and processes within the plant and, in part, as a
result of the prevailing winds.

Besides emissions, there is a severe problem with the slag of the processes
of this plant; since it started its activities, these have been accumulating in a
mound known locally as “el cerro negro” (the black hill). According to Escobar
et al. (1964), until 1962 this hill had more than 6 million t slag containing,
among other metals, between 0.75% and 0.90% lead and 0.19%–0.34% arsenic,
and at the production level of that time, 10,000 t slag was added annually to
this hill. At present, it is estimated that this hill is more than 80 m high and
contains approximately 1.8% lead (Stevenson 1999). Although there are no data
on lead content and other metals of this hill, and no specific studies to establish
its characteristics, such as bioavailability, have been carried out, the environ-
mental authorities have declared that this mound is “inert” and, therefore, not
subject to the Mexican regulations on hazardous wastes or related to the expo-
sure of children to lead, cadmium, and arsenic shown to be present in the envi-
ronment of the city (Benin 1999; CDC 2001).
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Table 56. Lead in blood of children from Torreón.

Median BLL BLL
Distance from the smelter Number (µg/100 mL) > 10 µg/100 mL (%)

Up to 1700 m from the plant 70 8.3 33
Up to 4994 m away 208 5.5 17

Source: CDC 2001.

Finally, in the year 2001, the Torreón community demanded that an indepen-
dent organization conduct a study on the BLL of children. The CDC (U.S.) was
requested to carry out a study on BLL and the risk factors for lead exposure in
children 1–6 yr old living in Torreón (CDC 2001). Samples for this study were
obtained in March 2001 from 367 children of two groups, one of 70 children
living within 1700 m of the plant and another of 208 children living elsewhere
in the city within an average of 4994 m of the plant. Besides BLL, the CDC
determined the lead levels in water, dust, and paint of the houses; a spe-
cial questionnaire was used to obtain further information about the children
(Table 56).

The association of high BLL of children with closeness to the smelter and to
the lead levels in dust and soil found in previous studies was confirmed in
this study; an association was also found between high BLL and low cultural
background and low income of the families. Although no children with BLL
>45 µg /100 mL were found, the BLL were higher than those reported for
children living close to similar plants in the U.S., but lower than for populations
close to other primary smelters such as those in Trail, Canada (Hertzman et al.
1991) and Port Pirie, Australia (Baghurst et al. 1992) before remediation proce-
dures were undertaken. It was concluded that the present BLL of children in
Torreón are consistent with a low-level continuous exposure to lead and that at
least 11,181 children from 1 to 6 yr old living in Torreón could have BLL ≥10
µg/100 mL. The CDC (2001) recommended that Peñoles continue its efforts to
reduce its lead emissions and the monitoring of lead in soils and dust, at least
4.5 km around the plant, an area considerably larger than the area previously
defined as hazardous by the health authorities, which only covers a section of
approximately 100 blocks of the Luis Echeverrı́a neighborhood to the west of
the plant, while at least another 20 neighborhoods are also close to the plant.
The CDC stressed that its results also suggest that inverventions should be fo-
cused on removing dust from the homes and reducing the exposure of children
to soil, and recommended a periodic evaluation of the efficacy of the environ-
mental remediation activities undertaken by Peñoles.

In summary, research studies carried out in the zone eliminate other possible
sources of lead as the cause of the elevated BLL in children and show that the
community close to the smelter has had a long-term exposure to lead. Although
this exposure is clearly associated with distance to the plant and direction of
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prevailing winds, probably due to the meteorological characteristics of the zone,
other areas of the city are also exposed. Furthermore, data from Calderón et al.
(1996a,b) show that the exposed children already have neurological and cogni-
tive damage, reduction of IQ, and impairment of motor coordination, which
require prolonged exposure and cannot be due to isolated exposures, as the
company has repeatedly claimed.

It is noteworthy that no studies on the exposure of women either pregnant or
of fertile age have been carried out in Torreón and that, besides those carried
out in the 1960s, there are no studies on Peñoles workers or on the exposure of
the population to As and Cd, which might be additional problems in this area.
Although it is probable that Peñoles was aware of the results of the research
studies on lead in children summarized above, the results of the official studies
(summarized in Tables 12 and 55) demonstrate that the company never imple-
mented the essential control measures to reduce damage to public health nor
those requested by Profepa in 1996.

In synthesis, despite the repeated complaints of the population and the results
of the studies on the exposure of children to lead carried out in the area, this
company has shown little concern about the hazards of its operations to the
nearby population, scant interest to solve, on time and without official pressures,
the deficiencies of its installations and processes, and a noteworthy slowness to
comply with its agreements with the authorities and to acknowledge the damage
its operations are causing the nearby community. As to the official actions in
this regard, from the available information it can be stated that, to date, such
have been particularly slow and lacking in effectiveness.

Summary

From the data presented here, it can be concluded that despite some important
progress in recent years, in particular, the phaseout of the use of lead in gas,
environmental exposure to lead remains a particularly severe problem in
Mexico.

The lack of recent and adequate information on the presence of lead in air,
dust, soil, surface waters, the marine environment, and food is noteworthy. In
particular, there are no data on the presence of lead in the environment of indus-
trial cities or in areas where mining and metallurgical activities are predominant,
including their nearby environment, such as river sediments or air, and in their
inhabitants. As a result, the official conclusion that the major present source of
lead for Mexicans is the manufacture and use of lead-glazed ceramics, and the
few official actions in this regard lack a solid basis because they rely on data
from a few limited studies carried out mainly in Mexico City and its Metropoli-
tan Zone.

Although there have been few studies in Mexico on the adverse effects of
long-term exposure to lead, the data provided on its presence in human milk,
lungs, and bones and the results of the scant studies on its neuropsychological
effects on children should be taken into consideration to establish more effective
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control and protective measures and to support the additional studies required
to document the present situation. In particular, more studies should be carried
out in lead glazed-ceramic-producing communities and on the hazards of lead
to the communities established near industrial areas and along river banks.

In future studies, special attention should be paid to establishing a common
protocol, with adequate analytical control measures, if possible, with intercali-
bration of the participating laboratories; this is essential, because at present
many of the available data cannot be compared or extrapolated due to their
deficiencies in this regard. The situation around the only primary lead smelter
in Mexico, Met Mex Peñoles, is a relevant example. Although to date the gov-
ernment and the company have supported the determination of lead in more
than 11,000 samples of children’s blood, the analyses were carried out in several
laboratories, without the minimum requirements to allow them to be valid or
compared; thus, the number of children with lead above the different levels
recommended by the CDC to establish their risk is not known.

In closing, there is still much to be done to document the presence of lead in
the environment in Mexico and its adverse effects for health and ecological
equilibrium in order to control and reduce its sources; this will require a sus-
tained effort from research institutions and continued support of the authorities,
particularly those responsible for health and environment matters. Until these
goals are achieved, it will not be possible to state that lead in the Mexican
environment is no longer a problem or that it is restricted to particular sources
or populations. It is also important to strengthen the legal framework of control
to provide adequate enforcement and oversight measures; otherwise, both the
existing standards and the new ones will be useless to improve the situation.
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Miranda A (1996b) Evolution of lead toxicity in a population of children. Hum Exp
Toxicol 15:376–382.

Camimex (2000a) http://members.xoom.com/_XMCM/camimex/partmexmine.htm
Camimex (2000b) http://members.xoom.com/_XMCM/camimex/mapaplomo.htm
Camimex (2002a) http://camimex.topcities.com/mapaplomo.htm
Camimex (2002b) http://members.xoom.com/_XMCM/camimex/volprodnal8098.htm
Chatranon W, Chavalittamrong B, Kritalugsana S, Pringsulaka P (1978) Lead concentra-

tions in breast milk at various stages of lactation. Southeast Asian J Trop Public
Health 9:420–422.

CDC (1991) Preventing lead poisoning in children. U.S. Centers for Disease Control and
Prevention, U.S. Dept. of Health and Human Services, Atlanta, GA.

CDC (2001) Blood lead levels and risk factors for lead poisoning among children in
Torreón, Coahuila, Mexico. Final report. Lead Poisoning Prevention Branch/Health
Studies Branch/Nutritional Biochemistry Brand, U.S. Centers for Disease Control and
Prevention, U.S. Dept. of Health and Human Services, Atlanta, GA.
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ica. Tesis profesional, Facultad de Quı́mica-UNAM, México DF.
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duced X-ray emission, proton elastic scattering, and laser absorption. Atmos Environ
28(14):2299–2306.
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Rosas I, Belmont R, Jaúregui E (1995) Seasonal variation of atmospheric lead levels in
three sites in Mexico City. Atmósfera 8:157–168.
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Torres-Sánchez L, López-Carrillo L, Rı́os C (1999) Eliminación del plomo por curado
casero. Salud Pública Méx 41(supl 2):s106–s108.
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I. Introduction

In Uruguay, as in other countries, the use of pesticides1 is a common practice
in agriculture. In 1994, a survey on the use of pesticides and the presence of
their residues was requested from the University of the Republic by the Uru-
guayan Parliament (Mañay et al. 1994). This report stated that the greatest risk
was for workers involved in the production, distribution, and application of

Communicated by George W. Ware.

N. Mañay ( ), O. Rampoldi, C. Alvarez, C. Piastra, T. Heller, P. Viapiana, S. Korbut
University of the Republic, Department of Toxicology and Environmental Hygiene, Faculty of
Chemistry, Gral. Flores 2124 Casilla de Correo 1157, Montevideo, Uruguay.

1Chemical nomenclature and CAS numbers of pesticides referred to in this review are shown in
Table 19.
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pesticides. In addition, inadequate use may lead to irreversible damage to the
environment, such as resistant insects and plant diseases, loss of useful fauna,
pollution in soil, water, and air, and presence of residues in food.

Uruguay is located in South America. Its western limit is Argentina, in the
north and east the limit is Brazil, and the southern borders are the Rio de la
Plata and the Atlantic Ocean (Fig. 1). Uruguay has an area of 176.215 km2. Its
topography is rolling hills, with more than 90% of the area useful for agriculture
and cattle production. The climate is moderate; extreme temperatures reach
40 °C at maximum in summer and drop to −2 ° or −3 °C in winter. Rains are
regularly distributed throughout the year, with annual means of 983 mm in the
south and 1310 mm in the north. The predominant winds are east and northeast,
averaging 10 km/hr in the central part of the country and up to 25 km/hr in
coastal regions (Bonilla 1999). According to 1995 data, 90.8% of the population
is urban and only 9.2% rural.

Cattle production occupies 14.3 million hectares (ha) for bovines and sheep,
91% of the agricultural area. Almost 1 million ha are devoted to agriculture, the
main crops being grains, cereals, olives, citrus, pome fruit, vinyards, and, to a
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RIO NEGRO

SORIANO

COLONIA

Colonia

SAN
JOSE

San Jose

MONTEVIDEO
Montevideo

CANELONES
Canelones

FLORIDA
Florida

DURAZNO

Durazno

TACUAREMBÓ
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lesser degree, horticulture. The use of pesticides is widespread, with remarkable
benefits as to quality and quantity of production. Nevertheless, from the point
of view of health and environment, inappropriate use and lack of adequate con-
trol have always been a threat for the country (Mañay et al. 1994).

Production of fruits and vegetables involves intensive use of pesticides. The
climate conditions in Uruguay (rain and temperature) are specially favorable to
the development of insect pests, diseases, and undesired weeds; control requires
several applications of insecticides, fungicides, or herbicides (Mondino 2002).
Another example of intensive use of pesticides is in greenhouse production
where high humidity and temperature enhance an explosive development of
pests, so that chemical control is not very effective. As there is obviously no
rain inside the greenhouse, excessive concentrations of pesticides accumulates
(Mondino 2002).

This report is an updated review of the available official and scientific infor-
mation on the use of pesticides in Uruguay, as well as on the legal framework
and its control. A recompilation and analysis of the existing data on control of
residues in food and in the environment and their impact on human exposed
and nonexposed populations are included.

II. Legal Structure
A. Background

The first legal controls of agricultural pesticides in Uruguay go back to the “Law
of Agrarian Defence” of 1911, which tried to regulate their use and prevent the
introduction of foreign pests (Bonilla 1999). The first regulation of import, sale,
and use of pesticides was in 1937 (Boroukhovitch 1992).

The use of synthetic organic pesticides began in Uruguay after World War
II. The authorities tried to minimize the risks involved in the massive use of
pesticides through technical advice to the farmers who used them. In 1958, a
supervised control service was established to avoid unnecessary applications.
The technician determined the need for control measures, type of treatment,
pesticide, and dose (Boroukhovitch 1998). In 1956, the National Executive uni-
fied previous standards creating a decree that established the requirements of
federal registration and obtaining permission for the sale of insecticides, fungi-
cides, herbicides, and similar products, from the Ministry of Agriculture and
Fishery. Through a National Decree of June 1968, this Ministry should regulate,
and in some cases prohibit, the application and use of pesticides for animal and
plant protection if they could be harmful to the public health.

The present valid regulation, from 1977 (National Decree 149/977 and fur-
ther modifications), establishes that national producers, formulators, importers,
or distributors of agricultural and veterinary pesticides must register their prod-
ucts to obtain permission for sale. This compulsory registration must be certified
either by an agronomy or chemical engineer or by a pharmaceutical chemist.
Registration must be accompanied by a sample of the product and technical
information including the text of the label, which is also regulated by this de-



114 N. Mañay et al.

cree. At the same time, shops that sell these products must be registered and
identified by the same Ministry (Alonzo et al. 1999a).

During this period the Poison Control Center of Uruguay (CIAT, Centro de
Información y Asesoramiento Toxicológico) was created in the Faculty of Medi-
cine. It includes physicians, agronomists, veterinarians, and chemists (Borouk-
hovitch 1998). In the National Decree of 1977, CIAT is declared advisor to the
Ministry of Agriculture. Among other duties, it had to establish the toxicty cate-
gory of the products to be registered, following recommendations of the World
Health Organization (WHO) (Table 1) (Mañay et al. 1994).

Applications of pesticides are regulated by Decree 410/969, which estab-
lishes also sanctions. Decree 186/976 applies to aerial application. On the other
hand, the Ministry of Public Health (MSP, Ministerio de Salud Pública) is in
charge of the registration of domestic pesticides, that is, those used in homes
and public open spaces. Since December 1993, the registration and control of
domestic pesticides have depended on the Division of Environmental Hygiene
of the MSP at the national level (Bonilla 1999). This Ministry holds the list
of registered firms devoted to pest control, which must fulfill certain specific
requirements (Alonzo et al. 1999a). Furthermore, products to be sold in the
Department of Montevideo need additional registration by the Municipal Gov-
ernment of Montevideo (IMM, Intendencia Municipal de Montevideo) (Alonzo
et al. 1999a).

Current legislation tends to promote integrated pest management (IPM) in
the production of fruits and vegetables, minimizing the use of chemicals. From
February 2002 on, the Ministry of Agriculture has specific regulations for each
crop, concerning techniques, fertilization, water supply, plant protection, and
harvest and postharvest conditions, allowing the products to be followed to the
final consumer (PREDEG gtz 2002).

At the regional level, Uruguay is a member of COSAVE (Committee of
Vegetal Sanity of the South Cone) and of the MERCOSUR (Common Market
of the South). COSAVE is a regional organization for plant protection, inte-
grated by Argentina, Brazil, Chile, Paraguay, and Uruguay. This organization
began to function in 1989, as a result of an agreement among those countries.
Its main objective is the development of regional standards to harmonize proce-

Table 1. Toxicity categories of pesticides based on oral LD50s, according
to WHO.

Toxicity category of pesticides Oral LD50, rats (mg/kg)

la. Highly toxic 5
lb. Very toxic 5–50
II. Moderately toxic 50–500
III. Slightly toxic >500

Source: From Mañay et al. 1994.
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dures and plant protection standards for the trade of agricultural products be-
tween member countries.

MERCOSUR is an economic integration project between Argentina, Brazil,
Paraguay, and Uruguay, which includes among its aims the preservation of
the environment (Guı́a del Mercosur). As a member of both organizations,
Uruguay follows their resolutions on prohibition and legal agreement. At the
MERCOSUR level, there is an agreement concerning the registration of active
ingredients, registration of formulated products, and requirements for plant pro-
tection products. For pharmacological products, a formulary for registration was
harmonized (Alonzo et al. 1999a). There is also a resolution allowing the free
circulation of authorized registered products among the four countries. In these
international agreements, some aspects are more detailed than in the Uruguayan
regulations (Alonzo et al. 1999a).

At present, there is no legal regulation on the control of pesticide residues.
There are only the general rules on residues and toxic substances for which the
Ministry of Housing, Territory and Environment is the competent authority,
according to the Basel Agreement (Bonilla 1999).

B. Restriction and Prohibition of Agricultural Pesticides

In 1968, knowledge about bioaccumulation of organochlorine pesticides in fat
tissues of animals and humans raised general concern about the protection of
national consumers and food exports (Boroukhovitch 1998). Therefore, insecti-
cides containing aldrin, dieldrin, endrin, chlordane, heptachlor, the gamma-
isomer of hexachlorocyclohexane, DDT, and endosulfan, used for the control of
pests in natural and artificial fields, were banned by the Ministry of Agriculture
(Dirección Nacional de Medio Ambiente 1993; Boroukhovitch 1998). The use
of organochlorine insecticides for localized ant control was not prohibited (Bo-
roukhovitch 1998).

Table 2 shows the development of governmental regulations concerning pes-
ticides in Uruguay, from 1969 on. At present, registration and sale of organo-
chlorine pesticides are banned, with the exception of endosulfan and dodeca-
chlor (Mirex). Endosulfan is nonpersistent, does not accumulate in fat tissues,
and is permitted in many parts of the world. Registration and sale of dodecachlor
are permitted only in 0.45% granulate form for the control of ants. Alternatives
are now being studied (Boroukhovitch 1998).

III. Products Used in Uruguay

The only pesticides produced in Uruguay are cupric (copper oxychloride, copper
sulfate), polysulfurus, and sodium arsenites, which do not require a complex
manufacturing technology (Mañay et al. 1994). However, there are several for-
mulating plants that work with imported active ingredients or formulating aids
(Mañay et al. 1994).

Imports of crop protection products during 2001 amounted to about $33 mil-
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Table 2. Uruguayan government regulations concerning pesticides.

Year Regulation

1969 Restricted use of hormone herbicides
1979 Ban on chlorinated insecticides for the treatment of grain for human or animal

consumption or manufacture
1988 Ban on agricultural pesticides made of sodium arsenite and mercurials
1990 Ban on registration and sale of captafol; cyhexatin is suspended
1991 Paraquat herbicides are modified to comply with certain specifications
1997 Ban on registration and sale of all organochlorine pesticides for agricultural

use, except endosulfan and dodecachlor
2000 Pharmaceutical products of lindane (hexachlorocyclohexane) only for scabies
2002 Ban on registration and application of products based on ethyl parathion,

methyl parathion, monocrotophos, and phosphamidon for agricultural use
Restrictions for agricultural products of methamidophos

lion U.S., 88% of which was formulated products ready for use and 12% pri-
mary ingredients to be formulated in Uruguay (Bonilla 2002). Among formu-
lated pesticides imported in Uruguay, herbicides are the main group, with 58%
of the total imported volume, followed by 23% of fungicides and 15% of insecti-
cides (Fig. 2). Table 3 shows the distribution of imports in 2001. Tables 4, 5,
and 6 describe the main active ingredients imported in 2001.

Among herbicides, glyphosate is the largest in volume. Its use is usually
justified by the arguments of the manufacturers about its supposed effectiveness
in several crops and fields. Table 7 shows the relative variation in imports of
plant protection products for 2000 and 2001. The maximum historical level of
imports was reached in 1998. From that year on, imports declined continuously
up to 2001, when there was again an increase (Bonilla 2002).

Fig. 2. Distribution of pesticide imports in Uruguay in 2001. (From Bonilla 2002.)
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Table 3. Distribution of pesticide imports in Uruguay during 2001.

Formulated Active Percent with reference to
product (kg) ingredient (kg) active ingredient

Formulated products 7,609,885 3,822,559 80.5
Active ingredient 927,287 19.5
Total 7,609,885 4,749,846 100

Product class
Herbicides 5,042,378 2,241,099 58.63
Fungicides 1,295,346 883,361 23.10
Insecticides 860,752 563,309 14.74
Others 411,409 134,790 3.53

Total (formulated) 7,609,885 3,822,559 100

Source: Bonilla 2002.

IV. Evaluation and Official Control
A. Pesticide Residues in Food

Residues in food for consumption should not exceed the corresponding limits
or tolerances. Therefore, there must be a safe waiting interval or time after
application before harvest (Mañay et al. 1994).

Pesticide Residues in Animal Products In Uruguay, the control of pesticide
residues in red meat is referred to the Ministry of Agriculture, through the Direc-
tion of Veterinary Laboratories (DILAVE) (Mañay et al. 1994). This Ministry
develops the National Program of Biological Residues (PNRB) for foods of
animal origin such as milk, meat, butter, and honey (Rampoldi 2002). One of
the aims of this program is to ensure the saftey of these foods for the consumer.
The other objective is to stay within the specifications of the buying markets,
international institutions of food protection, and current legislation of Uruguay.

Table 4. Formulated herbicides imported in greatest amounts during 2001.

Toxicity Formulated Active Kilograms
Active ingredient category product (kg) ingredient (kg) formulated (%)

Glyphosate II 3,647,464 1,581,495 72.36
Atrazine II 305,360 161,498 8.37
2,4-D, Diethylamine salt Ib 231,141 115,945 6.34
Propanyl II 199,860 96,172 5.48
Sulfosate II 163,360 64,804 4.49
Quinclorac II 91,656 25,210 2.51

Total 5,042,378 2,241,099

Source: Bonilla 2002.
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Table 5. Formulated fungicides imported in greatest amounts during 2001.

Toxicity Formulated Active Kilograms
Active ingredient category product (kg) ingredient (kg) formulated (%)

Mancozeb III 268,750 205,600 20.74
Copper oxichloride II 183,000 158,350 14.13
Ziram II 82,000 70,478 6.33
Sulfur III 81,466 65,173 6.28
Metiram III 65,000 52,000 4.01
Folpet III 60,320 47,236 4.66

Total 1,295,346 883,361

Source: Bonilla 2002.

The program has been in effect since 1978, monitoring and surveying cattle,
sheep, horses, hogs, poultry, and foods such as meat, milk, butter, and honey
(Rampoldi 2002). Residues and pollutants included in the monitoring are fol-
lowing: organochlorine pesticides, organophosphate pesticides, polychlorinated
biphenyls (PCBs), heavy metals, veterinary medicines, and growth-promoting
substances. About 3000 samples are analyzed each year. Organochlorines, or-
ganophosphates, and pyrethroids are analyzed in fat, liver, milk, butter, and
honey.

The Ministry of Agriculture established the tolerances shown in Table 8 for
pesticide residues (expressed in mg/kg of meat), taking into account the interna-
tional action levels set by the U.S. Department of Agriculture (USDA), the
European Community (CE) and the Codex Alimentarius, and research experi-
ence in this country over several years (FAO-OMS 1986).

Figures 3 and 4 show clearly the rapid decline of pesticide residues, without
any violations over several years (Rampoldi 2002). As a consequence, inspec-
tions by the USDA and CE have lowered the numbers of yearly samples ana-
lyzed for exports (Mañay et al. 1994).

Table 6. Insecticides imported in greatest amounts in 2001.

Active ingredient Toxicity Active Kilograms active
(technical) category ingredient (kg) ingredient (%)

Chlorpyrifos ethyl Ib 7,122 50.25
Malathion II 3,000 21.17
Endosulfan Ib 2,000 14.11
Cypermethrin II 1,451 10.24
Methamidophos Ia 600 4.23
Total 14,173

Source: Bonilla 2002.
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Table 7. Relative difference in imports during 2000 and 2001.

Formulated product (kg) Active ingredient (kg)

Herbicides 7.75% 7.77%
Fungicides 32.99% 30.43%
Insecticides 21.94% 11.91%
Others −1.66% 9.71%
Technical grade a.i. — 126.12%

Total 12.27% 25.22%

Source: Bonilla 2002.

The study of red meat is well managed by the laboratory program, which has
also developed multiresidue methodologies suitable for the evaluation of pesti-
cide residues in honey and benzimidazols in milk, according to the requirements
of the European Union (Antonaz and Rampoldi 2001a,b).

Pesticide Residues in Raw Agricultural Commodities The authorities responsi-
ble for determining pesticide residues in agricultural commodities are the Minis-
try of Agriculture, through the Division of Agricultural Protection Services and
the Technological Laboratory of Uruguay (LATU) (Mañay et al. 1994). The

Table 8. Tolerances for pesticide residues established by the General Director of
Veterinary Services.

Product Sample Tolerance (mg/kg meat) Species

Aldrin Fat 0.2 All
α-HCH Fat 0.2 All
β-HCH Fat 0.1 All
Chlordane Fat 0.05 All
Dieldrin Fat 0.2 All
DDT and metabolites Fat 1.0 All
Endrin Fat 0.05 All
Heptachlor and metabolites Fat 0.2 All
Lindane Fat 2.0 Beef
Methoxychlor Fat 3.0 All
Toxaphene Fat 7.0 All
PCBs Fat 3.0 All
Hexachlorobenzene Fat 0.2 All
Mirex Fat 0.1 All
Diazinon Fat 0.7 Beef, mutton
Dursban Fat 2.0 Beef
Ethion Fat 2.5 Beef

Source: Mañay et al. 1994.
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Fig. 3. Dieldrin residues in bovine meat. Detection limit, 10 ng/g; codex limit, 300
ng/g. (From Rampoldi 2002.)
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Fig. 4. Dieldrin residues in bovine meat. Detection limit: 10 ng/g; codex limit: 300
ng/g. (From Rampoldi 2002.)
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Chemical Laboratories of the Agricultural Protection Services conduct a wide
variety of activities, setting controls for the requirements of the purchasers. At
present, they analyze small fruits, fruit juice, and bran, among other plant prod-
ucts (Mañay et al. 1994).

LATU is responsible for the control of the export and import of all food
products. They work mainly on residues of organochlorine pesticides which, in
spite of being banned for many years, must be controlled because of their long
persistence (Mañay et al. 1994). Data on pesticide residues in foods of crop
origin are not available.

B. Pesticide Residues in Drinking Water

The Sanitary Works of the State (OSE, Obras Sanitarias del Estado), in their
1986 standards, make reference to the maximum permissible pesticide concen-
trations among the organic compounds in drinking water that affect health (Ma-
ñay et al. 1994) (Table 9). There are no available data on controls performed
by this institution.

C. Pesticide Residues in the Environment

The Ministry of Housing, Territory and Environment through DINAMA is the
responsible institution for environmental control in Uruguay. The only legisla-
tion establishing maximum levels of pesticide residues is for water courses (De-
cree of 1979, number 253/79). It classifies the water bodies of Uruguay accord-
ing to their present or potential use, in four categories or classes:

Class 1: Drinking water supplies for the public, with conventional treatment.
Class 2: (a) Water for irrigation of agricultural products to be used in watering

systems that contact the crops.
(b) Waters for recreation, in direct contact with the human body.

Class 3: Water for the preservation of fish in general, and other aquatic fauna
or flora; water for crops not consumed in their natural state, or for products
that, although consumed in their natural state, are not contacted by watering.

Table 9. Maximum limits for pesticides in drinking water
according to OSE standard of 1988.

Parameters Maximum concentration (µg/L)

Aldrin + dieldrin 0.03
Chlordane 0.3
2,4-D 100
DDT and isomers 1
Lindane 3
Methoxychlor 30

OSE: Obras Sanitarias del Estado (Sanitary Works of the State).
Source: Mañay et al. 1994.
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Class 4: Water courses in urban or suburban zones which are used to beautify
the environment; also water for crops not destined to human consumption in
any way.

Table 10 shows the maximum levels for pesticides of this Decree. Those limits
are applied to waters of class 1, 2a, 2b, and 3; for class 4, the limits are ten
times higher than for the other classes.

The DINAMA is responsible for reporting the levels in the water courses of
the entire country; however, there are no public data (Mañay et al. 1994). For
other environmental divisions, the National Division for the Environment uses
international regulations.

D. Pesticides Residues in Effluents

Decree 253/79 establishes the minimum requirements of an effluent to be re-
leased. The effluents of the sewage system must not exceed 500 times the pesti-
cide concentrations shown in Table 10. For releasing into water flows and efflu-
ents that infiltrate the soil, the pesticide concentrations must not exceed 100
times the values of Table 10 (Decree 253/79). The Laboratory of Industrial
Effluents, a department of the Municipal Government of Montevideo, is in
charge of these controls. Presently, pesticides are not controlled systematically
(Arriola M, personal communication, 2002).

E. Disposal of Pesticide Wastes

The intensive use of pesticides generates large quantities of polluted wastes,
such as empty containers and remains of old products or of products deteriorated
by inappropriate storage. These situations are dangerous and should be avoided

Table 10. Decree 253/79 (Parliament of Uruguay 1979).

Parameters Maximum Concentration (µg/L)

Aldrin + dieldrin 0.004
Chlordane 0.010
DDT 0.001
Endosulfan 0.020
Endrin 0.004
Heptachlor + heptachlor epoxide 0.010
Lindane 0.010
Methoxychlor 0.030
Mirex 0.001
2,4-D 4.000
2,4,5-T 10.000
2,4,5-TP 2.000
Parathion, ethyl 0.040
Polyaromatic compounds 0.001
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(Mondino 2002). The holder is responsible for the cleanup of spills or other
contaminations. DINAMA is responsible for the removal and safe destruction
of products not in use, according to international norms (Bonilla 1999).

The Municipal Government of Montevideo (IMM) has established the first
system for the collection of used containers (Mondino 2002). The section of
Industrial Solid Wastes of the IMM gives advice to the holder on how to con-
duct decontamination and disposal, according to the active ingredient. After-
wards, the waste must be diluted and transported to the collector.

V. Completed Studies and Projects in Progress
A. Pesticide Residues in Food

The National Institute of Agricultural Research (INIA) does research on differ-
ent types of production, rice being one of great economic importance. For this
crop, herbicides are the main pesticides, used in 60%–70% of the cultivated
area, followed by fungicides in 25%–30% of the area, depending on climatic
conditions. Insecticides are only occasionally employed for rice, mainly in the
north of the country (Deambrosi 1996). Pest management as recommended by
this Institute includes soil preparation, appropriate fertilizing and watering, to
reduce the effects of disease, use of a minimal rate of pesticides being the last
resort. This Rice Program of INIA works mainly on genetic improvement to-
ward greater resistance to diseases, and second on herbicides and fungicides,
evaluating their efficacy, necessary rate of use, and most favorable time and
method of application (Deambrosi 1996).

In a study of INIA together with LATU (Deambrosi 1996), 39 samples of
grain from the harvests 1993–1994 and 1994–1995 from different farms
throughout the country were analyzed. Twelve samples of rice with husks were
analyzed for herbicides, fungicides, and organochlorine insecticides (Table 11).
In none of the samples was the presence of organochlorine residues detected;
that of herbicides and fungicides was minimal.

At the request of the firm CONAPROLE (National Cooperative of Milk Pro-
ducers) several studies were performed in DILAVE (Direction of Veterinary
Laboratories) to evaluate organochlorine insecticide residues in butter. Figure 5
illustrates the decline of dieldrin residues (Rampoldi 2002). These studies show
that levels have declined through the years much below the tolerance level of
150 ng/kg of Codex Alimentarius, providing evidence of the proper use of these
products (Mañay et al. 1994).

At the University level there are also research projects, aimed at characteriza-
tion and evaluation of pesticide residues, and technological advice to correct or
improve processes and certification of products. In a study performed by the
Faculty of Chemistry, 31 samples of lemon essential oils from the 1995 harvest
were analyzed (Dellacassa et al. 1999). The samples came from the north and
the south of the country. In none of them was the presence of organochlorine
insecticides detected. As to the organophosphates, chlorpyriphos and methi-
dation were detected in all samples (Table 12).
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Fig. 5. Dieldrin residues in butter. Detection limit: 10 ng/g; codex limit: 150 ng/g.
(From Rampoldi 2002.)

In comparison with a similar study of 1993 on lemon essential oils from the
same areas (Saitta et al. 1996), a trend toward reduction and rational use of
pesticides in the north could be shown. However, in the south this trend did not
appear, because oils from 1995 showed higher levels of contamination than
those of 1993.

B. Pesticide Residues in the Environment

Several actions have taken place in Uruguay during the last decades to relieve
environmental pesticide contamination, with scattered efforts of NGOs and in-
ternational and state organizations.

One is the project “Study of the Contamination of the Rı́o de la Plata,” which

Table 12. Organochlorine pesticide residues in lemon essential oils from 1995 harvest.

Chlorpyrifos (ppm) Methidathion (ppm)

Mean Range Mean Range

North 0.32 0.06–0.61 0.52 Traces–2.05
South 1.09 Traces–4.16 18.82 1.42–65.29

Source: Dellacassa et al. 1999.
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was undertaken between 1980 and 1989 (Moyano 1992). Rı́o de la Plata re-
ceives urban and industrial wastes from large cities, Buenos Aires and Montevi-
deo among others, as well as from affluents of a large agricultural and cattle
area with important industrialized towns. In this study, sampling campaigns of
surface waters of the main course of the river were conducted. Pesticides with
levels above recommended guidelines for the protection of aquatic life of the
Rio de la Plata basin were γ-HCH, HCB, dieldrin, and DDT. Samples above
these levels came from the coastal area, whereas sampling in the main course
of the river demonstrated its self-cleansing capacity.

Between 1987 and 1990, the project “Contamination in Rı́o Uruguay” took
place, studying contamination at 3-mon intervals at eight sampling stations. In
general, the pesticide concentrations found in surface waters were low. Of the
21 pesticides analyzed only 16 were detected, with their mean concentration
below the maximum recommended levels (Table 13) (Comisión Administradora
del Rı́o Uruguay 1993).

In 1987, pesticides in a section of the Rı́o Uruguay were studied. Organochlo-
rine and organophosphorous insecticides, as well as herbicides, were analyzed
in water and suspended solids. Maximum values for dissolved insecticides (100
ng/L) established by the U.S. Environmental Protection Agency (EPA) for the
protection of aquatic life were widely surpassed by aldrin, dieldrin, heptachlor,
lindane, DDT, parathion, and malathion (Comisión Técnica Mixta de Salto
Grande 1998).

Another study by INIA together with LATU on pesticide residues in farms
of four regions of the northeast of the country includes 57 soil samples and 35
water samples from the crops of 1993–1994 and 1994–1995 (Deambrosi 1996).
The herbicides and fungicides most used were analyzed, as well as organochlo-
rine insecticides in 5 soil and 7 water samples. The latter showed negative re-
sults, while the presence of herbicides and fungicides in water was minimal. In

Table 13. Project “Contamination in Rı́o Uruguay.”

Hepta- Aldrin + DDT
Sampling area Total HCH chlor Dieldrin isomers γ-HCH Malathion

Bella Unión 1.6 0.3 0.3 2.8 n.d. n.d.
Belén 1.6 0.3 0.3 14.2 n.d. 93.4
Represa 4.5 4.8 0.4 6.2 1.3 128.0
Salto 3.3 0.4 6.2 3.1 2.0 226.0
Paysandú 2.8 0.2 0.1 0.7 0.4 n.d.
Concepción 5.9 0.2 0.5 0.9 1.0 n.d.
Gualeguaychú 2.5 0.2 1.2 1.2 0.9 n.d.
La Concordia 5.3 0.2 0.5 5.5 1.1 n.d.

Data are mean concentrations in ng/L.
n.d.: not detectable.
Source: Comisión Administradora del Rı́o Uruguay 1993.
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Table 14. Comparative levels of organochlorine pesticides in blood
in exposed and nonexposed populations.

Population β-HCH pp′-DDE pp′-DDT Dieldrin HCB

Nonexposed 10.99 36.75 3.86 6.44 34.16
Exposed 15.30 49.59 3.59 20.43 41.62

Data in ppb.
Source: Boroukhovitch 1998.

soils, the presence of herbicides was detected mostly during the first steps of
application.

C. Studies on Pesticide Risk for Human Health

In Uruguay, pesticide poisonings occupy second place in the statistics of the
CIAT, and the first as cause of deaths, up to the present (Queirós 2000; Burger
and Laborde 1992). In the 1980s, some studies showed the negative effects of
pesticides on human health. As reported (De Salterain 1993; Boroukhovitch
1998), from 1979 to 1983 the CIAT evaluated the presence of pesticide residues
in blood of exposed and nonexposed populations, and also in breast milk and
umbilical cord blood. In all cases organochlorine residues were detected. The
exposed population showed higher levels than the nonexposed one (Table 14).

The CIAT has performed statistical studies to determine the frequency of
poisonings according to type of pesticide, poison clinic findings, and sequelae
(Mañay et al. 1994). During the years 1996 and 1997 the CIAT, together with
the Ministry of Health, made a study of acute cases of pesticide poisonings in
Uruguay, covering a period of 6 mon (Alonzo et al. 1999b). In that study 439
clinical histories were collected; Table 15 and Fig. 6 show the distribution ac-
cording to exposure circumstance. The study shows that roughly half (59%) of
the poisonings were accidental, mainly ingestions of organophosphates, warfa-
rin, and superwarfarin by children.

Table 15. Distribution of clinical cases based on exposure.

Exposure circumstance Number %

Accidental 260 59.2
Environmental 1 0.2
Intentional 79 18.0
Misuse 1 0.2
Occupational 96 21.9
Other 2 0.5

Source: Alonzo et al. 1999b.



128 N. Mañay et al.

Fig. 6. Distribution of cases according to exposure circumstances.

At the occupational level, exposure occurs above all during the growing of
fruit and cattle dipping, organophosphates and pyrethroids being the products
involved. Forty-two percent of the cases were due to organophosphates, fol-
lowed in order of importance by pyrethroids, warfarin, superwarfarin, carba-
mates, and organochlorines. Forty-three percent of the cases occurred in Monte-
video, followed by the province of Canelones, with 9% of the cases. These
figures follow the population density of these provinces. As to the severity of
the cases, 102 (27%) required hospitalization and treatment. Table 15 shows the
product causing the poisoning. There were 3 lethal cases, 2 from ingestion of
organophosphate pesticides and 1 from ingestion of carbamate pesticides.

In another study by CIAT (Pose et al. 1999), 695 cases of organophosphate
exposure from January 1996 to June 1998 were studied. Several organophos-
phate pesticides were involved. There was a predominance of intentional poi-
sonings in adults, followed by accidental home poisonings of children with
highly toxic products. The lethal cases corresponded to ingestion of agroveteri-
nary organophosphate pesticides with a high concentration of the active ingredi-
ent. The risk factors for poor survival of poisoning are, in order of frequency,
late call, toxicity of the agent, respiratory complications, and inadequate treat-
ment.

From 1979 on, the CIAT, together with the DILAVE of the Ministry of
Agriculture, evaluated pesticide exposure through blood analysis of the Monte-
videan adult population (Burger et al. 1987; Burger and Alonzo 1987; Rampoldi
2002). There is a clear drop in the levels of 1996 compared with those of 1979
(Fig. 7 and Table 16) (Rampoldi 2002). The studies of 1985 and 1996 on or-
ganochlorine pesticides in human fat and serum show accumulation of these
products in fat tissues (Fig. 8 and Tables 17 and 18).

Burger et al. (2000) evaluated a possible correlation between risk of breast
cancer and residues of organochlorine pesticides in the human body. Fifty-eight
patients diagnosed with breast cancer and 28 nonoccupationally exposed with



Pesticides in Uruguay 129

Fig. 7. Pesticide residues in occupationally nonexposed population (serum) by years.
(From Rampoldi 2002.)

Table 16. Clinical cases requiring hospitalization and treatment based on
pesticide class and exposure circumstance.

Accidental Intentional Misuse Occupational Total

Carbamate — 1 — 1 2
Organochlorine 1 1 — — 2
Organophosphate 12 28 1 20 61
Pyrethroid 6 — — 2 8
Second-generation

anticoagulants 9 3 — — 12
Warfarin 3 5 — — 8
Other 3 — — 4 7
Unknown 1 1 — — 2

Total 35 39 1 27 102

Source: Alonzo et al. 1999b.
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Fig. 8. Pesticide residues in occupationally nonexposed population (fat).
(From Rampoldi 2002.)

benign mammarian tumors were studied. There was a tendency toward higher
levels of chlorinated pesticides in the problem cases than in the controls, but
only for β-HCH was the difference statistically significant. It was not possible
to determine a consistent relationship between organochlorine pesticide residues
and breast cancer.

D. Disposal of Containers and Outdated Pesticides

In Uruguay the disposal of empty containers, outdated products, and all other
pesticide residues is still an unsolved problem. The wastes are either left un-
changed on the same farm or near some water resource or are even burnt or
employed for other uses (Machado et al. 1992).

Table 17. Organochlorine residues in blood of nonexposed population.

Compound x̄ 1979 (µg/L) x̄ 1982 (µg/L) x̄ 1985 (µg/L) x̄ 1996 (µg/L)

HCB 33.5 23.0 21.0 2.8
β-HCH 11.0 12.5 13.0 1.1
pp′-DDE 33.5 19.5 19.0 6.4
pp′-DDT 4.0 3.0 6.0 N.D.
Dieldrin 7.5 5.0 11.0 0.9

Source: Rampoldi 2002.
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Table 18. Organochlorine residues in fat and human serum.

x̄ Serum x̄ Fat x̄ Serum x̄ Fat
Compound 1985 (ppb) 1985 (ppb) 1996 (ppb) 1996 (ppb)

HCB 21 2500 2.8 400
β-HCH 13 2000 1.1 300
pp′-DDE 19 4000 6.4 700
pp′-DDT 6 400 N.D. N.D.
Dieldrin 11 600 0.9 40

Source: Rampoldi 2002.

In a study in 1999 (Bonilla 1999) there is evidence of only 15 tons of out-
dated products to be disposed, at least. There are no proper facilities in the
country for the disposal of such wastes. Storage buildings are not always of the
appropriate size and do not fulfil the requirements to store these kinds of sub-
stances, such as good ventilation, an emergency exit, and an inner structure for
easy cleaning in case of spills.

VI. Discussion
A. Legal Structure

In this review there is reference to several dependencies of the State involved
in the pesticide issue. Important efforts are made at the regional MERCOSUR
level to harmonize information and legal regulations in these countries. Never-
theless, the performance of these institutions is defective, as a consequence of
financial, structural, and legal limitations that impair the solution of the prob-
lems. There is updated legislation for the import and registration of agricultural
and domestic pesticides, but there is no official control for industrial pesticides.
The fragmentation of controls generates important gaps that facilitate abuse and
evasion.

The legal standards regulate the safe use of these products; there is a toxico-
logical classification according to toxicity parameters, and the label must pro-
vide precise instructions and advice for use. Notwithstanding, there is not effi-
cient mechanism of control. There are no analytical experimental studies to
evaluate toxicity before registration, as required in the countries where these
active ingredients are synthetized. Toxicity evaluation is based on WHO stan-
dards, information from the manufacturer, and the scientific literature. Although
there are legal guides for the safe use of the pesticides, applicators are not aware
of them, and occupational exposure is still a risk factor for these workers.

B. Pesticides Used in Uruguay

Imported products are well documented through the registers of the Ministry of
Agriculture. Listed and classified pesticides are only those legally introduced,
and there are no data about smuggled products or those pesticides now forbidden
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but still in use. Therefore, it is absolutely necessary to control residues in food
and environmental samples to prove the presence of active substances already
banned, as well as the misuse of permitted pesticides.

Information and regulations regarding the use of pesticides in Uruguay are
not adequate. Available products can change from year to year, new formula-
tions of the same active substances appear, and there is also the fact that pesti-
cides not intended for a certain crop are sometimes employed (Mondino 2002).
As for the formulating firms, again, there is not enough information to judge
their performance.

C. Evaluation and Official Control

Animal Foods The control of pesticide residues in foods of animal origin is of
primary importance as a tool to ensure their toxicological safety for export and
consumption, as well as to verify the safe and correct use of pesticides. Accord-
ing to information from the institutions, residue control in meat products is
adequate. The DILAVE has specialized chemists and laboratory equipment, and
works with validated analytical methods that assure the reliability of results.

Due to the meat sampling conditions for residue control, there are almost no
differences between meat for export and that for local consumption. It would be
convenient to expand these studies to other common foods such as milk, eggs,
butter, and cheese. There is also a lack of pesticide residue control in fish and
mussels.

Raw Agricultural Commodities In this case systematic control is very difficult,
due to the diversity of samples (fruit, vegetables, grains, etc.). In addition, the
exports of vegetable products are less important than those of animal origin.
The number of approved formulations is so great that it suggests a large number
of different specialized analytical techniques are required to make controls with
reliable and reproducible results, according to the international quality stan-
dards.

Although there is the National Program for Biological Residues, analytical
and inspection controls must be better performed, mainly for internal consump-
tion of all produce. Due to this lack of a system, regulations for consumer
protection are not put into practice.

Regarding the scientific research on residues in food, there is technical expe-
rience but insufficient financial resources. It would be more feasible to develop
this analytical methodology at the University level, with an academic target and
also an immediate application to the needs of the country.

Human Health In spite of the fact that the PAHO (Panamerican Health Organi-
zation) prioritizes the collection of data on pesticide poisonings in Uruguay,
epidemiological survey of this exposure in workers and in food is not conducted
systematically at the prevention level. There is no centralized location of the
available data, and for certain areas there are no data at all.
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The risk studies mentioned in previous sections were of a diagnostic and
academic nature and could not be completed due to lack of funding. Analyses
in humans were the result of isolated requests and the backing of short-term
projects. Systematic biological monitoring for humans requires earlier informa-
tion leading up to the present situation. Research in toxicology and public health
on occupational and environmental exposure to pesticides should be promoted,
so as to create specialized work groups.

Environmental Impact Environmental consequences of pesticide pollution
were evaluated through the information provided by the different institutions
involved. The available data on pesticide residue levels in water, soil, and biota
are greatly inadequate, are several years old, and only refer to surface waters of
the Rio Uruguay, Rio de la Plata, and Atlantic Ocean. Although these results
come from reliable laboratories, analyses of sediments and aquatic organisms
are lacking. Also, there are no updated data for underground water and soil
contamination. The analysis of minute residues of pesticides, at the ppb level,
requires costly equipment and personnel, not easily available to the institutions
involved in environmental monitoring in Uruguay.

Handling and Disposal There is need for an educational effort to achieve ap-
propriate use of pesticides. If the application techniques, safety measures, and
final disposal are not correct, this could result in even more harm to the ecosys-
tem and the applicators. The safe management of pesticides should include all
the steps of handling: importation, formulation, packaging, storage, transport,
and application, as well as field reentry safety intervals before the harvest, and
disposal of empty containers, remnants, and outdated products. However, the
existing legal framework is not sufficient to regulate all these aspects. Field
workers are not really aware of the dangers in handling and applying these
products (Mondino 2002).

The state should create more specific inspection mechanisms. Preventive bio-
logical monitoring of all personnel directly involved with pesticides in order to
reduce occupational risks should also exist. With regard to pesticide disposal,
there are no clear legal regulations, although the DINAMA is working in this
aspect.

VII. Conclusions

From the point of view of the authors, the pesticides situation in Uruguay makes
evident the need to implement their correct management and the systematic
evaluation of their impact on human health and the environment. There should
be residue control, decrease of risk in the number of contaminants generated by
the diffuse sources, and education for the appropriate and safe management of
these products.

The existing legal framework should be supplanted by a unique pesticide
registration system and the creation of new laws to permit their proper control.
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Table 19. Chemical nomenclature and CAS number of pesticides referred to in this
review.

Name Chemical name CAS number

2,4-D 2,4-(Dichlorophenoxy) acetic acid 94-75-7
2,4-D, diethylamine salt 2008-39-1
2,4,5-T 2,4,5-(Trichlorophenoxy) acetic acid 93-76-5
2,4,5-TP 2,4,5-Triclorophenoxypropionic acid 93-72-1
Aldrin 1,4:5,8-Dimethanonaphthalene, 309-00-2

1,2,3,4,10,10-hexachloro-1,4,4 a,
5,8,8a-hexahydro

Atrazine 2-Chloro-4-ethylamine-6- 1912-24-9
isopropylamino-S-triazine [6]

Cypermethrin (RS)-α-Cyano-3-phenoxybenzyl 52315-07-8
(1RS)-cis-trans-3-(2,2-
dichlorovinyl)-2,2-
dimethylcyclopropanecarboxylate

Chlordane 1,2,4,5,6,7,8,8-Octachloro- 57-74-9
2,3,3a,4,7,7a-hexahydro-4,7-
methanoindene [9]

Chlorpyrifos O,O-Diethyl O-3,5,6-trichloro-2- 2921-88-2
pyridyl phosphorothioate

DDT 1,1′-(2,2,2-Trichloroethylidene)bis[4- 50-29-3 (79)
chlorobenzene]; 1,1,1-trichloro-2,2-
bis(4-chlorophenyl) ethane [79]

Diazinon O,O-Diethyl O-2-isopropyl-6-methyl- 333-41-5
(pyrimidine-4-yl) phosphorothioate
[13]

Dieldrin 1,2,3,4,10,10-Hexachloro-6,7-epoxy- 60-57-1
1,4,4a,5,6,7,8,8a-octahydro-endo-
1,4-exo-5,8-dimethanonaphthalene

Dodecachlor® (Mirex) Dodecachlorooctahydro-1,3,4- 2385-85-5
metheno-1H-cyclobuta [cd]
pentalene

Dursban® (Chlorpyrifos) O,O-Diethyl O-(3,5,6-trichloro-2- 2921-88-2
pyridyl) phosphorothioate

Edifenphos Phosphorodithioic acid O-ethyl S,S- 17109-49-8
diphenyl ester

Endosulfan 6,7,8,9,10,10-Hexachloro- 115-29-7 (alpha-
1,5,5a,6,9,9a-hexahydro-6,9- somer, 959-98-8;
methano-2,4,3-benzadioxathiepin beta-isomer,
3-oxide [9] 33213-65-9)

Endrin 7421934(Hexachloroepoxyoctahydro-
endo,endo-dimethanonaphthalene)

Ethion O,O,O′,O′-tetraethyl S,S′-methylene 563-12-2
bis(phosphorodithioate) [13]
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Table 19. (Continued.

Name Chemical name CAS number

Folpet N-[(Trichloromethyl)thio]phthalimide 133-07-3 (1)
(223, 322)

Lindane γ-Hexachlorocyclohexane 58-89-9
Glyphosate N-(Phosphonomethyl)glycine 1071-83-6
HCB Hexachlorobenzene 118-74-1
HCH Hexachlorocyclohexane 608-73-1
Heptachlor 1,4,5,6,7,8,8-Heptachloro-3a,4,7,7a- 76-44-8

tetrahydro-4,7-methanoindene [9]
Lindane γ-2,3,4,5,6-hexachlorocyclohexane 58-89-9

[9]
Malathion Diethyl (dimethoxy 121-75-5

thiophosphorylthio) succinate [13]
Mancozeb Manganese ethylene-bis 8018-01-7

(dithiocarbamate) (polymeric)
Metamidofos O,S-Dimethyl phosphoramidothioate 10265-92-6
Metiram Zinc ammoniate ethlene-bis 9006-42-2

(dithiocarbamate)-
poly(ethylene thiuram disulfide) [3]

Methoxychlor 1,1,1-Trichloro-2,2-bis(4- 72-43-5
methoxyphenyl)ethane [9]

Mirex 1,3,4-Metheno-1H- 2385-85-5
cyclobuta[cd]pentalene,
1,1a,2,2,3,3a,4,5,5,5a,5b,6-
dodecachlorooctahydro

Molinate S-Ethyl hexhydro-1H-azepine-1- 2212-67-1
carbothiate [3]

Monocrotophos Dimethyl (E)-1-methyl-2-(methylcar- 2157-98-4
bamoyl)vinyl phosphate (mixed isomers)

Parathion, ethyl O,O-Diethyl-O-(4-nitrophenyl) 56-38-2
phosphorothioate

Parathion, methyl O,O-dimethyl O-4-nitrophenyl 298-00-0
phosphorothioate [13]

PCBs Chlorobiphenyl 11097-69-1
pp′-DDE 1,1-Dichloro-2,2 bis 72-55-9

(p-chlorophenyl) ethylene
Propanil N-(3,4-Dichlorophenyl) propanamide 709-98-8
Quinclorac 3,7-Dichloro-8-quinolinecarboxylic 84087-01-4

acid
Sulfosate N-(Phosphonomethyl)glycine 81591-81-3

trimethylsulfonium salt
Toxaphene Chlorinated camphene 8001-35-2
Ziram Zinc bis(dimethyldithiocarbamate) [3] 137-30-4
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There should also be better enforcement of disposal of pesticide containers and
outdated products. In this aspect, it is important to promote the development of
laboratories for the analysis of residues in food for export and local consump-
tion, water, soil, air, and biota. Applicators should be properly trained and regu-
larly monitored from the medical point of view. It is also fundamental to estab-
lish standards to solve the problems caused by the mismanagement of empty
containers and the disposal of outdated products.

Summary

This is a review, from an independent and scientific point of view, of the differ-
ent aspects involved in the issue of pesticides in Uruguay. In its preparation,
the University, responsible official institutions, nongovernment environmental
organizations, and independent experts have been consulted.

As to the legal framework, the responsibilities of the institutions are de-
scribed and evaluated. The earlier and current regulations for the registration
and sale of pesticides are presented, as well as the available information on the
active ingredients most used in Uruguay. Official control is evaluated in refer-
ence to pesticide residues in food, drinking water, and the environment and to
final waste disposal. Maximum allowed residue limits and the responsibilities
of the corresponding governmental institutions are presented. Emphasis is
placed on the fact that there are no publicly available data. Several research
programs are presented, mainly from academia, and usually are not completed
due to lack of financial support.

In the conclusions the most problematic aspects are pointed out, emphasizing
the need to improve national regulations for the country to establish an effective
system of control. The importance of financial support to achieve this control
and to conduct interdisciplinary studies to determine the real situation is dis-
cussed.

All compounds are listed in Table 19.
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De Salterain P (1993) Agrotóxicos hasta en la sopa. http://www.ecocomunidad.org.uy/

ecosur/txt.agrtóxicox.htm.
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I. Introduction

Mercury has no beneficial biological function, and its presence in living organ-
isms is associated with cancer, birth defects, and other undesirable outcomes
(Eisler 2000). The use of liquid mercury (Hg0) to separate microgold (Au0)
particles from sediments through formation of amalgam (Au-Hg) with subse-
quent recovery and reuse of mercury is a technique that has been in force for at
least 4700 years (Lacerda 1997a); however, this process is usually accompanied
by massive mercury contamination of the biosphere (Petralia 1996). It is esti-
mated that gold mining currently accounts for about 10% of the global mercury
emissions from human activities (Lacerda 1997a).
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This account documents the history of mercury in gold production; ecotoxi-
cological aspects of the amalgamation process in various geographic regions,
with emphasis on Brazil and North America; lethal and sublethal effects of
mercury and its compounds to plants and animals; and proposed mercury criteria
to protect sensitive natural resources and human health.

II. History of Mercury in Gold Mining

The use of mercury in the mining industry to amalgamate and concentrate pre-
cious metals dates from about 2700 B.C.E. when the Phoenicians and Cartha-
ginians used it in Spain. The technology became widespread by the Romans in
50 C.E. and is similar to that employed today (Lacerda 1997a; Rojas et al. 2001).
In 177 C.E., the Romans banned elemental mercury use for gold recovery in
mainland Italy, possibly in response to health problems caused by this activity
(de Lacerda and Salomons 1998). Gold extraction using mercury was wide-
spread until the end of the first millennium (Meech et al. 1998).

In the Americas, mercury was introduced in the 16th century to amalgamate
Mexican gold and silver. In 1849, during the California gold rush, mercury was
widely used, and mercury poisoning was allegedly common among miners
(Meech et al. 1998). In the 30-yr period 1854–1884, gold mines in California’s
Sierra Nevada range released between 1400 and 3600 tons (t) of mercury to the
environment (Fields 2001); dredge tailings from this period still cover more
than 73 km2 in the Folsom-Natomas region of California and represent a threat
to current residents (de Lacerda and Salomons 1998). In South America, mer-
cury was used extensively by the Spanish colonizers to extract gold, releasing
nearly 200,000 t mercury to the environment between 1550 and 1880 as a direct
result of this process (Malm 1998). At the height of the Brazilian gold rush in
the 1880s, more than 6 million people were prospecting for gold in the Amazon
region alone (Frery et al. 2001).

It is doubtful whether there would have been gold rushes without mercury
(Nriagu and Wong 1997). Supplies that entered the early mining camps included
hundreds of flasks of mercury weighing 34.5 kg each, consigned to the placer
diggings and recovery mills. Mercury amalgamation provided an inexpensive
and efficient process for the extraction of gold, and the process can be learned
rapidly by itinerant gold diggers. The mercury amalgamation process absolved
the miners from any capital investment on equipment, and this was important
where riches were obtained instantaneously and ores contained only a few
ounces of gold per ton and could not be economically transported elsewhere for
processing (Nriagu and Wong 1997).

Mercury released to the biosphere between 1550 and 1930 as a result of gold
mining activities, mainly in Spanish colonial America, but also in Australia,
southeast Asia, and England, may have exceeded 260,000 t (Lacerda 1997a).
Exceptional increases in gold prices in the 1970s concomitant with worsening
socioeconomic conditions in developing regions of the world resulted in a new
gold rush in the Southern Hemisphere involving more than 10 million people in
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all continents. At present, mercury amalgamation is used as the major technique
for gold production in South America, China, Southeast Asia, and some African
countries. Most of the mercury released to the biosphere through gold mining
may still participate in the global mercury cycle through remobilization from
abandoned tailings and other contaminated areas (Lacerda 1997a).

From 1860 to 1925, amalgamation was the main technique for gold recovery
worldwide, and it was common in the United States until the early 1940s (Greer
1993). The various procedures in current use can be grouped into two categories
(de Lacerda and Salomons 1998; Korte and Coulston 1998):

1. Recovery of gold from soils and rocks containing 4–20 g gold/t. The metal-
rich material is passed through grinding mills to produce a metal-rich concen-
trate. In Colonial America, mules and slaves were used instead of electric mills.
This practice is associated with pronounced deforestation, soil erosion, and
river siltation. The concentrate is moved to small amalgamation ponds or
drums, mixed with liquid mercury, squeezed to remove excess mercury, and
taken to a retort for roasting. Any residue in the concentrate is returned to the
amalgamation pond and reworked until the gold is extracted.

2. Extraction of gold from dredged bottom sediments. Stones are removed by
iron meshes. The material is then passed through carpeted riffles for 20–30
hr, which retains the heavier gold particles. The particles are collected in
barrels, amalgamated, and treated as in the previous paragraph. However,
residues of the procedure are released into the rivers. Vaporization of mercury
and losses also occurs due to human error (de Lacerda and Salomons 1998).

The organized mining sector abandoned amalgamation because of economic and
environmental considerations. However, small-scale mine operators in South
America, Asia, and Africa, often driven by unemployment, poverty, and land-
lessness, have resorted to amalgamation because they lack affordable alternative
technologies. Typically, these operators pour liquid mercury over crushed ore
in a pan or sluice. The amalgam, a mixture of gold and mercury (Au-Hg), is
separated by hand, passed through a chamois cloth to expel the excess mercury,
which is reused, then heated with a blowtorch to volatilize the mercury. About
70% of the loss of mercury to the environment occurs during the blowtorching.
Most of these atmospheric emissions quickly return to the river ecosystem in
rainfall and concentrate in bottom sediments (Greer 1993).

Residues from mercury amalgamation remain at many stream sites around
the globe. Amalgamation should not be applied because of health hazards and
is, in fact, forbidden almost everywhere; however, it remains in use today, espe-
cially in the Amazon section of Brazil. In Latin America, more than 1 million
gold miners collect between 115 and 190 t gold annually, emitting more than
200 t mercury in the process (Korte and Coulston 1998). The world production
of gold is about 225 t annually, with 65 t of the total produced in Africa. It is
alleged that only 20% of the mined gold is recorded officially.

About 1 million people are employed globally on nonmining aspects of arti-
sanal gold, 40% of them female with an average yearly income of US $600
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(Korte and Coulston 1998). The total number of gold miners in the world using
mercury amalgamation to produce gold ranges from 3 to 5 million, including
650,000 in Brazil, 250,000 in Tanzania, 250,000 in Indonesia, and 150,000 in
Vietnam (Jernelov and Ramel 1994). To provide a living, marginal at best, for
this large number of miners, gold production and mercury use would come to
thousands of tons annually; however, official figures account for only 10% of
the production level (Jernelov and Ramel 1994). At least 90% of the gold ex-
tracted by individual miners in Brazil is not registered with authorities for a
variety of reasons, some financial. Accordingly, official gold production figures
reported in Brazil and probably most other areas of the world are grossly under-
reported (Porvari 1995).

Cases of human mercury contamination have been reported from various
sites around the world ever since mercury was introduced as the major mining
technique to produce gold and other precious metals in South America hundreds
of years ago (de Lacerda and Salomons 1998). Contamination in humans is
reflected by elevated mercury concentrations in air, water, diet, and in hair,
urine, blood, and other tissues. However, only a few studies actually detected
symptoms or clinical evidence of mercury poisoning in gold mining communi-
ties (Eisler 2003).

After the development of the cyanide leaching process for gold extraction,
mercury amalgamation disappeared as a significant mining technology (de Lac-
erda and Salomons 1998). However, when the price of gold soared from US
$58/troy ounce in 1972 to $430 in 1985, a second gold rush was triggered,
particularly in Latin America, and later in the Philippines, Thailand, and Tanza-
nia (de Lacerda and Salomons 1998). In modern Brazil, where there has been a
gold rush since 1980, at least 2000 t mercury was released, with subsequent
mercury contamination of sediments, soils, air, fish, and human tissues; a similar
situation exists in Columbia, Venezuela, Peru, and Bolivia (Malm 1998). Recent
estimates of global anthropogenic total mercury emissions range from 2000 to
4000 t/yr, of which 460 t is from small-scale gold mining (Porcella et al. 1995,
1997). Major contributors of mercury to the environment from recent gold min-
ing activities include Brazil (3000 t since 1979), China (596 t since 1938),
Venezuela (360 t since 1989), Bolivia (300 t since 1979), the Philippines (260
t since 1986), Columbia (248 t since 1987), the United States (150 t since 1969),
and Indonesia (120 t since 1988; Lacerda 1997a).

The most heavily mercury contaminated site in North America is the Lahon-
tan Reservoir and environs in Nevada (Henny et al. 2002). Millions of kilograms
of liquid mercury used to process gold and silver ore mined from Virginia City,
Nevada, and vicinity between 1859 and 1890, along with waste rock, were re-
leased into the Carson River watershed. The inorganic elemental mercury was
readily methylated to water-soluble methylmercury. Over time, much of this
mercury was transported downstream into the lower reaches of the Carson
River, especially the Lahontan Reservoir and Lahontan wetlands near the termi-
nus of the system, with significant damage to wildlife (Henny et al. 2002).

Most authorities on mercury ecotoxicology now agree on six points:
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1. Mercury and its compounds have no known biological function, and its pres-
ence in living organisms is undesirable and potentially hazardous.

2. Forms of mercury with relatively low toxicity can be transformed into forms
with very high toxicity through biological and other processes.

3. Methylmercury, the most toxic form, can be bioconcentrated in organisms
and biomagnified through food chains, returning mercury directly to humans
and other upper-trophic-level consumers in concentrated form.

4. Mercury is a mutagen, teratogen, and carcinogen and causes embryocidal,
cytochemical, and histopathological effects.

5. High body burdens of mercury normally encountered in some species of fish
and wildlife from remote locations emphasize the complexity of natural mer-
cury cycles and human impacts on these cycles.

6. Anthropogenic release of mercury should be curtailed, because the difference
between tolerable natural background levels of mercury and harmful effects
in the environment is exceptionally small.

These concerns, and other aspects of mercury and its compounds in the environ-
ment as a result of natural or anthropogenic processes, are the subject of many
reviews, including those by Montague and Montague (1971), D’Itri (1972),
Friberg and Vostal (1972), Jernelov et al. (1972, 1975), Keckes and Miettinen
(1972), Buhler (1973), Holden (1973), D’Itri and D’Itri (1977), Eisler (1978,
1981, 1987, 2000), U.S. National Academy of Sciences (USNAS) (1978), Beijer
and Jernelov (1979), Birge et al. (1979), Magos and Webb (1979), Nriagu
(1979), Clarkson and Marsh (1982), Das et al. (1982), Boudou and Ribeyre
(1983), Elhassni (1983), Clarkson et al. (1984), Robinson and Touvinen (1984),
U.S. Environmental Protection Agency (USEPA) (1985), Wren (1986), Clark-
son (1990), Lindqvist (1991), U.S. Public Health Service (USPHS) (1994), Wa-
tras and Huckabee (1994); Hamasaki et al. (1995), Porcella et al. (1995), Heinz
(1996), Thompson (1996), Wiener and Spry (1996), de Lacerda and Salomons
(1998), Wolfe et al. (1998), and Wiener et al. (2002).

III. Ecotoxicological Aspects of Amalgamation

Mercury emissions from historic gold mining activities and from present gold
production operations in developing countries represent a significant source of
local pollution. Poor amalgamation distillation practices account for a significant
part of the mercury contamination, followed by inefficient amalgam concentrate
separation and gold melting operations (Meech et al. 1998). Ecotoxicological
aspects of mercury amalgamation of gold are presented next for selected geo-
graphic regions, with special emphasis on Brazil and North America.

A. Brazil

High mercury levels found in the Brazilian Amazon environment are attributed
mainly to gold mining practices, although elevated mercury concentrations are
reported in fish and human tissues in regions far from any anthropogenic mer-
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cury source (Fostier et al. 2000). Since the late 1970s, many rivers and water-
ways in the Amazon have been exploited for gold using mercury in the mining
process as an amalgamate to separate the fine gold particles from other compo-
nents in the bottom gravel (Malm et al. 1990). Between 1979 and 1985, at least
100 t mercury was discharged into the Madeira River basin with 45% reaching
the river and 55% passing into the atmosphere. As a result of gold mining
activities using mercury, elevated concentrations of mercury were measured in
bottom sediments from small forest streams (up to 157 mg Hg/kg dry weight
(DW)), in stream water (up to 10 µg/L), in fish muscle (up to 2.7 mg/kg fresh
weight (FW)), and in human hair (up to 26.7 mg/kg DW) (Malm et al. 1990,
1997, 1998). Mercury transport to pristine areas by rainwater, water currents,
and other vectors could be increased with increasing deforestation, degradation
of soil cover from gold mining activities, and increased volatilization of mercury
from gold mining practices (Davies 1997; Fostier et al. 2000). Population shifts
as a result of gold mining are common in Brazil. For example, from 1970 to
1985, the population of Rondonia, Brazil, increased from about 111,000 to
904,000, mainly due to gold mining and agriculture. One result was a major
increase in deforested areas and in gold production from 4 kg/yr to 3600 kg/yr
(Martinelli et al. 1988).

Mercury is lost during two distinct phases of the gold mining process. In the
first phase, sediments are aspirated from the river bottom and passed through a
series of seines. Metallic mercury is added to the seines to separate and amal-
gamate the gold. Part of this mercury escapes into the river, with risk to fish
and livestock that drink river water, and to humans from occupational exposure
and from ingestion of mercury-contaminated fish, meat, and water. In the second
phase, the gold is purified by heating the amalgam, usually in the open air,
with mercury vapor lost to the atmosphere. Few precautions are taken to avoid
inhalation of the mercury vapor by the workers (Palheta and Taylor 1995; Marti-
nelli et al. 1988).

Mercury Sources and Release Rates All mercury used in Brazil is imported,
mostly from the Netherlands, Germany, and England, reaching 340 t in 1989
(Lacerda 1997b). For amalgamation purposes, mercury in Brazil is sold in small
quantities (200 g) to a great number (about 600,000) of individual miners. Seri-
ous ecotoxicological damage is likely because much, if not most, of the human
population in these regions depend on local natural resources for food (Lacerda
1997b). The amount of gold produced in Brazil was 9.6 t in 1972 and 218.6 t
in 1988; an equal amount of mercury is estimated to have been discharged
into the environment (Camara et al. 1997). In Brazil, industry was responsible
for almost 100% of total mercury emissions to the environment until the early
1970s, at which time existing mercury control policies were enforced with sub-
sequent declines in mercury releases (Lacerda 1997b). Mercury emissions from
gold mining were insignificant up to the late 1970s, but by the mid-1990s this
accounted for 80% of the total mercury emissions. About 210 t mercury is now
released to the biosphere each year in Brazil: 170 t from gold mining, 17 t from
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the chloralkali industry, and the rest from other industrial sources. Emission to
the atmosphere is the major pathway of mercury releases to the environment,
with the gold mining industry accounting for 136 t annually in Brazil (Lacerda
1997b).

At least 400,000, and perhaps as many as 1 million, small-scale gold miners,
known as garimpos, are active in the Brazilian Amazon region on more than
2000 sites (Pessoa et al. 1995; Veiga et al. 1995). It is estimated that each
garimpo is indirectly responsible for another 4 to 5 people, including builders
and operators of production equipment, dredges, aircraft (at least 1,000), small
boats or motor-driven canoes (at least 10,000), and about 1100 pieces of digging
and excavation equipment. It is conservatively estimated that this group dis-
charges 100 t mercury into the environment each year. There are five main
mining and concentration methods used in the Amazon region to extract gold
from rocks and soils containing 0.6–20 g/t gold (Pessoa et al. 1995):

1. Manual: this method involves the use of primitive equipment, such as shovels
and hoes. About 15% of the garimpos use this method, usually in pairs. Gold
is recovered in small concentration boxes with crossed riffles. Very few tail-
ings are discharged into the river.

2. Floating dredges with suction pumps: this method is considered inefficient,
with large loss of mercury and low recovery of gold.

3. Rafts with underwater divers directing the suction process: this is considered
a hazardous occupation, with many fatalities. Incidentally, there is a compara-
tively large mercury loss using this procedure.

4. Hydraulic disintegration: this involves breaking down steep banks using a
high-pressure water jet pump.

5. Concentration mills: gold recovered from underground veins is pulverized
and extracted, sometimes by cyanide heap leaching.

The production of gold by garimpos (small- and medium-scale, often clan-
destine and transitory mineral extraction operations) is from three sources: ex-
traction of auriferous materials from river sediments; from veins, where gold is
found in the rocks; and alluvial, where gold is found on the banks of small
rivers (Camara et al. 1997). The alluvial method is the most common and in-
cludes installation of equipment and housing, hydraulic pumping (high-pressure
water to bring down the pebble embankment), concentration of gold by mercury,
and burning the gold to remove the mercury. The latter step is responsible for
about 70% of the mercury entering the environment. The gold is sold at special-
ized stores where it is again fired. Metallic mercury can also undergo methyla-
tion in the river sediments and enter the food chain (Camara et al. 1997).

In the Amazon region of Brazil, more than 3000 t mercury was released into
the biosphere from gold mining activities between 1987 and 1994, especially
into the Tapajos River basin (Boas 1995; Castilhos et al. 1998). Local ecosys-
tems receive about 100 t metallic mercury yearly, of which 45% enters river
systems and 55% the atmosphere (Akagi et al. 1995). Mercury lost to rivers and
soils as Hg0 is comparatively unreactive and contributes little to mercury bur-
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dens in fish and other biota (de Lacerda 1997). Mercury entering the atmosphere
is redeposited with rainfall at 90–120 µg/m2 annually, mostly as Hg2+ and partic-
ulate mercury; these forms are readily methylated in floodplains, rivers, lakes,
and reservoirs (de Lacerda 1997). Health hazards to humans include direct inha-
lation of mercury vapor during the processes of burning the Hg-Au amalgam
and consuming mercury-contaminated fish. Methylmercury, the most toxic form
of mercury, is readily formed (Akagi et al. 1995).

About 130 t Hg0 is released annually by alluvial gold mining to the Amazo-
nian environment, either directly to rivers or into the atmosphere, after reconcen-
tration, amalgamation, and burning (Reuther 1994). In the early 1980s, the Ama-
zon region in northern Brazil was the scene of the most intense gold rush in the
history of Brazil (Hacon et al. 1995). Metallic mercury was used to amalgamate
particulate metallic gold. Refining of gold to remove the mercury is considered
to be the source of environmental mercury contamination; however, other
sources of mercury emissions in Amazonia include tailings deposits and burning
of tropical forests and savannahs (Hacon et al. 1995). In 1989 alone, gold min-
ing in Brazil contributed 168 t mercury to the environment (Aula et al. 1995).

Lechler et al. (2000) asserted that natural sources of mercury and natural
biogeochemical processes contribute heavily to reported elevated mercury con-
centrations in fish and water samples collected as much as 900 km downstream
from local gold mining activities. Based on analysis of water, sediments, and
fish samples systematically collected along a 900-km stretch of the Madeira
River in 1997, they concluded that the elevated mercury concentrations in sam-
ples were mainly derived from natural sources and that the effects of mercury
released from gold mining sites were localized (Lechler et al. 2000). This con-
clusion needs to be verified.

Mercury Concentrations in Abiotic Materials and Biota Since 1980, during the
present gold rush in Brazil, at least 2000 t mercury were released into the envi-
ronment (Malm 1998). Elevated mercury concentrations are reported in virtually
all abiotic materials, plants, and animals collected near mercury-amalgamation
gold mining sites (Table 1). Mercury concentrations in samples show high vari-
ability, which may be related to seasonal differences, geochemical composition
of the samples, and species differences (Malm 1998). In 1992, more than 200 t
mercury was used in the gold mining regions of Brazil (von Tumpling et al.
1995). One area, near Pocone, has been mined for more than 200 years. In the
1980s, about 5000 miners were working 130 gold mines in this region. Mercury
was used to amalgamate the preconcentrated gold particles for separation of the
gold from the slag. Mercury-contaminated wastes from the separation process
were combined with the slag from the reconcentration process and collected as
tailings. The total mercury content in tailings piles in this geographic locale was
estimated at about 1600 kg, or about 12% of all mercury used in the past 10
years. Surface runoff from tropical rains caused extensive erosion of tailings
piles, some 4.5 m high, with contaminated material reaching nearby streams and
rivers. In the region of Pocone, mercury concentrations in waste tailings material
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Table 1. Total mercury concentrations in abiotic materials, plants, and animals near
active Brazilian gold mining and refining sites.

Location, sample, and other variables Concentrationa Referenceb

Amazon region
Livestock; gold field vs. reference site

Hair
Cattle 0.2 mg/kg dry weight (DW) 1

vs. 0.1 mg/kg DW
Pigs 0.9 mg/kg DW vs. 0.2 mg/kg 1

DW
Sheep 0.2 mg/kg DW vs. 0.1 mg/kg 1

DW
Blood

Cattle 12 µg/L vs. 5 µg/L 1
Pigs 18 µg/L vs. 13 µg/L 1
Sheep 3 µg/L vs. 1 µg/L 1

Humans
Blood

Miners (2–29) µg/L 1
Villagers (3–10) µg/L 1
River dwellers (1–65) µg/L 1
Reference site (2–10) µg/L 1

Urine
From people in gold process- 269 (10–1168) µg/L vs. <50 16

ing shops vs. maximum µg/L vs. 12.0 (1.5–74.3)
allowable level vs. refer- µg/L
ence site

From miners (1–155) µg/L 1
From villagers (1–3) µg/L 1
From reference site (0.1–7.0) µg/L 1

Hair
Pregnant women vs. maxi- 3.6 (1.4–8.0) mg/kg FW vs. 16

mum allowable for this <10 mg/kg fresh weight
cohort (FW)

Miners (0.4–32.0) mg/kg DW 1
Villagers (0.8–4.6) mg/kg DW 1
River dwellers (0.2–15.0) mg/kg DW 1
Reference site <2 mg/kg DW 1

Soils
Forest soils; 20–100 m from 2.0 (0.4–10.0) mg/kg DW vs. 16

amalgam refining area vs. refer- 0.2 (Max 0.3) mg/kg DW
ence site

Urban soils; 5–350 m from 7.5 (0.5–64.0) mg/kg DW vs. 16
amalgam refining area vs. refer- 0.4 (0.03–1.3) mg/kg DW
ence site
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Table 1. (Continued).

Location, sample, and other variables Concentrationa Referenceb

Alta Floresta and vicinity
Air; near mercury emission areas (0.02–5.8) µg/m3 vs. (0.25– 2, 3

from gold purification vs. indoor 40.6) µg/m3

gold shop
Fish muscle, carnivorous species 0.3–3.6 mg/kg FW 3
Soil (0.05–4.1) mg/kg DW 2, 4
Madeira River and vicinity
Air (10–296) µg/m3 4
Aquatic macrophytes

Leaves; floating vs. 0.9–1.0 mg/kg DW vs. 0.001 4
submerged mg/kg DW

Victoria amazonica 0.9 mg/kg DW 5
Eichornia crassipes (0.04–1.01) mg/kg DW 5
Echinocloa polystacha <0.008 DW 5

Fish eggs, detritivores (0.05–3.8) mg/kg FW 5
Fish muscle

Carnivores vs. omnivores 0.5–2.2 mg/kg FW vs. 0.04– 5
1.0 mg/kg FW

Carnivorous species vs. non- Max 2.9 mg/kg FW vs. Max 4
carnivorous species 0.65 mg/kg FW

Seven species
Herbivores 0.08 mg/kg FW; Max 0.2 mg/ 6

kg FW
Omnivores 0.8 mg/kg FW; Max 1.7 mg/ 6

kg FW
Piscivores 0.9 mg/kg FW; Max 2.2 mg/ 6

kg FW
Maximum 2.7 mg/kg FW 7, 15

Water Max 8.6–10.0 µg/L 7, 15
Sediments 19.8 mg/kg DW; Max 157.0 7, 15

mg/kg DW
Mato Grosso
Freshwater mollusks (Ampullaria Max 1.2 mg/kg FW 8

spp., Marisa planogyra); soft
parts

Sediments Max 0.25 mg/kg FW 8
Negro River
Fish muscle; fish-eating species vs. Max 4.2 mg/kg FW vs. Max 4

herbivores 0.35 mg/kg FW
Pantanal
Clam, Anodontitis trapesialis; soft 0.35 mg/kg FW 9

parts
Clam, Castalia sp.; soft parts 0.64 mg/kg FW 9
Parana River; water; dry season vs. 0.41 µg/L vs. 2.95 µg/L 4

rainy season
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Table 1. (Continued).

Location, sample, and other variables Concentrationa Referenceb

Pocone and vicinity
Air <0.14–1.68 µg/m3 4
Fish muscle; carnivores vs. noncar- Max 0.68 mg/kg FW vs. Max 4

nivores 0.16 mg/kg FW
Surface sediments 0.06–0.08 mg/kg DW 4
Porto Velho
Air 0.1–7.5 µg/m3 4
Soils; near gold dealer shops vs. (0.4–64.0) mg/kg DW vs. 4

reference site (0.03–1.3) mg/kg DW
Tapajas River
Fish muscle; carnivores vs. noncar- Max 2.6 mg/kg FW vs. Max 4

nivores 0.31 mg/kg FW
Fish muscle; contaminated site vs.

reference site 250 km down-
stream

Carnivorous fishes 0.42 mg/kg FW vs. 0.23 mg/ 10
kg FW

Noncarnivorous fishes 0.06 mg/kg FW vs. 0.04 mg/ 10
kg FW

Sediments; mining area vs. refer-
ence site

Total mercury 0.14 mg/kg FW vs. (0.003– 4
0.009) mg/kg FW

Methylmercury 0.8 µg/kg FW vs. 0.07–0.19 4
µg/kg FW

Teles River mining site
Air (0.01–3.05) µg/m3 4
Fish muscle Max 3.8 mg/kg FW 4
Tucurui Reservoir and environs
Aquatic macrophytes

Floating vs. submerged 0.12 mg/kg DW vs. 0.03 mg/ 4
kg DW

Floating plants; roots vs. Max 0.098 mg/kg DW vs. 11
shoots Max 0.046 mg/kg DW

Fish muscle, 7 species 0.06–2.6 mg/kg FW; Max 12
4.5 mg/kg FW

Fish muscle; carnivores vs. noncar- Max 2.9 mg/kg FW vs. Max 4
nivores 0.16 mg/kg FW

Gastropods; soft parts vs. eggs 0.06 (0.01–0.17) mg/kg 12
FW vs. ND

Turtle, Podocnemis unifilis; egg 0.01 (0.007–0.02) mg/kg FW 12
Caiman (crocodile), Paleosuchus 1.9 (1.2–3.6) mg/kg FW vs. 12

sp.; muscle vs. liver 19.0 (11.0-30.0) mg/kg FW
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Table 1. (Continued).

Location, sample, and other variables Concentrationa Referenceb

Capybara (mammal),
Hydrochoerus hydrochaeris

Hair 0.16 (0.12–0.19) mg/kg DW 12
Liver 0.01 (0.006–0.01) mg/kg FW 12
Muscle 0.02 (0.007–0.03) mg/kg FW 12

Sediments 0.13 (0.07–0.22) mg/kg DW 11
Various locations, Brazil
Air

Mining areas Max 296 µg/m3 4
Rio de Janeiro (0.02–0.007) µg/m3 4
Rural areas vs. urban areas 0.001–0.015 µg/m3 vs. 4

0.005–0.05 µg/m3

Bromeliad epiphyte (plant),
Tillandsia usenoides; exposure
for 45 days; dry season vs. rainy
season

Near mercury emission 12.2 (1.9–22.5) mg/kg FW 14
sources vs. 5.2 (2.5–9.5) mg/kg FW

Inside gold shop 4.3 (0.6–26.8) mg/kg FW vs. 14
1.7 (0.2–5.3) mg/kg FW

Local controls 0.2 (<0.08–0.4) mg/kg FW 14
vs. 0.09 (<0.08–0.12) mg/
kg FW

Rio de Janeiro controls 0.2 (<0.08–0.4) mg/kg FW 14
vs. <0.08 mg/kg FW

Fish muscle
Near gold mining areas 0.21–2.9 mg/kg FW 13
Global, mercury contaminated 1.3–24.8 mg/kg FW 13
Reference sites; carnivorous Max 0.17 mg/kg FW vs. Max 4

species vs. noncarnivorous <0.10 mg/kg FW
species

Lake water; gold mining areas vs. 0.04–8.6 µg/L vs. <0.03 µg/L 1
reference sites

River water; mining areas vs. refer- 0.8 µg/L vs. <0.2 µg/L 1
ence sites

Sediments; gold mining areas vs. 0.05–19.8 mg/kg DW vs. 13
reference sites <0.04 mg/kg DW

Soils (forest); gold mining areas 0.4–10.0 mg/kg DW vs. 4
vs. reference sites 0.03–0.34 mg/kg DW

a Concentrations are shown as means, range (in parentheses), maximum (Max), and nondetectable
(ND).
bReferences: 1, Palheta and Taylor 1995; 2, Hacon et al. 1995; 3, Hacon et al. 1997; 4, de Lacerda
and Salomons 1998; 5, Martinelli et al. 1988; 6, Dorea et al. 1998; 7, Pfeiffer et al. 1989; 8, Vieira
et al. 1995; 9, Callil and Junk 1999; 10, Castilhos et al. 1998; 11, Aula et al. 1995; 12, Aula et al.
1994; 13, Pessoa et al. 1995; 14, Malm et al. 1995a; 15, Malm et al. 1990; 16, Malm et al. 1995b.
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ranged from 2 to 495 µg/kg, occupied 4.9 km2, and degraded an estimated 12.3
km2 (von Tumpling et al. 1995).

Tropical ecosystems in Brazil are under increasing threat of development
and habitat degradation from population growth and urbanization, agricultural
expansion, deforestation, and mining (Lacher and Goldstein 1997). Where mer-
cury has been released into the aquatic system as a result of unregulated gold
mining, subsequent contamination of invertebrates, fish, and birds was measured
and biomagnification of mercury was documented from gastropod mollusks
(Ampullaria spp.) to birds (snail kite, Rostrhamus sociabilis) and from inverte-
brates and fish to waterbirds and humans (Lacher and Goldstein 1997). Indige-
nous peoples of the Amazon living near gold mining activities have elevated
levels of mercury in their hair and blood. Other indigenous groups are also at
risk from mercury contamination as well as from malaria and tuberculosis
(Greer 1993). The miners, mostly former farmers, are also victims of hard times
and limited opportunities. Small-scale gold mining offers an income and an
opportunity for upward mobility (Greer 1993).

Throughout the Brazilian Amazon, about 650,000 small-scale miners are re-
sponsible for about 90% of Brazil’s gold production and for the discharge of
90–120 t mercury to the environment every year. About 33% of the miners had
elevated concentrations in tissues over the tolerable limit set by the World
Health Organization (WHO) (Greer 1993). In Brazil, it is alleged that health
authorities are unable to detect conclusive evidence of mercury intoxication due
to difficult logistics and the poor health conditions of the mining population that
may mask evidence of mercury poisoning. There is a strong belief that a silent
outbreak of mercury poisoning has the potential for regional disaster (de Lacerda
and Salomons 1998).

In the Madeira River Basin, mercury levels in certain sediments were 1500
times higher than similar sediments from nonmining areas, and dissolved mer-
cury concentrations in the water column were 17 times higher than average for
rivers throughout the world (Greer 1993). High concentrations of mercury were
measured in fish and sediments from a tributary of the Madeira River affected
by alluvial small-scale mining (Reuther 1994). The local safety limit of 0.1 mg
Hg/kg DW sediment was exceeded by a factor of 25 and the safety level for
fish muscle of 0.5 mg Hg/kg FW muscle was exceeded by a factor of 4. Both
sediments and fish act as potential sinks for mercury because existing physico-
chemical conditions in these tropical waters (low pH, high organic load, high
microbial activity, elevated temperatures) favor mercury mobilization, methyla-
tion, and availability (Reuther 1994).

In Amazonian river sediments, mercury methylation accounts for less than
2.2% of the total mercury in sediments (de Lacerda and Salomons 1998). In
soils, mercury mobility is low, in general (de Lacerda and Salomons 1998).
There is an association between the distribution of mercury-resistant bacteria in
sediments and the presence of mercury compounds (Cursino et al. 1999). Be-
tween 1995 and 1997, mercury concentrations were measured in sediment along
the Carmo stream, Minas Gerais, located in gold prospecting areas. Most sedi-
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ments contained more than the Brazilian allowable limit of 0.1 mg Hg/kg DW.
Mercury-resistant bacteria were present in sediments at all sites and ranged from
27% to 77% of all bacterial species, with a greater percentage of species show-
ing resistance at higher mercury concentrations (Cursino et al. 1999).

The Pantanal is one of the largest wetlands in the world and extends over
300,000 km2 along the border area of Brazil, Bolivia, Argentina, and Paraguay
(Guimaraes et al. 1998). Half this surface is flooded annually. Since the 18th cen-
tury, gold has been extracted from quartz veins in Brazil using amalgamation as a
concentration process, resulting in metallic mercury releases to the atmosphere,
soils, and sediments. The availability to aquatic biota of Hg0 released by gold
mining activities is limited to its oxidation rate to Hg2+ and then by conversion to
methylmercury (CH3

+), which is readily soluble in water (Guimaraes et al. 1998).
The Pantanal in Brazil, at 140,000 km2, is an important breeding ground for

storks, herons, egrets, and other birds, as well as a refuge for threatened or
endangered mammals including jaguars (Panthera onca), giant anteaters (Myr-
mecophaga tridactyla), and swamp deer (Cervus duvauceli) (Alho and Viera
1997). Gold mining is common in the northern Pantanal. There are approxi-
mately 700 operating gold mining dredges along the Cuiba River. Unregulated
gold mines have contaminated the area with mercury, and 35%–50% of all
fishes collected from this area contain more than 0.5 mg Hg/kg FW muscle, the
current Brazilian and international (WHO) standard for fish consumed by hu-
mans (Alho and Viera 1997). Gastropod mollusks that are commonly eaten by
birds contained 0.02–1.6 mg Hg/kg FW soft tissues. Mercury concentrations in
various tissues of birds that ate these mollusks were highest in the anhinga
(Anhinga anhinga) at 0.4–1.4 mg/kg FW and the snail kite at 0.3–0.6 mg/kg
FW, and lower in the great egret (Casmerodius (formerly Ardea) albus) at 0.02–
0.04 mg/kg FW and in the limpkin (Aramus guarauna) at 0.1–0.5 mg/kg FW.
The high mercury levels detected, mainly in fishes, show that the mercury used
in gold mining and released into the environment has reached the Pantanal and
spread throughout the ecosystem with potential biomagnification (Alho and
Viera 1997).

Floating plants accumulate small amounts of mercury (see Table 1), but their
sheer abundance makes them likely candidates for mercury phytoremediation.
For example, in the Tucurui Reservoir in the state of Para, it is estimated that
32 t mercury is stored in floating plants, mostly Scurpus cubensis (Aula et al.
1995). Mercury methylation rates in sediments and floating plants were evalu-
ated in Fazenda Ipiranga Lake, 30 km downstream from gold mining fields near
Pantanal during the dry season of 1995 (Guimaraes et al. 1998). Sediments and
roots of dominant floating macrophytes (Eichornia azurea, Salvina sp.) were
incubated in situ for 3 d with about 43 µg Hg2+/kg DW added as 203HgCl2. Net
methylation was about 1% in sediments under floating macrophytes, being
highest at temperatures in the 33 °–45 °C range and high concentrations of sul-
fate-reducing bacteria. Methylation was inhibited above 55 °C, under saline
conditions, and under conditions of low sulfate. Mercury-203 was detectable
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to a depth of 16 cm in the sediments, coinciding with the depth reached by
chironomid larvae. Methylation was up to nine times greater in the roots of
floating macrophytes than in the underlying surface sediments: an average of
10.4% of added Hg2+ was methylated in Salvina roots in 3 d and 6.5% in
Eichornia roots (Guimaraes et al. 1998). Using radioisotope mercury-203 (203Hg)
tracers, no methylation was observed under anoxic conditions in organic-
rich, flocculent surface sediments due to the formation of HgS, a compound that
is much less available for methylation than is Hg2+ (Guimaraes et al. 1995). The
authors concluded that floating macrophytes should be considered in evalua-
tion of mercury methylation rates in tropical ecosystems (Guimaraes et al.
1998).

Clams collected near gold mining operations had elevated concentrations of
mercury (up to 0.64 mg Hg/kg FW) in soft tissues (see Table 1). Laboratory
studies suggest that mercury adsorbed to suspended materials in the water col-
umn is the most likely route for mercury uptake by filter-feeding bivalve mol-
lusks (Callil and Junk 1999).

Mercury concentrations in fish collected near gold mining activities in Brazil
were elevated, and decreased with increasing distance from mining sites (see
Table 1). In general, muscle is the major tissue of mercury localization in fishes,
and concentrations are higher in older, larger, predatory species (Aula et al.
1994; Eisler 2000; Lima et al. 2000). In the Tapajos River region, which re-
ceives between 70 and 130 t mercury annually from gold mining activities,
mercury concentrations in fish muscle were highest in carnivorous species, low-
est in herbivores, and intermediate in omnivores (Lima et al. 2000). However,
only 2% of fish collected in 1988 (vs. 1% in 1991) from the Tapajos region
exceeded the Brazilian standard of 0.5 mg total mercury/kg FW muscle, and all
violations were from a single species of cichlid (tucunare/speckled pavon,
Cichla temensis) (Lima et al. 2000). In a 1991 survey of 11 species of fishes
collected from a gold mining area (Cachoeira de Teotonio), it was found that
almost all predatory species had >0.5 mg Hg/kg FW muscle versus <0.5 mg/kg
FW in conspecifics collected from Guajara, a distant reference site (Padovani et
al. 1995). Limits on human food consumption were set for individual species
on the basis of mercury concentrations in muscle. Specifically, no restrictions
were placed on some species, mostly herbivores and omnivores, some restric-
tions on some omnivores and small predators, and severe restrictions on larger
predators (Padovani et al. 1995).

Fish that live near gold mining areas have elevated concentrations of mercury
in their flesh and are at high risk of reproductive failure (Oryu et al. 2001).
Mercury concentrations of 10–20 mg/kg FW in fish muscle are considered lethal
to the fish and 1–5 mg/kg FW sublethal; predatory fishes frequently contain
2–6 mg Hg/kg FW muscle. Mercury-contaminated fish pose a hazard to humans
and other fish consumers, including the endangered giant otter (Pteronura bra-
siliensis) and the jaguar. Giant otters eat mainly fish and are at risk from mer-
cury intoxication: 1–2 mg Hg/kg FW diet is considered lethal. Jaguars consume
fish and giant otters; however, no data are available on the sensitivity of this top
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predator to mercury (Oryu et al. 2001). Caiman crocodiles are also threatened by
gold mining and related mercury contamination of habitat, increased predation
by humans, extensive agriculture, and deforestation (Brazaitis et al. 1996). Cai-
man crocodiles (Paleosuchus spp.) from the Tucurui Reservoir area had up to
3.6 mg Hg/kg FW muscle and 30.0 mg Hg/kg FW liver (Aula et al. 1994).
Extensive habitat destruction and mercury pollution attributed to mining activity
was observed at 19 localities in Mato Grosso and environs. Crocodiles (Caiman
spp., Melanosuchus niger, Crocodilus crocodilus) captured from these areas
were emaciated, algae covered, in poor body condition, and heavily infested
with leeches (Brazaitis et al. 1996).

Mitigation There are two populations at significant risk from mercury intoxi-
cation in Brazilian gold mining communities: riverine populations, which rou-
tinely eat mercury-contaminated fish and have high levels of mercury in hair;
and gold dealers in indoor shops exposed to Hg0 vapors (de Lacerda and Salo-
mons 1998). These two critical groups should receive special attention regarding
exposure risks. Riverine populations, especially children and women of child-
bearing age, should avoid consumption of carnivorous fishes, and in gold dealer
shops, adequate ventilation and treatment systems for mercury vapor retention
should be installed (de Lacerda and Salomons 1998).

An occupational health and safety program was launched to educate Brazilian
adolescents to industrial hazards including health risks associated with mercury
amalgamation of gold (Camara et al. 1997). Adolescents, together with young
adults, constitute a large proportion of the garimpos and are in a critical physical
and psychological growth phase. The number of adolescents participating in
gold extraction increases with decreasing family income and with the structure
of the labor market as approved by public policy and the courts. The program
was designed to transfer information on risks associated with mining and other
dangerous occupations, apprise them of their choices, and to promote training.
The method had been successfully tested earlier in selected urban and rural
schools of different economic strata.

The community selected was Minas Gerais, where gold was discovered more
than 300 years ago and is the main source of community income. The munici-
pality does not have a sewer system, and the water supply is not treated. The
program was initiated in April 1994 over a 5-wk period. The 70 students were
from the 5th to 8th grade. Almost all worked, most in mining, where exposure
to mercury was illegal. Students successfully improved safety habits and
recognition of potential accident sites. A generalized occupational safety pro-
gram, such as this one, is recommended for other school districts (Camara et al.
1997).

B. South America Other than Brazil

A major portion of the mercury contamination noted in Central and South
America originated from amalgamation of silver by the Spanish for at least 300
yr starting in 1554 (Nriagu 1993). Until the middle of the 18th century, about
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1.5 kg mercury was lost to the environment for every kilogram of silver pro-
duced. Between 1570 and 1820, mercury loss in this geographic region averaged
527 t annually, or a total of about 126,000 t during this period. Between 1820
and 1900, another 70,000 t mercury was lost to the environment through silver
production for a total of 196,000 t mercury during the period 1570–1900. By
comparison, the input of mercury into the Brazilian Amazon associated with
gold mining is 90–120 t mercury annually. Under the hot tropical conditions
typical of Mexico and parts of South America, mercury in abandoned mine
wastes or deposited in aquatic sediments is likely to be methylated and released
to the atmosphere where it cycles for considerable periods. It now seems reason-
able to conclude that the Spanish American silver mines were responsible, in
part, for the high background concentrations of mercury in the global environ-
ment now being reported (Nriagu 1993).

In Columbia, mercury intoxication was reported among fishermen and miners
living in the Mina Santa Cruz marsh, possibly from ingestion of mercury-con-
taminated fish. This marsh received an unknown amount of mercury-contami-
nated gold mine wastes (Olivero and Solano 1998). However, mercury concen-
trations in marsh sediments, fish muscle, and macrophytes were low.
Examination of abiotic and biotic materials from this location in 1996 showed
maximum mercury concentrations of 0.4 mg/kg FW in sediment (range, 0.14–
0.4), 0.4 mg/kg DW in roots of Eichornia crassipes, an aquatic macrophyte
(range, 0.1–0.4), and 1.1 mg/kg FW in fish muscle. Among eight species of
fishes examined, the mean mercury concentrations in muscle ranged between
0.03 and 0.38 mg/kg FW, and the range for all observations extended from 0.01
to 1.1 mg/kg (Olivero and Solano 1998).

In Peru, mercury in scat of the giant otter and in the otter’s fish diet was
measured in samples collected between 1990 and 1993 near a gold mine (Gutleb
et al. 1997). Total mercury in fish muscle ranged between 0.05 and 1.54 mg/kg
FW. In 68% of fish muscle samples analyzed, the total mercury levels exceeded
the maximum tolerated level, proposed by Gutleb et al. (1997), of 0.1 mg/kg
FW in fish for the European otter Lutra lutra, and 17.6% exceeded 0.5 mg/kg
FW, the recommended maximum level for human consumption. Most (61%–
97%) of the mercury in fish muscle was in the form of methylmercury. In otter
scat, no methylmercury and a maximum of 0.12 mg total Hg/kg DW was mea-
sured. The authors concluded that the concentrations of mercury in fish flesh
may pose a threat to humans and wildlife feeding on the fish and that all mer-
cury discharges into tropical rainforests should cease immediately to protect
human health and endangered wildlife (Gutleb et al. 1997).

In Surinam (population, 400,000), gold mining has existed on a small scale
since 1876, producing about 200 kg gold yearly through the 1970s and 1209 kg
in 1988 using amalgamation as the extraction procedure of choice (de Kom et
al. 1998). In the 1990s, gold mining activities increased dramatically because of
hyperinflation and poverty; up to 15,000 workers produced 10,000 kg crude
gold in 1995 using mercury methodology unchanged for at least a century (de
Kom et al. 1998). Riverine food fishes from the vicinity of small-scale gold
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mining activities in Suriname were contaminated with mercury, and concentra-
tions in muscle of fish-eating fishes collected there exceeded the maximum
permissible concentration of 0.5 mg total Hg/kg FW in 57% of the samples
collected (Mol et al. 2001). Mercury pollution is now recognized as one of the
main environmental problems in tropical South America, as judged by increas-
ingly elevated concentrations of mercury in water, sediments, aquatic macro-
phytes, freshwater snails, fish, and fish-eating birds. Human health is compro-
mised through occupational mercury exposures from mining and by ingestion
of methylmercury-contaminated fish (Mol et al. 2001).

In Venezuela, miners exploring the region for gold over a 10-yr period cut
and burned virgin forests, excavated large pits through the floodplain with pumps
and high-pressure hoses, hydraulically dredged stream channels, and used mer-
cury (called exigi by miners) to isolate gold from sediments (Nico and Taphorn
1994). The use of mercury in Venezuelan gold mining is common and wide-
spread, with annual use estimated at 40–50 t. Between 1979 and 1985, at least
87 t mercury was discharged into river systems (Nico and Taphorn 1994). Forest
soils in Venezuela near active gold mines contained as much as 129.3 mg Hg/
kg DW compared to 0.15–0.28 mg/kg from reference sites (Davies 1997; de
Lacerda and Salomons 1998). Maximum mercury concentrations measured in
nine species of fish collected in 1992 from gold mining regions in the upper
Cuyuni River system, Venezuela, were (in mg total Hg/kg FW) 2.6 in liver, 0.9
in muscle, 0.8 in stomach contents, and 0.1 in ovary (Nico and Taphorn 1994).
The highest value, 8.9 mg/kg FW muscle, was from a 63-cm-long aimara
(Hoplias macrophthalmus), a locally important food fish (Nico and Taphorn
1994).

C. Africa

Gold mining in Tanzania dates back to 1884 during Germany’s colonial rule,
with >100,000 kg gold produced officially since 1935. Between 150,000 and
250,000 Tanzanians are now involved in small-scale gold mining, with exten-
sive use of mercury in gold recovery; about 6 t mercury is lost to the environ-
ment annually from gold mining activities. The current gold rush, which began
in the 1980s and reached a peak in 1983, was stimulated, in part, by the relax-
ation of mining regulations by the state-controlled economy. Gold ore process-
ing involves crushing and grinding of the ore, gravity separation involving
simple panning or washing, amalgamation with mercury of the gold-rich con-
centrate, and firing in the open air. Additional firing is conducted at the gold
ore processing sites, in residential compounds, and inside residences. Further
purification is done in the national commercial bank branches before the bank
purchases the gold from the miners (Ikingura and Akagi 1996; Ikingura et al.
1997).

Mercury concentrations recorded in water at the Lake Victoria goldfields in
Tanzania averaged 0.68 (0.01–6.8) µg/L versus 0.02–0.33 µg/L at an inland
water reference site and 0.02–0.35 µg/L at a coastal water reference site (Iking-
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ura et al. 1997). Mercury concentrations in sediments, forest soils, and tailings
at the Lake Victoria goldfields were 0.02–136.0 mg/kg in sediments, 3.4 (0.05–
28.0) mg/kg in soils versus 0.06 mg/kg at a reference site, and 16.2 (0.3–31.2)
mg/kg in tailings (Ikingura and Akagi 1996; Ikingura et al. 1997; de Lacerda
and Salomons 1998). The highest mercury concentrations recorded in any fish
species from Lake Victoria or in rivers draining from gold processing sites were
in the marbled lungfish Protopterus aethiopicus, with 0.24 mg Hg/kg FW in
muscle and 0.56 mg Hg/kg FW in liver; however, a catfish (Clarias sp.) from
a tailings pond contained 2.6 mg Hg/kg FW muscle and 4.5 in liver (van
Straaten 2000).

In Obuasi, Ghana, elevated mercury concentrations were recorded in various
samples collected from 14 sites near active gold mining towns and environs
during 1992–1993 (Amonoo-Neizer et al. 1996). Mercury concentrations (in
mg/kg DW) were 0.9 (0.3–2.5) in soil, 2.0 maximum in whole mudfish (Hetero-
branchus bidorsalis), 2.3 maximum in edible portions of plantain (Musa para-
disiaca), 3.3 maximum in edible portions of cassava (Manihot esculenta), 9.1
maximum in whole elephant grass (Pennisetum purpureum), and 12.4 maximum
in whole water fern (Ceratopterus cornuta).

In Kenya, Ogola et al. (2002) reported elevated mercury concentrations near
gold mines in tailings (maximum, 1920 mg/kg DW) and surficial stream sedi-
ments (maximum, 348 mg/kg DW). Tailings also contained elevated concentra-
tions of arsenic (76 mg/kg DW) and lead (510 mg/kg DW); stream sediments
contained up to 1.9 mg As/kg DW and up to 11,075 mg Pb/kg DW.

D. People’s Republic of China

Dexing County in Jiangxi Province was the site of about 200 small-scale gold
mines using mercury amalgamation to extract gold in 1990–1995 (Lin et al.
1997). Gold firing was usually conducted in private residences. One result of
this activity was mercury contamination of air (1.0 mg/m3 in workshop, 2.6 mg/
m3 in workroom, vs. 10–20 ng/m3 at reference sites), wastewater (0.71 mg/L),
and solid tailings (maximum, 189.0 mg/kg), with serious implications for human
health. Since September 1996, however, most small-scale mining activities have
been prohibited through passage of national environmental legislation (Lin et
al. 1997).

E. The Philippines

The gold rush began in eastern Mindanao in the 1980s, resulting in the develop-
ment of several mining communities with more than 100,000 residents. Between
1986 and 1988, about 140 t mercury was released into the environment from 53
mining communities (Appleton et al. 1999). In the early 1990s, about 200,000
small-scale gold miners produced about 15 t gold each year and in the process
released 25 t mercury annually, with concomitant contamination of aquatic eco-
systems (Greer 1993). Much of the discharged mercury is in the river sediments,
where it can be recycled through flash flooding, consumption by bottom-feeding



158 R. Eisler

fish, or microbial digestion and methylation (Greer 1993). In mercury-contami-
nated areas of Davao del Norte on Mindanao, mercury concentrations were as
high as 2.6 mg/kg FW in muscle of carnivorous fishes and 136.4 µg/m3 air (de
Lacerda and Salomons 1998). In 1995, drainage downstream of gold mines in
Mindanao was characterized by extremely high levels of mercury in solution
(2.9 mg/L) and in bottom sediments (>20 mg Hg/kg; Appleton et al. 1999).

The Environment Canada sediment quality mercury toxic effect threshold for
the protection of aquatic life (<1 mg Hg/kg DW) was exceeded for a down-
stream distance of 20 km. In sections of stream used for fishing and potable
water supply, the surface water mercury concentrations, for at least 14 km
downstream, exceeded the WHO international standard for drinking water (set
at <1 µg Hg/L) and the U.S. Environmental Protection Agency water quality
criteria for the protection of aquatic life (<2.1 µg/L; Appleton et al. 1999). At
present, about 1.6 t mercury is released for every ton of gold produced in the
Philippines, with releases usually highest to the atmosphere and lower to rivers
and soils. However, mercury releases can be reduced by at least an order of
magnitude through use of closed amalgamation systems and use of retorts in the
roasting process (de Lacerda and Salomons 1998).

F. Siberia

Measurements of air, soil, surface water, and groundwater near gold mines in
eastern Transbaikalia, Siberia, where mercury amalgamation was used to extract
gold from ores, showed no evidence of significant mercury contamination in
any compartment measured (Tupyakov et al. 1995). Mean mercury concentra-
tions (ng/m3) in air near the gold mines versus a reference site were 2.0 versus
2.2; for soils, 0.03 versus 0.02 mg/kg, and for surface water and groundwater,
0.01 versus 0.006 µg/L, and 0.008 versus 0.005 µg/L, respectively.

G. Canada

Gold was discovered in Nova Scotia in 1861 (Nriagu and Wong 1997). Since
then, more than 1.2 million ounces of gold were produced from about 65 mines
in the province, with about 20% from mines located in Goldenville. Processing
of the 3.3 million t of ores from Goldenville mills between 1862 and 1935
released an estimated 63 t mercury to the biosphere, mostly before 1910. Mine
tailings at one Goldenville site still contain large quantities of mercury (up to
2600 mg Hg/kg) as unreacted elemental mercury, unrecovered Au-Hg amal-
gams, and mercury compounds formed by side reactions during the amalgam-
ation process. Current mercury levels in muds and sediments at the mine site
range from 100 to 250 mg/kg, well above the 0.4–2.0 µg/kg typically found in
uncontaminated stream sediments (Nriagu and Wong 1997).

Concentrations of other elements in Goldenville mine tailings were also high:
up to 2000 mg As/kg, 1400 mg Pb/kg, 500 mg Cu/kg, and 80 mg Se/kg. Except
for some mosses, no vegetation grows on the tailings-covered areas. Stream
sediments located 200 m downstream of the mine were 10–1000 times higher
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than upstream concentrations for Hg, As, Cd, Cu, Pb, and Se. Little is known
about the forms of mercury in contaminated mine sites, which can affect the
loss rate of mercury to the environment from the waste materials (Nriagu and
Wong 1997). Aquatic macrophytes from gold mining areas in Nova Scotia,
where mercury was used extensively, accumulated significant quantities of mer-
cury (de Lacerda and Salomons 1998). Mercury concentrations were higher in
emergent species (16.3 mg/kg DW) when compared to floating and submerged
species (0.54–0.56 mg/kg DW). Also, aquatic macrophytes growing on tailings
had higher concentrations of mercury in roots than in shoots (de Lacerda and
Salomons 1998).

In Quebec, gold mines at Val d’Or used mercury amalgamation techniques
throughout most of the 20th century to produce gold (Meech et al. 1998). Today,
most abandoned sites and environs show high mercury concentrations in sedi-
ments (up to 6 mg/kg) and in fish muscle (up to 2.6 mg/kg FW). As alluvial gold
deposits have become exhausted in North America, cyanidation has become the
primary method for primary gold production, and amalgamation is now limited
to individual prospectors (Meech et al. 1998).

In Yellowknife, NWT, about 2.5 t mercury were discharged between the
mid-1940s and 1968, together with tailings, into Giauque Lake. This lake is
now listed as a contaminated site under the Environment Canada National Con-
taminated Site Program (Meech et al. 1998). In 1977–1978, about 70% of the
bottom sediments contained >0.5 mg Hg/kg DW (Moore and Sutherland 1980).
Also in 1977–1978, lake trout (Salvelinus namaycush) were found to contain
3.8 mg Hg/kg FW muscle; for northern pike (Esox lucius) and round whitefish
(Prosopium cylindraceum), these values were 1.8 and 1.2 mg/kg FW, respec-
tively. The authors concluded that contamination of only a small part of the lake
results in high levels in fish throughout the lake, probably as a result of fish
movement from mercury-contaminated to uncontaminated areas (Moore and
Sutherland 1980). In 1995, sediments from Giauque Lake were dated using lead-
210 (210Pb) and cesium-137 (137Cs), and analyzed for mercury (Lockhart et al.
2000). The peak mercury concentrations in sediment cores ranged between 2
and 3 mg Hg/kg DW. The history of mercury deposition derived from the dated
sediment cores agreed well with the known history of input from gold mining
(Lockhart et al. 2000).

H. The United States

Gold mining in the U.S. is ubiquitous; however, persistent mercury hazards to
the environment were considered most severe from activities conducted during
the latter portion of the 19th century, especially in Nevada. In the 50-yr period
1850–1900, gold mining in the U.S. consumed 268–2820 t yearly, or about
70,000 t during that period (de Lacerda and Salomons 1998).

A recent study that measured total mercury accumulations in predatory fishes
collected nationwide in 1998 showed that mercury levels in muscle were signifi-
cantly correlated with methylmercury concentrations in water, pH of the water,
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percent wetlands in the basin, and the acid volatile content of the sediment
(Brumbaugh et al. 2001). These four variables, especially methylmercury levels
in water, accounted for 45% of the variability in mercury concentrations of fish,
normalized by total length. A methylmercury water concentration of 0.12 ng/L
was, on average, associated with a fish fillet concentration of 0.3 mg Hg/kg FW
for an age 3 (3-yr-old) fish when all species were considered. Sampling sites
with the highest overall mercury concentrations in water, sediment, and fish
were highest in the Nevada Basins and environs (from historic gold mining
activities), followed, in order, by the South Florida Basin, Sacramento River
Basin in California, Santee River Basin and drainages in South Carolina, and
the Long Island and New Jersey coastal drainages (Table 2). Elevated mercury
concentrations in fish, except for Nevada, are not necessarily a result of gold
mining activities. The mercury criterion for human health protection set by the
U.S. Environmental Protection Agency in 2001 is now 0.3 mg Hg/kg FW diet,
down from 0.5 mg/kg FW previously (Brumbaugh et al. 2001).

Beginning in 1859, gold from the Comstock Lode near Virginia City, Ne-
vada, was processed at 30 sites using a crude mercury amalgamation process,
discharging about 6,750,000 kg mercury to the environment during the first 30
yr of mine operation (Miller et al. 1996). Over time, mercury-contaminated
sediments were eroded and transported downstream by fluvial processes. The
most heavily contaminated wastes, with a total estimated volume of 710,700
m3, contained 31,500 kg mercury, 248 kg gold, and 37,000 kg silver. If site
remediation is conducted, extraction of the gold and silver, worth about US $12
million, would defray a significant portion of the cleanup costs (Miller et al.
1996).

In the Carson River–Lahontan Reservoir (Nevada) watershed, approximately
7100 t metallic mercury was released into the watershed between 1859 and 1890
as a by-product of silver and gold ore refining (Wayne et al. 1996). During the
past 130 yr, mercury has been redistributed throughout 500 km2 of the basin,
and mercury concentrations at this site rank among the highest reported in North
America (Gustin et al. 1994). Mercury contamination was still severe in this
region in 1993 (see Table 2). Nevada authorities have issued health advisories
against fish consumption from the Carson River; an 80-km stretch of the river
has been declared a Superfund site (Da Rosa and Lyon 1997). Low levels of
methylmercury in surface waters of the Carson River–Lahontan Reservoir are
attributed to increasing pH and increasing concentrations of various anions
(SeO4

−2, MoO4
−2, and WO4

−2), both of which are inhibitory to sulfate-reducing
bacteria known to play a key role in methylmercury production in anoxic sedi-
ments (Bonzongo et al. 1996a). Methylmercury concentrations ranged from 0.1
to 0.7 ng/L in this ecosystem and were positively associated with total sus-
pended solids (Bonzongo et al. 1996b). Removal of mercury from the water
column was attributed to binding to particles, sedimentation, and volatilization
of dissolved gaseous mercury.

The Lahontan Reservoir supports game and commercial fisheries and the
Lahontan Valley wetlands, home to many species of birds, is considered to be
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Table 2. Total mercury concentrations in abiotic materials, plants, and animals near
historic gold mining and refining sites in the United States.

Location, sample, and other variables Concentrationa Referenceb

Alaska, sediments
Northeastern Bering Sea; 80 m below 0.03 mg/kg DW vs. 0.2–1.3 1

sea floor; typical vs. anomalies mg/kg DW
Modern beach; mean vs. Max 0.22 mg/kg DW vs. 1.3 mg/ 1

kg DW
Nearshore subsurface gravels; mean vs. 0.06 mg/kg DW vs. 0.6 mg/ 1

Max kg DW
Seward Peninsula: mean vs. Max 0.1 mg/kg DW vs. 0.16 mg/ 1

kg DW
Georgia; former gold mining areas
Historical values (1829–1940)

Sediments 0.12–12.0 mg/kg DW 14
Soils 0.2–0.6 mg/kg DW 14

Samples collected in 1990s
Surface waters Max 0.013 µg/L 12
Sediments Max 4.0 mg/kg DW near 13

source mines; <0.1 mg/kg
DW 10–15 km down-
stream

Clams and mussels, soft parts 0.7 mg/kg DW 13
Nationwide; 1998; 106 sites;

freshwater fish; muscle
Lahontan Reservoir, Nevada (near 3.34 mg/kg FW 2

historic gold mining sites)
South Florida Basin 0.95 mg/kg FW 2
Santee River, South Carolina 0.70 mg/kg FW 2
Sacramento River Basin, California 0.46 mg/kg FW 2
Yellowstone River Basin 0.44 mg/kg FW 2
Acadian-Ponchatrain Basin 0.39 mg/kg FW 2
Others <0.3 mg/kg FWc 2
Nevada; migratory waterbirds; 1997–

1998; nesting on lower Carson River
vs. reference site (Humboldt River)

Double-crested cormorant, Phala-
crocorax auritus; adults

Blood 17.1 (11.6–22.0) mg/kg FW 3
vs. 3.1 mg/kg FW

Brain 11.3 (8.9–14.9) mg/kg FW 3
vs. 1.2 mg/kg FW

Kidney 69.4 (36.2–172.9) mg/kg FW 3
vs. 9.0 mg/kg FW

Liver 134 (82.4–222.2) mg/kg FW 3
vs. 18.0 mg/kg FW
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Table 2. (Continued).

Location, sample, and other variables Concentrationa Referenceb

Snowy egret, Egretta thula; adults
Blood 5.9 (2.8–10.3) mg/kg FW vs. 3

3.1 mg/kg FW
Brain 2.3 (2.0–3.8) mg/kg FW vs. 3

0.9 mg/kg FW
Kidney 11.1 (5.7–21.7) mg/kg FW 3

vs. 3.1 mg/kg FW
Liver 43.7 (16.0–109.9) mg/kg FW 3

vs. 7.9 mg/kg FW
Black-crowned night-heron, Nycti-

corax nycticorax; adults
Blood 6.6 (3.2–14.2) mg/kg FW vs. 3

2.5 mg/kg FW
Brain 1.7 (0.8–5.5) mg/kg FW vs. 3

0.5 mg/kg FW
Kidney 6.1 (3.4–15.1) mg/kg FW vs. 3

1.8 mg/kg FW
Liver 13.5 (5.0–49.6) mg/kg FW 3

vs. 2.1 mg/kg FW
Nevada; migratory waterbirds; 1997–

1998; Lahontan Reservoir
Stomach contents; adults; total

mercury vs. methylmercury
Black-crowned night-heron 0.5 mg/kg FW vs. 0.48 mg/ 3

kg FW
Snowy egret 1.0 mg/kg FW vs. 0.0 mg/kg 3

FW
Double-crested cormorant 1.4 (0.8–2.2) mg/kg FW vs. 3

1.2 (0.8–1.6) mg/kg FW
Nestlings/fledglings; Lahontan

Reservoir vs. reference site
Black-crowned night-heron

Blood 3.2 (1.2–5.7) mg/kg FW vs. 3
0.6 mg/kg FW

Brain 1.1 (0.6–1.7) mg/kg FW vs. 3
0.1 mg/kg FW

Feathers 32.3 (21.9–67.1) mg/kg FW 3
vs. 5.5 (3.4–16.6) mg/kg FW

Kidney 3.4 (1.8–6.3) mg/kg FW vs. 3
0.5 mg/kg FW

Liver 4.0 (1.1–7.8) mg/kg FW vs. 3
0.7 mg/kg FW

Snowy egret
Blood 2.7 mg/kg FW vs. 0.4 mg/kg 3

FW
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Table 2. (Continued).

Location, sample, and other variables Concentrationa Referenceb

Brain 0.7 mg/kg FW vs. 0.1 mg/kg 3
FW

Feathers 30.6 (14.7–59.8) mg/kg FW 3
vs. 7.8 mg/kg FW

Kidney 2.2 mg/kg FW vs 0.3 mg/kg 3
FW

Liver 2.7 mg/kg FW vs. 0.4 mg/kg 3
FW

Double-crested cormorant
Blood 5.4 (3.4–7.2) mg/kg FW vs. 3

0.8 (0.6–1.2) mg/kg FW
Brain 2.7 (2.1–3.3) mg/kg FW vs. 3

0.5 (0.4–0.5) mg/kg FW
Feathers 66.3 (54.0–87.3) mg/kg FW 3

vs. 11.8 (10.9–13.5) mg/kg
FW

Kidney 6.2 (2.1–9.8) mg/kg FW vs. 3
1.2 (1.1–1.3) mg/kg FW

Liver 10.9 (8.7–14.9) mg/kg FW 3
vs. 1.8 (1.4–2.6) mg/kg
FW

Nevada; abiotic materials
Air; over Comstock Lode tailings 0.23 µg/m3 vs. 0.01–0.04 µg/ 4

vs. reference site m3

Carson River-Lahontan Reservoir;
sampled in early 1990s

Surface waters: total mercury Max 7.6 µg/L vs. Max 0.007 5
vs. methylmercury µg/L

Surface waters: upstream vs. 0.004 µg/L vs. 1.5–2.1 µg/L 6
downstream

Water; filtered vs. unfiltered 0.113 µg/L vs. Max 0.977 8
µg/L

Unfiltered reservoir water vs. 0.053–0.391 µg/L vs. 0.001– 7
reference site 0.0033 µg/L

Mill tailings 3–1610 mg/kg FW 7
Atmospheric vapor vs. refer- 0.002–0.294 µg/m3 vs. 7

ence site 0.001–0.004 µg/m3

Sediments vs. reference site 27 (2–156) mg/kg FW vs. 7
0.01–0.05 mg/kg FW

Sediments; Carson River; Max 881 mg/kg DW vs. 8
below mines vs. above 0.03–6.1 mg/kg DW
mines

Sediments; Lahontan Reser- 0.011 mg/kg DW vs. 1–60 8
voir; before dam vs. after mg/kg DW
dam
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Table 2. (Continued).

Location, sample, and other variables Concentrationa Referenceb

Sediments; 1990s; 60 km down- >100 mg/kg FW 11
stream of Comstock Lode
discharges

Alluvial fan soils; Six Mile Canyon
Premining (1859) 0.5 (0.07–1.9) mg/kg DW 11
Postmining

Fan deposits 103.7 (1.3–368.9) mg/kg DW 11
Modern channel 4.8 (1.1–9.3) mg/kg DW 11

Nevada; Carson River vs. reference
site; fish and ducks; sampled in
early 1990s

Fish muscle Max 5.5 mg/kg FW vs. Max 7
<0.5 mg/kg FW

Duck muscle >0.5 mg/kg FW vs. <0.5 mg/ 7
kg FW

North Carolina; near Marion (gold
mining activity using mercury in
the 1800s to early 1900s); 1991;
maximum concentrations

Heavy metal concentrates 784 mg/kg 9
Gold grains 448 mg/kg 9
Sediments 7.4 mg/kg 9
Moss (Max gold content, 4.9 mg/kg 9

1.85 mg/kg)
Fish muscle <0.2 mg/kg FW 9
Stream and well waters <2 µg/L (limit of detection) 9
South Dakota; Lake Oahe; gold

mining discontinued in 1970;
sampled 1970–1971

Water <0.2 µg/L 10
Sediments 0.03–0.62 mg/kg DW; 10

<0.03–0.33 mg/kg FW
Fish muscle 0.02–1.05 mg/kg FW; 13% 10

of samples had >0.5 mg/kg
FW, especially older,
larger northern pike, Esox
lucius

aConcentrations are shown as means, range (in parentheses), maximum (Max), and nondetectable
(ND).
bReferences: 1, Nelson et al. 1975; 2, Brumbaugh et al. 2001; 3, Henny et al. 2002; 4, de Lacerda
and Salomons 1998; 5, Bonzongo et al. 1996a; 6, Bonzongo et al. 1996b; 7, Gustin et al. 1994; 8,
Wayne et al. 1996; 9, Callahan et al. 1994; 10, Walter et al. 1973; 11, Miller et al. 1996; 12,
Mastrine et al. 1999; 13, Leigh 1994; 14, Leigh 1997.
c Current mercury criterion to protect human health is <0.3 mg/kg FW, down from <0.5 mg/kg FW
(Brumbaugh et al. 2001).
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the most mercury-contaminated natural system in the United States (Henny et
al. 2002). Mercury concentrations in sediments from this site and environs
ranged from 10 to 30 mg/kg, or about 80 times higher than uncontaminated
sediments; elevated concentrations of mercury were documented from the site
in annelid worms, aquatic insects, fishes, frogs, toads, and birds (Da Rosa and
Lyon 1997). In 1997–1998, three species of fish-eating birds nesting along the
lower Carson river were examined for mercury contamination: double-crested
cormorants (Phalacrocorax auritus), snowy egrets (Egretta thula), and black-
crowned night-herons (Nycticorax nycticorax) (Henny et al. 2002). The high
concentrations of total mercury observed in livers (means (in mg/kg FW): 13.5
in herons, 43.7 in egrets, and 69.4 in cormorants) and kidneys (6.1 in herons,
11.1 in egrets, 69.4 in cormorants) of adult birds (see Table 2) were possibly
due to a threshold-dependent demethylation coupled with sequestration of the
resultant inorganic mercury (Henny et al. 2002).

Demethylation and sequestration processes also appeared to have reduced the
amount of methylmercury distributed to eggs, although the short time spent by
adults in the contaminated area was a factor in the lower-than-expected mercury
concentrations in eggs (Henny et al. 2002) (see Table 2). Most eggs had mercury
concentrations, as methylmercury, below 0.8 mg/kg FW, the threshold concen-
tration where reproductive problems may be expected (Heinz 1979; Heinz and
Hoffman 2003). After hatching, young birds were fed diets by parent birds aver-
aging 0.36–1.18 mg methylmercury/kg FW for 4–6 wk through fledging
(Henny et al. 2002). Eisler (2000) recommends avian dietary intakes <0.1 mg
Hg/kg FW ration. Mercury concentrations in organs of the fledglings were much
lower than those found in adults, but evidence was detected of toxicity to im-
mune, detoxicating, and nervous systems (Henny et al. 2002). Immunodeficien-
cies and neurological impairment of fledglings may affect survival when these
are burdened with stress associated with learning to forage and ability to com-
plete the first migration. Oxidative stress was noted in young cormorants con-
taining the highest concentrations of mercury, as evidenced by increasing thio-
barbituric acid-reactive substances, and altered glutathione metabolism (Henny
et al. 2002). Henny et al. (2002), based on their studies with fish-eating birds,
concluded the following:

1. Adults tolerate relatively high levels of mercury in critical tissues through
demethylation processes that occur above threshold concentrations.

2. Adults demethylate methylmercury to inorganic mercury, which is excreted
or complexed with selenium and stored in liver and kidney. This change
in form and the sequestering process reduce the amount of methylmercury
circulating in tissues and the amount available for deposition in eggs.

3. The low concentrations of methylmercury in eggs are attributed to the short
duration of time spent in the area before egg laying and to the demethylation
and sequestering processes within the birds.

4. Young of these migratory fish-eating birds experience neurological and histo-
logical damage associated with exposure to dietary mercury.
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In the southeastern U.S., gold mining was especially common between 1830
and 1849 and again during the 1880s. Historical gold mining activities contrib-
uted significantly to mercury problems in this region, as evidenced by elevated
mercury concentrations in surface waters (Mastrine et al. 1999). Mercury in
surface waters was positively correlated with total suspended solids and with
bioavailable iron. Vegetation in the Southeast is comparatively heavy and by
controlling erosion may reduce the total amount of mercury released from con-
taminated mining sites to the rivers. Mercury concentrations in surface waters
of southeastern states were significantly lower, by orders of magnitude, than
those from western states where amalgamation extraction techniques were also
practiced, and this may reflect the higher concentrations of mercury used and
the sparser vegetation of the western areas (Mastrine et al. 1999).

In northern Georgia, gold was discovered in 1829 and mined until about
1940 (Leigh 1994, 1997). Extensive use of mercury probably began in 1838
when stamp mills (ore crushers) were introduced to help recover gold from vein
ore, with about 38% of all mercury used in gold mining escaping into nearby
streams. Mercury concentrations in historical floodplain sediments near the core
of the mining district were as high as 4.0 mg/kg DW, but decreased with in-
creasing distance downstream to <0.1 mg/kg at 10–15 km from the source
mines. Near Dahlonega, Georgia, historical sediments contained as much as
12.0 mg Hg/kg, and mean values in streambanks near the mining district were
0.2–0.6 mg Hg/kg DW.

Mercury-contaminated floodplain sediments pose a potential hazard to wild-
life. Clams and mussels, for example, collected from these areas more than
50 yr after mining had ceased contained elevated (0.7 mg/kg DW) mercury
concentrations in soft tissues. Erosion of channel banks and croplands, with
subsequent transport of mercury-contaminated sediments from the mined water-
sheds, is likely to occur for hundreds or thousands of years. Mercury was the
only significant trace metal contaminant resulting from former gold mining ac-
tivities in Georgia, exceeding the USEPA “heavily polluted” guideline for sedi-
ments of >1.0 mg Hg/kg. Other metals examined did not exceed the “heavily
polluted” sediment guidelines, which are >50 mg/kg for copper, >200 mg/kg
for lead, and >200 mg/kg for zinc (Leigh 1994, 1997).

In South Dakota, most of the fish collected from the Cheyenne River arm of
Lake Oahe in 1970 contained elevated (>0.5 mg/kg FW muscle) concentrations
of mercury (Walter et al. 1973). Elemental mercury was used extensively in this
region between 1880 and 1970 to extract gold from ores and is considered to
be the source of the contamination. In 1970, when the use of mercury in the
gold recovery process was discontinued at this site, liquid wastes containing
5.5–18 kg mercury were being discharged daily into the Cheyenne River arm
(Walter et al. 1973).

In Nome, Alaska, gold mining is responsible, in part, for the elevated mer-
cury levels (maximum, 0.45 mg/kg DW) measured in modern beach sediments
(Nelson et al. 1975). However, higher concentrations (maximum, 0.6 mg/kg)
routinely occur in buried Pleistocene sediments immediately offshore and in
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modern nearby unpolluted beach sediments (1.3 mg Hg/kg), which suggests
that the effects of mercury contamination from mining are less than natural
concentration processes in the Seward Peninsula region of Alaska (Nelson et al.
1975).

IV. Lethal and Sublethal Effects of Mercury

Mercury is a known mutagen, teratogen, and carcinogen. At comparatively low
concentrations in birds and mammals, it adversely affects reproduction, growth
and development, behavior, blood chemistry, motor coordination, vision, hear-
ing, histology, and metabolism. It has a high potential for bioaccumulation and
biomagnification and is slow to depurate. Organomercury compounds were
more effective in producing adverse effects than were inorganic mercury com-
pounds, although effects were enhanced or ameliorated by many biotic and non-
biological modifiers (Eisler 2000). Lethal concentrations of mercury to sensitive
organisms ranged from 0.1 to 2.0 µg/L medium for aquatic fauna, from 2.2 to
31.1 mg/kg body weight (acute oral) and from 4.0 to 40.0 mg/kg (dietary) for
birds, and from 0.1 to 0.5 mg/kg body weight (daily dose) and from 1.0 to 5.0
mg/kg (dietary) for mammals (Table 3). Adverse sublethal effects were docu-
mented for sensitive species of aquatic organisms at water concentrations of
0.03–0.1 µg/L. For sensitive species of birds, harmful levels were 640 µg Hg/
kg body weight daily, or 50–500 µg Hg/kg in the diet. For sensitive mammals,
these levels were 250 µg Hg/kg body weight daily, or 1100 µg Hg/kg diet
(Eisler 2000).

A. Aquatic Organisms

Signs of acute mercury poisoning in fish included flaring of gill covers, in-
creased frequency of respiratory movements, loss of equilibrium, excessive mu-
cous secretion, darkening coloration, and sluggishness (Armstrong 1979; Hilmy
et al. 1987). Signs of chronic mercury poisoning include emaciation (due to
appetite loss), brain lesions, cataracts, diminished response to change in light
intensity, inability to capture food, abnormal motor coordination, and various
erratic behaviors (Armstrong 1979; Hawryshyn et al. 1982). Mercury residues
in severely poisoned fish that died soon after exposure were (in mg/kg FW)
26–68 in liver, 16–20 in brain, and 5–7 in the whole body (Armstrong 1979).

Sublethal concentrations of mercury are known to adversely affect sensitive
species of aquatic biota through inhibition of reproduction (Dave and Xiu 1991;
Kanamadi and Saidapur 1991; Kirubagaran and Joy 1992; Khan and Weis 1993;
Punzo 1993), reduction in growth rate (Kanamadi and Saidapur 1991; Punzo
1993), increased frequency of tissue histopathology (Kirubagaran and Joy 1988,
1989; Handy and Penrice 1993; Voccia et al. 1994), impairment in ability to
capture prey (Weis and Weis 1995) and olfactory receptor function (Baatrup et
al. 1990; Baatrup and Doving 1990), alterations in blood chemistry (Allen 1994)
and enzyme activities (Nicholls et al. 1989; Kramer et al. 1992), disruption of
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Table 3. Lethal effects of mercury to sensitive species of aquatic organisms, birds, and
mammals.

Mercury concentration
Ecosystem, species, and other variables and effect Referencea

Aquatic organisms, via medium
Rainbow trout, Oncorhynchus mykiss;

embryo–larvae
Flowthrough test 0.1 µg/L; LC50 (28 d) 1
Static test 4.7 µg/L; LC50 (28 d) 1

Channel catfish, Ictalurus punctatus; 0.3 µg/L; LC50 (10 d) 1
embryo–larvae; flowthrough test

Brook trout, Salvelinus fontinalis 0.3–0.9 µg/L; LC50 (lifetime 2
exposure)

Narrow-mouthed toad, Gastrophryne 1.3 µg/L; LC50 (96 hr) 1
carolinensis; embryo–larvae

Daphnid, Daphnia magna 1.3–1.8 µg/L; LC50 (lifetime 2
exposure)

Crayfish, Orconectes limosus 2.0 µg/L; LC50 (30 d) 2
Birds, single oral dose
Mallard, Anas platyrhynchos 2.2–23.5 mg/kg body weight 3

(BW); LD50 within 14 d
after treatment

Ring-necked pheasant, Phasianus 11.5–26.8 mg/kg BW; LD50 3
colchicus within 14 d

Prairie chicken, Tympanuchus 11.5 mg/kg BW; LD50 within 3
cupido 14 d

Coturnix, Coturnix japonica 11.0–31.1 mg/kg BW; LD50 3, 4, 5
within 14 d

House sparrow, Passer domesticus 12.6–37.8 mg/kg BW; LD50 3
within 14 d

Gray partridge, Perdix perdix 17.6 mg/kg BW; LD50 within 3
14 d

Rock dove, Columba livia 22.8 mg/kg BW; LD50 within 3
14 d

Northern bobwhite, Colinus 23.8 mg/kg BW; LD50 within 3
virginianus 14 d

Birds, via diet
Mallard 3.0 mg/kg diet for two repro- 6

ductive seasons; reduced
duckling survival

Zebra finch, Poephila guttata 5.0 mg/kg diet for 77 d; LD25 7
Coturnix 8 mg/kg diet for 5 d; some 5

deaths
Ring-necked pheasant 12.5 mg/kg diet for 70 d; 8

LD50

Ring-necked pheasant 37.4 mg/kg diet for 28 d; 8
LD50
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Table 3. (Continued).

Mercury concentration
Ecosystem, species, and other variables and effect Referencea

Birds, three species 33.0 mg/kg diet for 35 d: LD8 10
to LD90

Birds, four species 40.0 mg/kg diet for 6–11 d; 9
LD33

Mammals, oral dose
Domestic dog, Canis familiaris 0.1–0.25 mg/kg BW daily 11

during pregnancy; high
incidence of stillbirths

Pig, Sus spp. 0.5 mg/kg BW daily during 11
pregnancy; high incidence
of stillbirths

Rhesus monkey, Macaca mulatta 0.5 mg/kg BW daily during 11
days 20–30 of pregnancy;
maternally toxic, aborti-
cide

Mule deer, Odocoileus hemionus 17.9 mg/kg BW, single oral 3
hemionus dose; LD50

Harp seal, Pagophilus groenlandica 25.0 mg/kg BW daily; death 16
in 20–26 d; blood Hg
levels just before death,
26.8–30.3 mg/L

Mammals, dietary route
Domestic cat, Felis domesticus 0.25 mg/kg BW daily for 90 12

d for total �85 mg Hg;
LD50 (78 d); convulsions
starting at day 68, all with
signs by day 90; liver
residues of survivors were
40.2 and 18.1 mg/kg FW
for total mercury and
inorganic mercury, respec-
tively

Mink, Mustela vison 1.0 mg/kg diet; all dead in 13
about 2 mon

River otter, Lutra canadensis >2.0 mg/kg diet; fatal within 14, 15
7 mon

aReferences: 1, Birge et al. 1979; 2, USEPA 1985; 3, Hudson et al. 1984; 4, Hill 1981; 5, Hill and
Soares 1984; 6, Heinz and Locke 1976; 7, Scheuhammer 1988; 8, Spann et al. 1972; 9, Finley et
al. 1979; 10, Hamasaki et al. 1995; 11, Khera 1979; 12, Eaton et al. 1980; 13, Sheffy and St. Amant
1982; 14, Kucera 1983; 15, Ropek and Neely 1993; 16, Ronald et al. 1977.
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thyroid function (Kirubagaran and Joy 1989), chloride secretion (Silva et al.
1992), and other biochemical and metabolic functions (Nicholls et al. 1989;
Angelow and Nicholls 1991). In general, the accumulation of mercury by
aquatic biota is rapid and depuration is slow (Newman and Doubet 1989; Ange-
low and Nicholls 1991; Wright et al. 1991; Handy and Penrice 1993; Pelletier
and Audet 1995; Geffen et al. 1998). It is emphasized that organomercury com-
pounds, especially methylmercury, were significantly more effective than inor-
ganic mercury compounds in producing adverse effects and accumulations (Baa-
trupet et al. 1990; Wright et al. 1991; Kirubagaran and Joy 1992; Odin et al.
1995).

Reproduction was inhibited among sensitive species of aquatic organisms at
water concentrations of 0.03–1.6 µg Hg/L. In the planarian (Dugesia doroto-
cephala), asexual fission was suppressed at 0.03–0.1 µg organomercury/L (Best
et al. 1981); in the slipper limpet (Crepidula fornicata), spawning was delayed
and fecundity was decreased at 0.25 Hg+2/L (Thain 1984); in the zebrafish
(Brachydanio rerio), hatching success was reduced at 0.1 µg Hg+2/L and egg
deposition was reduced at 0.8 µg/L (Armstrong 1979); fathead minnows (Pi-
mephales promelas) exposed to 0.12 µg methylmercury/L for 3 mon failed to
reproduce (Birge et al. 1979); the leopard frog (Rana pipiens) did not metamor-
phose during exposure to 1.0 µg methylmercury/L for 4 mon (USEPA 1985);
and in the mysid shrimp (Mysidopsis bahia), the abortion rate increased and
population size decreased after lifetime (i.e., 28 d) exposure to 1.6 µg/L mercury
as mercuric chloride (Gentile et al. 1983). For sensitive species of marine inver-
tebrates such as hydroids, protozoans, and mysid shrimp, reproduction was in-
hibited at concentrations between 1.1 and 2.5 µg Hg+2/L; this range was 5 to 71
µg/L for more resistant species of marine invertebrates (Gentile et al. 1983).

Reduced growth of sensitive species of aquatic organisms has been recorded
at water concentrations of 0.04–1.0 µg Hg/L. The rainbow trout (Oncorhynchus
mykiss) was the most sensitive species tested; growth reduction was observed
after 64 d in 0.04 µg Hg/L as methylmercury or 0.11 µg Hg/L as phenylmercury
(USEPA 1985). In adults of the marine mollusk Crepidula fornicata, growth
was reduced after 16 wk in 0.25 µg Hg+2/L (Thain 1984). Growth inhibition
was recorded in freshwater algae after exposure of 24 hr–10 d to 0.3–0.6 µg
organomercury/L, in brook trout (Salvelinus fontinalis) alevins after exposure
for 21 d to 0.79 µg organomercury/L (USEPA 1985), and in the marine alga
Scripsiella faeroense exposed to 1.0 µg Hg+2/L for 24 hr (Kayser 1976). Adverse
effects of mercury on aquatic organisms, in addition to those listed for reproduc-
tion and growth, are documented at water concentrations of 0.88–5.0 µg/L (re-
viewed by Eisler 2000). These effects include enzyme disruption in fish em-
bryos, increased incidence of frustule abnormalities in marine algae, arrested
development of sea urchin larvae, and, in adult fishes, decreased rate of intesti-
nal transport of glucose and fructose, altered blood chemistry, decreased respira-
tion, and elevated liver metallothioneins.

At lower trophic levels, the efficiency of mercury transfer was low through
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natural aquatic food chains; however, in animals of higher trophic levels, such as
predatory teleosts and fish-eating birds and mammals, the transfer was markedly
amplified (Eisler 1978, 1981, 1987). High uptake and accumulation of mercury
from the medium by representative species of marine and freshwater fishes and
invertebrates are extensively documented (Kopfler 1974; Eisler 1978, 1981;
Birge et al. 1979; Huckabee et al. 1979; USEPA 1985; Stokes et al. 1981;
Rodgers and Beamish 1982; Hirota et al. 1983; Clarkson et al. 1984; McClurg
1984; Niimi and Lowe-Jindi 1984; Ramamoorthy and Blumhagen 1984; Ribeyre
and Boudou 1984; Thain 1984; Newman and Doubet 1989; Angelow and Ni-
cholls 1991; Wright et al. 1991; Handy and Penrice 1993). Accumulation pat-
terns were enhanced or significantly modified by a variety of biological and
abiotic factors (USNAS 1978; Eisler 1978, 1981, 1984, 1985; USEPA 1985;
Stokes et al. 1981; Rodgers and Beamish 1982; Clarkson et al. 1984; Rama-
moorthy and Blumhagen 1984; Ribeyre and Boudou 1984; Ponce and Bloom
1991; Odin et al. 1995; Choi et al. 1998).

In general, the accumulation of mercury was markedly enhanced at elevated
water temperatures, reduced salinity or water hardness, reduced water pH, in-
creased age of the organism, and reduced organic matter content of the medium;
in the presence of zinc, cadmium, or selenium in solution; after increased dura-
tion of exposure; and in the presence of increased nominal concentrations of
protein-bound mercury. Uptake patterns were significantly modified by sex, sex-
ual condition, prior history of exposure to mercury salts, the presence of com-
plexing and chelating agents in solution, dietary composition, feeding niche,
tissue specificity, and metabolism. However, trends were not consistent between
species and it is difficult to generalize.

In one example, Ribeyre and Boudou (1984) immersed rainbow trout in solu-
tions containing 0.1 µg Hg/L as methylmercury: after 30 d, bioconcentration
factors (BCF) ranged from 28,300 for brain to 238,000 for spleen; values were
intermediate for muscle (30,000), whole fish (36,000), blood (102,000), liver
(102,000), kidney (137,000), and gill (163,000). These values may have been
higher if exposure had extended beyond 30 d. Rodgers and Beamish (1982)
showed that whole-body mercury residues in rainbow trout subjected to mercury
insult continued to increase for 66 d before stabilizing. When mercury was
presented as inorganic mercury ion at 0.1 µg/L for 30 d, BCF values were
usually lower than in trout exposed to methylmercury: 2,300 for muscle; 6,800
for brain; 7,000 for whole trout; 14,300 for blood; 25,000 for liver; 53,000 for
kidney; 68,600 for gill; and 521,000 for spleen (Ribeyre and Boudou 1984).
The high BCF values recorded for rainbow trout were probably due to efficient
uptake from water coupled with slow depuration (Rodgers and Beamish 1982).

Total mercury concentrations (mg/kg FW) in tissues of adult freshwater
fishes with signs of methylmercury intoxication ranged from 3 to 42 in brain,
from 6 to 114 in liver, from 5 to 52 in muscle, and from 3 to 35 in whole body
(Wiener and Spry 1996). Whole-body levels up to 100 mg Hg/kg were report-
edly not lethal to rainbow trout, although 20–30 mg/kg was associated with
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reduced appetite, loss of equilibrium, and hyperplasia of gill epithelium (Niimi
and Lowe-Jinde 1984). However, brook trout showed toxic signs and death at
whole-body residues of only 5–7 mg Hg/kg (Armstrong 1979).

In another example, the marine copepod Acartia clausi, when subjected to
0.05 µg/L mercury and higher, reached equilibrium with the medium in only 24
hr. In that study (Hirota et al. 1983), BCF values for whole Acartia after 24-hr
exposures were 14,360 for inorganic mercury ion (0.05 µg/L) and, for methyl-
mercury, 179,200 (0.05 µg/L) and 181,000 (0.1 µg/L). Time to eliminate 50%
of biologically assimilated mercury and its compounds (Tb1/2) is variable.
Among various species of freshwater fishes, Tb1/2 values (in days) ranged from
20 in guppies (Poecilia reticulatus) to 23 for the goldfish Carassius auratus,
100 for northern pike, Esox lucius, and about 1000 for rainbow trout and brook
trout (Huckabee et al. 1979). Tb1/2 values for marine fishes and invertebrates
were 297 d for decapod crustaceans, 435–481 d for bivalve mollusks, and
1030–1200 d for eels and flounders (USNAS 1978).

Mercury tolerance or resistance has been reported in bacteria (Colwell et al.
1976; Baldi et al. 1991), protozoans (Berk et al. 1978), crustaceans (Green et
al. 1976; Weis 1976), and fish (Weis 1984), but the mechanisms of action are
not fully understood.

B. Birds

Signs of mercury poisoning in birds include muscular incoordination, falling,
slowness, fluffed feathers, calmness, withdrawal, hyporeactivity, hypoactivity,
and eyelid drooping. In acute oral exposures, signs appeared as early as 20 min
postadministration in mallards and 2.5 hr in pheasants. Deaths occurred between
4 and 48 hr in mallards and 2 and 6 d in pheasants; remission required as long
as 7 d (Hudson et al. 1984). In studies with coturnix (Coturnix coturnix cotur-
nix), Hill (1981) found that methylmercury was always more toxic than inor-
ganic mercury and that young birds were usually more sensitive than older ones.
In addition, some birds poisoned by inorganic mercury recovered after treatment
was withdrawn, but chicks that were fed methylmercury and later developed
toxic signs usually died, even if the treated feed was removed. The withdrawal
syndrome in coturnix poisoned by inorganic mercury was usually preceded by
intermittent, nearly undetectable tremors, coupled with aggressiveness toward
cohorts; time from onset to remission was usually 3–5 d, but sometimes was
extended to 7 d. Coturnix poisoned by methylmercury appeared normal until
2–5 d posttreatment; then, ataxia and low body carriage with outstretched neck
were often associated with walking. In advanced stages, coturnix lost locomotor
coordination and did not recover; in mild to moderate clinical signs, recovery
usually took at least 1 wk (Hill 1981).

Residues of mercury in experimentally poisoned passerine birds usually ex-
ceeded 20 mg/kg FW and were similar to concentrations reported in wild birds
that died of mercury poisoning (Finley et al. 1979). In one study with the zebra
finch (Poephila guttata), adults were fed methylmercury in the diet for 76 d at
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dietary levels <0.92 (controls), 1, 2.5, or 5 mg Hg/kg DW ration (Scheuhammer
1988). There were no signs of mercury intoxication in any group except the
high-dose group, which had 25% dead and 40% neurological impairment. Dead
birds from the high-dose group had 73 mg Hg/kg FW in liver, 65 in kidney,
and 20 in brain; survivors without signs had 30 mg Hg/kg FW in liver, 36 in
kidney, and 14 in brain; and impaired birds had 43 mg Hg/kg FW in liver, 55
in kidney, and 20 in brain (Scheuhammer 1988).

Mercury levels in tissues of poisoned wild birds were highest (45–126 mg/kg
FW) in red-winged blackbirds (Agelaius phoeniceus), intermediate in starlings
(Sturnus vulgaris) and cowbirds (Molothrus ater), and lowest (21–54) in grack-
les (Quiscalus quiscula). In general, mercury residues were highest in the brain,
followed by the liver, kidney, muscle, and carcass. Some avian species are more
sensitive than passerines (Solonen and Lodenius 1984; Hamasaki et al. 1995):
liver residues in birds experimentally killed by methylmercury ranged from 17
mg Hg/kg FW in red-tailed hawks (Buto jamaicensis) to 70 in jackdaws (Corvus
monedula); values were intermediate in ring-necked pheasants, kestrels (Falco
tinnunculus), and magpies (Pica pica). Experimentally poisoned grey herons
(Ardea cinerea) seemed to be unusually resistant to mercury; lethal doses pro-
duced residues of 415–752 mg Hg/kg DW in liver (Van der Molen et al. 1982).
However, levels of this magnitude were encountered in levers from grey herons
collected during a massive die-off in the Netherlands during a cold spell in
1976; the interaction effects of cold stress, mercury loading, and poor physical
condition of the herons are unknown (Van der Molen et al. 1982).

Sublethal effects of mercury on birds, administered by a variety of routes,
included histopathology, accumulation, and adverse effects on growth, develop-
ment, reproduction, blood and tissue chemistry, metabolism, and behavior. The
dietary route of administration is the most extensively studied pathway of avian
mercury intake.

Domestic chickens fed diets containing as little as 50 µg/kg mercury, as
methylmercury, contained elevated total mercury (2.0 mg/kg FW) residues in
liver and kidney after 28 wk; at 150 µg/kg diet, residues ranged from 1.3 to 3.7
mg/kg in heart, muscle, brain, kidney, and liver, in that general order. At 450
µg/kg in diets, residues in edible chicken tissues (3.3–8.2 mg/kg) were consid-
ered hazardous to human consumers, although no overt signs of mercury toxico-
sis were observed in the chickens (March et al. 1983). The dietary concentration
of 0.5 mg Hg/kg DW (equivalent to about 0.1 mg/kg FW) in the form of methyl-
mercury was fed to three generations of mallards (Heinz 1979). Females laid a
greater percentage of their eggs outside nest boxes than did controls, and also
laid fewer eggs and produced fewer ducklings. Ducklings from parents fed
methylmercury were less responsive than controls to tape-recorded maternal
calls, but were hyperresponsive to a fright stimulus in avoidance tests (Heinz
1979). Adult female mallards fed diets containing 1 or 5 mg Hg/kg ration, as
methylmercury chloride, produced eggs that contained 1.4 mg Hg/kg FW (1.0
mg/kg ration) or 8.7 mg Hg/kg FW (5 mg Hg/kg diet); breast muscle had 1.0
or 5.3 mg Hg/kg FW (Heinz 1987).
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Lesions in the spinal cord were the primary effect in adult female mallards
fed diets containing 1.5 or 2.8 mg Hg/kg DW ration as methylmercury (Pass et
al. 1975). The tissues and eggs of ducks and other species of birds collected in
the wild have sometimes contained levels of mercury equal to, or far exceeding,
those associated with reproductive and behavioral deficiencies in domestic mal-
lards (e.g., 9–11 mg/kg FW in feathers; >2.0 mg/kg FW in other tissues); there-
fore, it is possible that reproduction and behavior of wild birds can be modified
by methylmercury contamination (Heinz 1979).

Interaction effects of mercury with other metals need to be considered when
evaluating avian dietary mercury risks. In some cases, mercury effects were
exacerbated when diets contained lead and cadmium (Rao et al. 1989). Other
metals may protect ducks and other species against the toxic effects of methyl-
mercury, as was the case for selenium in the form of seleno-DL-methionine, by
restoring glutathione status involved in antioxidative defense mechanisms
(Heinz and Hoffman 1998; Hoffman and Heinz 1998).

Dietary concentrations of 1.1 mg total Hg/kg have been associated with kid-
ney lesions in juvenile starlings and with elevated residues in the liver (5.5 mg/
kg DW) and kidney (36.3 mg/kg DW), after exposure for 8 wk (Nicholson and
Osborn 1984). In American black ducks (Anas rubripes) fed diets containing
3.0 mg Hg/kg as methylmercury for 28 wk, reproduction was significantly in-
hibited; tissue residues were elevated in kidney (16.0 mg/kg FW) and liver
(23.0 mg/kg); and brain lesions characteristic of mercury poisoning were present
(Finley and Stendell 1978). Japanese quail (Coturnix japonica) fed diets contain-
ing 8 mg Hg/kg inorganic mercury for 3 wk had depressed gonad weights; those
fed 3 mg/kg ration inorganic mercury or 1 mg/kg ration methylmercury for 9
wk showed alterations in brain and plasma enzyme activities (Hill and Soares
1984). Grossly elevated tissue mercury residues of 400 mg/kg in feathers and
17–130 mg/kg in other tissues were measured in gray partridge (Perdix perdix)
after dietary exposure of 20–25 mg total Hg/kg for 4 wk (McEwen et al. 1973).

Reduced reproductive ability was noted in gray partridges ingesting 640 µg
Hg (as organomercury)/kg BW daily for 30 d (McEwen et al. 1973); similar
results were observed in ring-necked pheasants (Spann et al. 1972; Mullins et
al. 1977). Behavioral alterations were noted in pigeons (Columba livia) given
3.0 mg inorganic Hg/kg BW daily for 17 d (Leander et al. 1977) or 1.0 mg/kg
BW methylmercury for 5 wk (Evans et al. 1982). Observed behavioral changes
in posture and motor coordination of pigeons were permanent after the brain
accumulated >12 mg Hg/kg FW and were similar to the “spastic paralysis”
observed in wild crows during the Minamata, Japan, outbreak of the 1950s,
although both species survived for years with these signs (Evans et al. 1982).

Tissue concentrations >15,000 µg Hg/kg FW brain and >30,000–40,000 µg/
kg FW liver or kidney are associated with avian neurological impairment
(Scheuhammer 1988). Mercury residues of 790–2,000 µg/kg in egg and 5,000–
40,000 µg/kg in feathers are linked to impaired reproduction in various bird
species (Spann et al. 1972; USNAS 1978; Fimreite 1979; Heinz 1979; Solenen
and Lodenius 1984). Residues in eggs of 1,300–2,000 µg Hg/kg FW were asso-
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ciated with reduced hatching success in white-tailed sea-eagles (Haliaeetus al-
bicilla), the common loon (Gavia imer), and in several seed-eating species (Fim-
reite 1979). This range was 900–3,100 µg/kg egg FW for ring-necked pheasant
(Spann et al. 1972), and 790–860 µg/kg for mallards (Heinz 1979). Residues of
5,000–11,000 µg Hg/kg in feathers of various species of birds have been associ-
ated with reduced hatch of eggs and with sterility (USNAS 1978). Sterility was
observed in the Finnish sparrow hawk (Accipiter nisus) at mercury concentra-
tions of 40,000 µg/kg in feathers (Solenen and Lodenius 1984).

C. Mammals

Mercury is easily transformed into stable and highly toxic methylmercury by
microorganisms and other vectors (de Lacerda and Salomons 1998; Eisler 2000).
Methylmercury has long residence times in aquatic biota. Consumption of methyl-
mercury-contaminated fish is implicated in more than 150 deaths and more than
1000 birth defects in Minamata, Japan, between 1956 and 1960. By 1987, more
than 17,000 people had been affected by methylmercury poisoning in Japan,
with 999 deaths. Worldwide, de Lacerda and Salomons (1998) estimated that
mercury poisoning from ingestion of contaminated food is responsible for more
than 1,400 deaths and 200,000 sublethal cases. Methylmercury affects the cen-
tral nervous system in humans, especially the sensory, visual, and auditory areas
concerned with coordination. The most severe effects lead to widespread brain
damage, resulting in mental derangement, coma, and death (Clarkson and Marsh
1982; USPHS 1994).

In mule deer (Odocoileus hemionus hemionus), after acute oral mercury poi-
soning was induced experimentally, additional signs included belching, bloody
diarrhea, piloerection (hair more erect than usual), and loss of appetite (Hudson
et al. 1984). The kidney is the probable critical organ in adult mammals because
of the rapid degradation of phenylmercurials and methoxyethylmercurials to in-
organic mercury compounds and subsequent translocation to the kidney (Suzuki
1979), whereas in the fetus the brain is the principal target (Khera 1979). Organ-
omercury compounds, especially methylmercury, were the most toxic mercury
species tested. Among sensitive species of mammals, death occurred at daily
organomercury concentrations of 0.1–0.5 mg/kg BW or 1–5 mg/kg in the diet
(see Table 3). Larger animals such as mule deer and harp seals (Pagophilus
groenlandica) appear to be more resistant to mercury than smaller animals such
as mink (Mustela vison), domestic cats (Felis domesticus) and dogs (Canis fa-
miliaris), pigs (Sus sp.), monkeys, and river otters (Lutra canadensis); the rea-
sons for this difference are unknown, but may be related to differences in metab-
olism and detoxication rates. Tissue residues in fatally poisoned mammals (mg
Hg/kg FW) were 6.0 in brain, 10.0–55.6 in liver, 17.0 in whole body, about
30.0 in blood, and 37.7 in kidney (Eisler 2000) (see Table 3).

Mercury has no known physiological function (USEPA 1985). In humans
and other mammals, it causes teratogenic, mutagenic, and carcinogenic effects;
the fetus is the most sensitive life stage (USNAS 1987; Chang 1979: Khera
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1979; USEPA 1985; Elhassni 1983; Greener and Kochen 1983; Clarkson et al.
1984). Methylmercury irreversibly destroys the neurons of the central nervous
system. Frequently, a substantial latent period intervenes between the cessation
of exposure to mercury and the onset of signs and symptoms. This interval is
usually measured in weeks or months, but sometimes in years (Clarkson et al.
1984). At high sublethal doses in humans, mercury causes cerebral palsy, gross
motor and mental impairment, speech disturbances, blindness, deafness, micro-
cephaly, intestinal disturbances, tremors, and tissue pathology (Chang 1979;
USEPA 1985; Elhassni 1983; Clarkson et al. 1984; USPHS 1994).

Pathological and other effects of mercury may vary from organ to organ,
depending on factors such as the effective toxic dose in the organ, the compound
involved and its metabolism within the organ, the duration of exposure, and the
other contaminants to which the animal is concomitantly exposed (Chang 1979).
Many compounds, especially salts of selenium, protect humans and other ani-
mals against mercury toxicity, although their mode of action is not clear
(USNAS 1978; Chang 1979; USEPA 1985; Eisler 1985).

Mercury transfer and biomagnification through mammalian food chains is
well documented (Galster 1976; USNAS 1978; Eaton et al. 1980; Eisler 1981;
Huckabee et al. 1981; Sheffy and St. Amant 1982; Kucera 1983; Clarkson et al.
1984; Wren 1986), but there is considerable variation. Among terrestrial mam-
mals, for example, herbivores such as mule deer, moose (Alces alces), caribou
(Rangifer tarandus), and various species of rabbits usually contained <1.0 mg
Hg/kg FW in liver and kidney, but carnivores such as the marten (Martes
martes), polecat (Mustela putorius), and red fox (Vulpes vulpes) frequently con-
tained more than 30 mg/kg (USNAS 1978). The usually higher mercury concen-
trations in fish-eating furbearers than in herbivorous species seemed to reflect
the amounts of fish and other aquatic organisms in the diet. In river otter and
mink from the Wisconsin River (USA) drainage system, mercury levels paral-
leled those recorded in fish, crayfish, and sediments at that location. Highest
Hg levels in all samples were about 30 km downstream from known industrial
discharges of mercury into the Wisconsin River. Residues were highest in the
fur, followed by the liver, kidney, muscle, and brain (Sheffy and St. Amant
1982).

In marine mammals, more than 90% of the mercury content is inorganic;
however, enough methylmercury occurs in selected tissues to result in the accu-
mulation of high tissue concentrations of methylmercury in humans and wildlife
consuming such meat (Clarkson et al. 1984). The liver of the ringed seal (Phoca
hispida) normally contains 27,000–187,000 µg Hg/kg FW and is a traditional
and common food of the coastal Inuit (Canada) people (Eaton et al. 1980).
Although levels of Hg in hair (109,000 µg/kg) and blood (37 µg/L) of Inuits
were grossly elevated, no symptoms of Hg poisoning were evident in the coastal
Inuits. Similar high concentrations have been reported for Alaskan Inuit mothers
who, during pregnancy, ate seal oil twice a day, and seal meat or fish from the
Yukon-Kuskokwim Coast every day (Galster 1976). Despite the extremely high
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total Hg content of seal liver, only the small organomercury component was
absorbed and appeared in the tissues. Cats fed a diet of seal liver (26,000 µg
Hg/kg FW) for 90 d showed no neurologic or histopathologic signs (Eaton et
al. 1980). It seems that the toxic potential of seal liver in terms of accumulated
tissue levels in cats (up to 862 µg total Hg/L blood, and 7600 µg total Hg/kg
hair) is better indicated by the organomercury fraction in seal liver than by the
concentration of total Hg (Eaton et al. 1980).

Retention time of mercury by mammalian tissues is longer for organomer-
cury compounds, especially methylmercury, than for inorganic mercury com-
pounds (USNAS 1978; Clarkson and Marsh 1982; Elhassni 1983; Clarkson
et al. 1984). Excretion of all mercury species follows a complex, variable, multi-
compartmental pattern; the longer-lived chemical mercury species have a bio-
logical half-life that ranges from about 1.7 d in human lung to 1.36 yr in the
whole body of various pinnipeds. In humans, increased urinary excretion and
blood levels of mercury were observed in volunteers who used phenylmercuric
borate solutions or lozenges intended for treatment of throat infections (USPHS
1994).

D. Other Groups

Methylmercury compounds at concentrations of 25.0 mg Hg/kg soil were fatal
to all tiger worms (Eisenia foetida) in 12 wk; at 5.0 mg/kg, however, only 21%
died in a similar period (Beyer et al. 1985). Inorganic mercury compounds were
also toxic to earthworms (Octochaetus pattoni); in 60 d, 50% died at soil mer-
cury levels of 0.79 mg/kg, and all died at 5.0 mg/kg (Abbasi and Soni 1983).
Seedlings of rice (Oryza sativa) grown on mercury-contaminated waste soil
from a chloralkali factory (and applicable to soil mercury levels near gold min-
ing activities) for 75 d showed increasing mercury concentrations over time with
increasing soil mercury content. At 2.5% waste soil in garden soil, rice seedlings
contained 8.0 mg Hg/kg FW; at 10%, 15.2 mg Hg/kg; and at 17.5% waste soil in
garden soil, seedlings contained 19.1 mg Hg/kg FW (Nanda and Mishra 1997).
Seedlings of spruce (Picea abies) exposed to solutions containing up to 0.2
mg Hg/L, as inorganic mercury or methylmercury, showed a dose-dependent
inhibition in root growth, especially for methylmercury (Godbold 1991).

Methylmercury compounds have induced abnormal sex chromosomes in the
fruit fly (Drosophila melanogaster) (USNAS 1978; Khera 1979). Earthworms
(Eisenia foetida) exposed to soil containing 5.0 mg Hg/kg showed a significant
reduction in the number of segments regenerated after 12 wk, and contained 85
mg Hg/kg FW (whole body). Regeneration was normal at soil mercury levels
of 1.0 mg/kg, although body burdens up to 27 mg/kg were recorded with poten-
tial damage effects to earthworm predators (Beyer et al. 1985). Studies with
a different species of earthworm (Octochaetus pattoni) and mercuric chloride
demonstrated a progressive initial increase in reproduction as soil mercury levels
increased from 0.0 to the 60-d lethal level of 5.0 mg/kg (Abbasi and Soni
1983).
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V. Proposed Mercury Criteria

Proposed mercury criteria for the protection of sensitive crops, aquatic organ-
isms, birds, mammals, and human health are shown in Table 4. In almost every
instance, these criteria are listed as concentrations of total mercury, with most,
if not all, the mercury present as an organomercury species. For freshwater
aquatic life protection, the USEPA mercury criteria were <0.012 µg/L, 4-d aver-
age (not to be exceeded more than once every 3 yr) and <2.4 µg/L, 1-hr average
(not to be exceeded more than once every 3 yr), based on mercury measure-
ments of samples that passed through a 0.45-µm membrane filter after the sam-
ple is acidified to pH 1.5–2.0 with nitric acid (USEPA 1985).

However, as documented earlier, mercury concentrations in freshwater as
low as 0.1–2.0 µg/L were fatal to sensitive aquatic species, and concentrations
as low as 0.03–0.1 µg/L were associated with significant sublethal effects.
Safety factors for mercury and acute toxicities are now as low as 8 (8–167),
based on the 96-hr average of 0.012 µg/L, and as low as 0.04 (0.04–0.8) based
on the maximum permissible concentration of 2.4 µg/L. For protection against
sublethal effects, these values were as low as 2 (2–8) based on the 4-d average
and only 0.01–0.04 based on the maximum permissible concentration, or essen-
tially no significant protection. A similar case is made against the proposed
saltwater criteria (USEPA 1985; see Table 4). It seems that some downward
modification is needed in the proposed mercury saltwater criteria if marine and
estuarine biota are to be provided even minimal protection.

The significance of elevated mercury residues in tissues of aquatic organisms
is not fully understood. Induction of liver metallothioneins and increased trans-
latability of mRNA are biochemical indicators of the response of fish to mercury
exposure (Angelow and Nicholls 1991; Schlenk et al. 1995), and more research
seems needed on this and other indicators of mercury stress. Concentrations
exceeding 1 mg Hg/kg FW can occur in various tissues of selected species of
fish and aquatic mammals eaten by humans, but not all mercury incorporated in
aquatic food chains is a result of anthropogenic activities (Barber et al. 1984).
Some organisms, however, contain mercury tissue residues associated with known
adverse effects to the organism and its predators. Thus, whole body residues of
5–7 mg Hg/kg FW in brook trout eventually proved fatal to that species
(USEPA 1985).

To protect sensitive species of mammals and birds that regularly consume
fish and other aquatic organisms, total mercury concentrations in these food
items should probably not exceed 100 µg/kg for avian protection or 1.1 mg/kg
for small mammals (Eisler 2000) (see Table 4). For human health protection,
proposed mercury levels in fish and seafood should not exceed 250 µg/kg FW
for expectant mothers and 400–1000 µg/kg FW for adults worldwide (see Table
4). In humans, methylmercury concentration in scalp hair during pregnancy is
considered to be the most reliable indicator for predicting the probability of
psychomotor retardation in the child. The minimum toxic intake for humans is
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Table 4. Proposed mercury criteria for the protection of selected natural resources and
human health.

Criterion or effective
Resource and other variables mercury concentration Referencea

Crops
Irrigation water, Brazil <0.2 µg/L 1
Land application of sludge and

solid waste; maximum permissi-
ble concentration

Iowa, Maine, Vermont 10.0 mg/kg waste 2
California <20.0 mg/kg waste 2

Soils, Germany <2.0 mg/kg DW 3
Aquatic life
Freshwater

Total mercury <0.1 µg/L 4
Methylmercury <0.01 µg/L 5
Total mercury <0.012 µg/L, 4-d avg; <2.4 6

µg/L, 1-hr avg
Inland surface waters, India <10.0 µg/L from point-source 7

discharge
Public water supply, <0.079 µg/L 2

Wisconsin
Saltwater <0.025 µg/L, 4-d avg; <2.1 6

µg/L, 1-hr avg
Sediments

California
Acceptable <0.51 mg/kg DW 8
Bivalve mollusk larval >0.51 mg/kg DW 8

abnormalities
Hazardous >1.2–1.3 mg/kg DW 8

Canada, marine and freshwater
Safe <0.14 mg/kg DW 4
Adverse effects expected >2.0 mg/kg DW 8

Washington State, safe <0.41 mg/kg DW 8
Tissue residues

Rainbow trout, Oncorhynchus
mykiss

Lethal
Eggs >70 µg/kg FW 9
Muscle, adults >10.0 mg/kg FW 9

Adverse effects probable 1.0–5.0 mg/kg FW 10
Various species of freshwater adult

fishes; adverse effects expected
Brain, whole body >3.0 mg/kg FW 9
Muscle >5.0 mg/kg FW 9
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Table 4. (Continued).

Criterion or effective
Resource and other variables mercury concentration Referencea

Birds
Tissue residues

Safe
Brain, muscle <15.0 mg/kg FW 11
Feather <5.0 mg/kg FW 11
Kidney, seabirds <30.0 mg/kg FW 13
Kidney, not seabirds <20.0 mg/kg FW 11

Liver
Normal 1.0–10.0 mg/kg FW 14
Toxic to sensitive species >5.0–6.0 mg/kg FW 14, 15
Hazardous, possibly fatal >20.0 mg/kg FW 14, 16

Egg
Mallard, Anas platyrhynchos; <0.8–<1.0 mg/kg FW 17, 55

safe
Ring-necked pheasant, Phasi- 0.5–<0.9 mg/kg FW 18, 19

anus colchicus; safe
Common tern, Sterna <1.0 mg/kg FW vs. 2.0–4.7 19

hirundo; normal reproduc- mg/kg FW
tion vs. reduced hatching
and fledging success

Various species; safe <0.5–<2.0 mg/kg FW 13, 20
Waterbirds; adverse effects 1.0–3.6 mg/kg FW 15

Feather, acceptable <9.0 mg/kg FW 22
Diet, fish-eating birds <20 µg Hg/kg FW ration, as 23

methylmercury
Diet, non-fish-eating birds 50–<100 µg Hg/kg FW 17, 24

ration, as methylmercury
Diet, loon <300 µg/kg FW rationb 25, 26
Diet <1.0–<3.0 mg/kg DW 13, 27
Daily intake <640 µg/kg BW 18, 28, 29, 30
Daily intake <32 µg/kg BWc 30
Mammals
Daily intake <250 µg/kg BW 31
Diet, fish-eating mammals <100 µg Hg/kg FW ration, as 23

methylmercury
Diet <1.1 mg/kg FW ration 13
Drinking water

Feral and domestic animal water <0.002 µg/L 2
supply, Wisconsin

Terrestrial vertebrate wildlife <0.0013 µg/Ld 30
Soils; terrestrial ecosystem protection; <2.0 mg/kg DW vs. <30.0 5

agricultural and residential land use mg/kg DW
vs. commercial and industrial use
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Table 4. (Continued).

Criterion or effective
Resource and other variables mercury concentration Referencea

Tissue residues
Kidney <1.1 mg/kg FW 22
Liver, kidney <30 mg/kg FW 13
Blood <1.2 mg/kg FW 34
Brain <1.5 mg/kg FW 34
Hair <2.0 mg/kg FW 34

Florida panther, Felis concolor coryi
Reproduction normal (1.46 kittens <250 µg/kg FW blood 35

per female annually)
Reproduction inhibited (0.167 >500 µg/kg FW blood 35

kittens per female annually)
European otter, Lutra lutra; liver

Normal <4.0 mg/kg FW 36
Adverse sublethal effects possible >10.0 mg/kg FW 36

Wildlife protection, Slovak Republic
Fat <1.0 µg/kg FW 21
Muscle <50 µg/kg FW 21
Liver, kidney <100 µg/kg FW 21

Human health
Air; safe

California <0.00 µg/m3 2
North Dakota <0.0005 µg/m3 for 8 hr 2
Montana <0.008 µg/m3 for 24 hr 2
Texas <0.05 µg/m3 for 1 yr 2
New York <0.167 µg/m3 per year 2
Connecticut <1.0 µg/m3 for 8 hr 2
Arizona <1.5 µg/m3 for 1 hr 2
Virginia <1.7 µg/m3 for 24 hr 2
Workplace

Organic mercury <10.0 µg/m3 2
Metallic mercury vapor <50.0 µg/m3 2

Air; adverse effects possible
Skin >30.0 µg/m3 2
Emissions at individual sites >2300–3200 g/Hg/d 2

Drinking water
Brazil <0.2 µg/L 1
International <1.0 µg/L 2
USA, most states <2.0 µg/L 2

Effluent limitations from waste-
water treatment plants

Delaware, Oklahoma, Texas <5.0 µg/L 2
Illinois, Wisconsin <0.5 µg/L 2
New Jersey <2.0 µg/L 2
Tennessee <50.0 µg/L 2
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Table 4. (Continued).

Criterion or effective
Resource and other variables mercury concentration Referencea

Diet
Australia 10–100 µg/kg FW ration 12
Benelux countries <30 µg/kg FW ration 12
Brazil <50 µg/kg FW ration 12
Canada <500 µg/kg FW ration 49
USA <1000 µg/kg FW ration 49, 50

Permissible tolerable weekly
intake

Total mercury <5 µg/kg BW 2
Total mercury Maximum of 4.28 µg/kg BW 42
Methylmercury <3.3 µg/kg BW 2, 51

Fish consumption advisory; >0.5 mg total Hg/kg FW 37
Florida vs. most states edible aquatic product vs.

>1.0 mg total Hg/kg FW
edible aquatic product

Fish and seafood, edible parts
United States <300 µg/kg FW 53, 54
Acceptable intake

60-kg adult 25 µg/d 38
70-kg adult 200 µg/wk 38
Adult 500 µg/wk 39

Pregnant women, diet
All <250 µg/kg FW 38
Japan <400 µg/kg FW 12
Canada, Germany, USA, <500 µg/kg FW 2, 12, 40, 41

Brazil
Italy <700 µg/kg FW 42
Israel <1000 µg/kg FW 43

Foods of animal origin
Livestock tissues <500 µg/kg FW 44
Wildlife tissues <50 µg/kg FW 45
Breast muscle

Domestic poultry <500 µg/kg FW 12
Ducks (wildlife) <1000 µg/kg FW 46

All foods; adult weekly intake
As methylmercury <100 µg 12
As total mercury <150 µg 12
As methylmercury <200 µg 23, 47
As total mercury <300 µg 42, 47

Adult daily intake; nonpregnant vs. <4.3 µg/kg BW vs. <0.6–1.1 48
pregnant µg/kg BWe
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Table 4. (Continued).

Criterion or effective
Resource and other variables mercury concentration Referencea

Tissue residues
Blood <200 µg/kg FW 52
Hair <6 mg/kg FW 39

aReferences: 1, Palheta and Taylor 1995; 2, U.S. Public Health Service (USPHS) 1994; 3, Zum-
broich 1997; 4, Dave and Xiu 1991; 5, Gaudet et al. 1995; 6, U.S. Environmental Protection
Agency (USEPA) 1985; 7, Abbasi and Soni 1983; 8, Gillis et al. 1993; 9, Wiener and Spry 1996;
10, Niimi and Kissoon 1994; 11, Heinz 1996; 12, U.S. National Academy of Sciences (USNAS)
1978; 13, Thompson 1996; 14, Wood et al. 1996; 15, Zillioux et al. 1993; 16, Littrell 1991; 17,
Heinz 1979; 18, Spann et al. 1972; 19, Mora 1996; 20, Fimreite 1979; 21, Zilincar et al. 1992;
22, Beyer et al. 1997; 23, Yeardley et al. 1998; 24, March et al. 1983; 25, Scheuhammer et al.
1998; 26, Gariboldi et al. 1998; 27, Scheuhammer 1988; 28, McEwen et al. 1973; 29, Mullins et
al. 1977; 30, Wolfe and Norman 1998; 31, Ramprashad and Ronald 1977; 32, Kucera 1983; 33,
USEPA 1985; 34, Suzuki 1979; 35, Roelke et al. 1991; 36, Mason and Madsen 1992; 37, Facemire
et al. 1995; 38, Khera 1979; 39, Lodenius et al. 1983; 40, Lathrop et al. 1991; 41, Hylander et al.
1994; 42, Barghigiani and De Ranieri 1992; 43, Krom et al. 1990; 44, Best et al. 1981; 45,
Krynski et al. 1982; 46, Lindsay and Dimmick 1983; 47, Buzina et al. 1989; 48, Clarkson 1990;
49, Bodaly et al. 1984; 50, Kannan et al. 1998; 51, Petruccioli and Turillazzi 1991; 52, Galster
1976; 53, Brumbaugh et al 2001; 54, Fields 2001; 55, Heinz and Hoffman 2003.
b Reproduction declined in loons (Gavia imer) when mercury in prey exceeded 300 µg total
mercury/kg FW.
c No observed adverse effect level with uncertainty factor of 20.
d Based on food chain biomagnification in aquatic webs.
e Assuming continuous exposure until steady-state balance for methylmercury is achieved. This
process will take up to 1 yr in most cases (Clarkson 1990).

estimated to range between 0.6 and 1.1 µg methylmercury/kg BW daily (Clark-
son 1990).

Because long-lived, slow-growing, high-trophic-position aquatic organisms
usually contain the highest tissue mercury residues (Eisler 1981), some fisheries
managers have proposed a legal maximum limit based on fish length or body
weight (Lyle 1984; Chvojka 1988). Other strategies to control mercury concen-
trations in predatory fish include control of forage fish (Futter 1994), overfishing
(Verta 1990), and various chemical treatments, including selenium (Paulsson
and Lundbergh 1989), liming (Lindqvist et al. 1991), and various group VI
derivatives, including sulfur, selenium and tellurium compounds, and thiamine
(Siegel et al. 1991). Among sensitive avian species, adverse effects, primarily
on reproduction, have been reported at mercury concentrations (µg/kg FW) of
5000 in feathers, 900 in eggs, 50–100 in diet, and daily administered doses of
640 on a body weight basis (Table 4) (Eisler 2000).

Although low mercury concentrations (e.g., 50 µg/kg in the diets of domestic
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chickens) sometimes produced no adverse effects in the chickens, the tissue
residues of mercury were sufficiently elevated to pose a hazard to human con-
sumers (March et al. 1983). Mammals such as the domestic cat and the harp
seal showed birth defects, histopathology, and elevated tissue residues at doses
of 250 µg Hg/kg BW (see Table 4). The mink, at dietary levels of 1100 µg Hg/
kg, had signs of mercury poisoning; mercury residues in mink brain at this
dietary level ranged from 7100 to 9300 µg/kg FW (Kucera 1983). Tissue resi-
dues in kidney, blood, brain, and hair in excess of 1100 µg/kg FW in nonhuman
mammals are usually considered presumptive evidence of significant mercury
contamination (Table 4). Tissue residues of mercury, as methylmercury, consid-
ered harmful to adult birds and terrestrial mammals ranged from 8 mg/kg FW
in brain to 15 in muscle and 20 mg/kg FW in liver and kidney (Heinz 1996). In
Canadian aboriginal peoples, a 20-yr follow-up study on methylmercury levels
has been initiated, with emphasis on age, sex, location, relation between mater-
nal and fetal levels, and a reassessment of potential risk in communities where
the highest known methylmercury levels have been found (Wheatley and Para-
dis 1995). Similar studies are recommended for avian and mammalian wildlife.

In the specialized case of environmental mercury contamination from historic
and current gold mining activities, more research is recommended on physical
and biological mercury removal technologies; development of nonmercury tech-
nologies to extract gold with minimal environmental damage; measurement of
loss rates of mercury through continued periodic monitoring of fishery and wild-
life resources in mercury-contaminated areas; and mercury accumulation and
detoxification rates in comparatively pristine ecosystems. In view of the demon-
strable adverse effects of uncontrolled mercury releases into the biosphere from
gold production, it is imperative that all use of liquid mercury in gold amalgam-
ation should cease at the earliest opportunity and that the ban be made perma-
nent.

Summary

Mercury contamination of the environment from historical and ongoing mining
practices that rely on mercury amalgamation for gold extraction is widespread.
Contamination was particularly severe in the immediate vicinity of gold extrac-
tion and refining operations; however, mercury, especially in the form of water-
soluble methylmercury, may be transported to pristine areas by rainwater, water
currents, deforestation, volatilization, and other vectors. Examples of gold min-
ing-associated mercury pollution have been shown for Canada, the U.S., Africa,
China, the Philippines, Siberia, and South America. In parts of Brazil, for exam-
ple, mercury concentrations in all abiotic materials, plants, and animals, includ-
ing endangered species of mammals and reptiles, collected near ongoing mer-
cury amalgamation gold mining sites were far in excess of allowable mercury
levels promulgated by regulatory agencies for the protection of human health
and natural resources. Although health authorities in Brazil are unable to detect
conclusive evidence of human mercury intoxication, the potential exists in the
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absence of mitigation for epidemic mercury poisoning of the mining population
and environs. In the U.S., environmental mercury contamination is mostly from
historical gold mining practices, and portions of Nevada remain sufficiently
mercury contaminated to pose a hazard to reproduction of carnivorous fishes
and fish-eating birds.

Concentrations of total mercury lethal to sensitive representative natural re-
sources range from 0.1 to 2.0 µg/L of medium for aquatic organisms; from
2,200 to 31,000 µg/kg BW (acute oral) and from 4,000 to 40,000 µg/kg (dietary)
for birds; and from 100 to 500 µg/kg BW (daily dose) and from 1,000 to 5,000
µg/kg diet for mammals. Significant adverse sublethal effects were observed
among selected aquatic species at water concentrations of 0.03–0.1 µg Hg/L.
For some birds, adverse effects, mainly on reproduction, have been associated
with total mercury concentrations (µg/kg FW) of 5,000 in feathers, 900 in eggs,
and 50–100 in diet, and with daily intakes of 640 µg/kg BW. Sensitive nonhu-
man mammals showed significant adverse effects of mercury when daily intakes
were 250 µg/kg BW, when dietary levels were 1,100 µg/kg, or when tissue
concentrations exceeded 1,100 µg/kg. Proposed mercury criteria for protection
of aquatic life range from 0.012 µg/L for freshwater life to 0.025 µg/L for
marine life; for birds, less than 100 µg/kg diet FW; and for small mammals,
less than 1,100 µg/kg FW diet. All these proposed criteria provide, at best,
minimal protection.
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Lead, blood levels adults, Mexico, 79 Lead, Mexico pollution by Met Mex Peñ-
oles, 90Lead, blood levels children, Mexico, 81,

84, 92, 93, 95, 98 Lead, migratory birds from Lerma Valley,
Mex., 61Lead, blood levels children, Mexico City,

73, 81, 82 Lead, milk, Mexico, 76
Lead, moss from trees, Mexico City, 63Lead, blood levels lead-glazing potters,

69 Lead, mother blood vs umbilical cord, 80
Lead, neurological damage to children,Lead, blood levels, Mexico City, 71

Lead, blood levels, rural Mexican women, Mexico, 91
Lead, occupational exposure, Mexico, 6867

Lead, ceramics, Mexico, 67 Lead oxide, pottery glazing process, 68
Lead, oysters, Gulf of Mexico, 57Lead, coastal areas, Gulf of California, 56

Lead, coastal areas Mazatlán, Sinaloa, Lead, pigeon tissues, Mexico City, 60, 61
Lead poisoning, children Mexico, 72Mex., 55

Lead, coastal areas Mexican Pacific, 56 Lead production, export/import, Mexico,
41Lead, coastal lagoons Gulf of Mexico, 55,

56 Lead production, Mexico, 39, 40
Lead, pollution by Met Mex Peñoles,Lead, Coatzacoalcos River Mexico, 53

Lead, coloring pencil levels, source com- Mexico, 90
Lead, rural exposure, Mexico, 66parison, 65

Lead, dog tissues, Mexico City, 60 Lead, San Juan River, Mexico, 51, 52
Lead smelting, dust contamination, Mex-Lead, drinking water, Mexico, 65

Lead, dust & soil, Mexico, 46 ico, 48
Lead, soil irrigated w/ Mexico City wasteLead, dust samples, Ciudad Juárez, Mex-

ico, 47 water, 51
Lead, soil of Torreón, Coahuila, Mexico,Lead, environmental problems Mexico,

37 ff. 49
Lead, soil playgrounds, Torreón, Coahu-Lead exposure, general population, Mex-

ico, 70 ila, Mex., 49
Lead, street dust, Mexico City, 50Lead, fish canned & fresh, Mexico, 76

Lead, foods in Mexico, 74 Lead, suspended particles, Torreón, Coa-
huila, Mex., 46Lead, general population exposure, Mex-

ico, 70 Lead, tree leaves, Mexico City, 62, 63
Lead, turtle eggs, Mexico, 62Lead, horse tissues, Mexico City, 60

Lead, house dusts, Mexico City, 64 Lead, umbilical cord blood, Mexico, 80
Lead, urban exposure Mexico, 63Lead, human bones, Mexico, 87

Lead, human hair, Mexico, 86 Lead uses, Mexico, 41
Lead, water & sediment levels, Mexico,Lead, human levels, Mexico, 77

Lead, human lungs, Mexico, 89 51
Lead-glazed ceramics, leaching levels, 64Lead, human milk, Mexico, 85, 88

Lead, industrial uses, Mexico, 41 Lead-glazed ceramics, major health haz-
ard, 38Lead, IQ levels of exposed children, Mex-

ico, 93 Lead-producing cities, Mexico, 40
Lead, Lerma River, Mexico, 53
Lead, marine environment, Mexico, 54 Mercury, Amazon River contamination,

Brazil, 143Lead, marine organisms, Mexican Pacific,
58, 59 Mercury, aquatic life protection criteria,

179Lead, Mexican tobacco, 66
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Mercury biomagnification, mammals, 176 Mercury, mutagen, teratogen, carcinogen,
143Mercury, bird protection criteria, 180

Mercury, blood levels, 147 Mercury, no beneficial biological func-
tion, 139Mercury, Brazilian river contamination,

147 Mercury phytoremediation, floating
plants, 152Mercury concentrations, abiotic & biota

materials, 146 Mercury residues, air (U.S.), 163
Mercury residues, birds (U.S.),161Mercury contamination, Africa, 156

Mercury contamination, Brazil (table), 147 Mercury residues, rivers (U.S.), 161
Mercury residues, wildlife (U.S.), 161Mercury contamination, Canada, 158

Mercury contamination, China, 156 Mercury, sediments protection criteria,
179Mercury contamination, floodplain sedi-

ments, wildlife hazard, 166 Mercury, sources & release rates, 144
Mercury, sublethal effects, 167Mercury contamination, mitigation, Bra-

zil, 154 Mercury, wildlife & fish cycles, 143
Met Mex Peñoles, lead pollution, Mexico,Mercury contamination, near Brazilian

gold mines, 147 90
Methyl isothiocyanate, photolysis path-Mercury contamination, near historic gold

mining, U.S., 161 way, 14
Methylmercury effects, fruitfly, 177Mercury contamination, Philippines, 156

Mercury contamination, Siberia, 158 Methylmercury, most toxic form of mer-
cury, 143Mercury contamination, South America,

154 Mexico, lead environmental problems, 37
ff.Mercury contamination, U.S., 159, 161 ff.

Mercury, criteria to protect selected natu- Mexico, lead production, 39, 40
MITC, photolysis pathway, 14ral resources, 179

Mercury, crop protection criteria, 179
Mercury effects, aquatic organisms, 168 Occupational exposure, lead, Mexico, 68

Occupational exposure, pesticides, Uru-Mercury effects, birds, 165, 168, 172
Mercury effects, earthworms, 177 guay, 128

Organophosphates, oxon formation, 13Mercury effects, fish, water temperature,
171 Oxon formation, organophosphate photo-

oxidation, 13Mercury effects, freshwater fish, 168
Mercury effects, mammals, 168, 175 Oysters, lead content, Gulf of Mexico, 57
Mercury effects, proposed safety criteria,

178 Pantanal wetlands, mercury contamina-
tion, 152Mercury effects, reproduction aquatics,

170 Parathion, photooxidation, 13
Peñoles (Mex Met), lead pollution, Mex-Mercury, gold mining history, 140

Mercury, hazards to environment, 139 ff. ico, 90
Pesticide container disposal policy, Uru-Mercury, hazards to humans, 139 ff.

Mercury, human health protection criteria, guay, 130
Pesticide drift, 1 ff.180

Mercury, human tissue residues, 147 Pesticide fate, atmospheric, 1 ff.
Pesticide fate in air, assessment flowchart,Mercury, lethal effects, 167

Mercury, mammal protection criteria, 180 26
Pesticide imports, class distribution, Uru-Mercury methylation, in river sediments,

145 guay, 117
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Pesticide imports, value, Uruguay, 115 Pesticides manufactured in Uruguay, 115
Pesticides, off-target movement, 1 ff.Pesticide occupational exposure, Uruguay,

128 Pesticides, oxidative rate estimations, 20
Pesticides, volatilization, 4Pesticide photolysis, atmospheric, 10

Pesticide photolysis, gas-phase sampling, Philippines, mercury contamination, 156
Phorate, photooxidation, 1323

Pesticide photolysis, gas-phase spectra, 24 Photoionization, atmospheric pesticides,
11Pesticide photolysis, lab equipment de-

signs, 21 Photolysis, pesticides in air experimental,
12Pesticide photolysis, light sources, 23

Pesticide poisonings, clinical cases, Uru- Phytoremediation, mercury & floating
plants, 152guay, 127, 129, 130

Pesticide regulations, Uruguay, 113, 116 Proposed mercury criteria, resource pro-
tection, 178Pesticide residue tolerances, foods, Uru-

guay, 119
Pesticide residues, agricultural crops, Uru- Residue tolerances, pesticide foods, Uru-

guay, 119guay, 119
Pesticide residues, blood, Uruguay, 125, Rı́o Uruguay, pesticide contamination lev-

els, 126127, 129
Pesticide residues, drinking water, Uru-

guay, 121 Safety criteria, mercury hazard preven-
tion, 178Pesticide residues, environmental, Uru-

guay, 121, 124 Siberia, mercury contamination, 158
South America, mercury contamination,Pesticide residues, foods, Uruguay, 122

Pesticide residues, human fat, Uruguay, 154
Sunlight intensity, pesticide photolysis, 10130, 131

Pesticide residues, lemon oils, Uruguay,
125 Tetraethyl lead, gasoline content Mexico,

42Pesticide residues, sewage effluents, Uru-
guay, 122 Trifluralin, photooxidative dealkylation,

14Pesticide restrictions, Uruguay, 115
Pesticide risk, human health, Uruguay, 127 Tropospheric oxidation, kinetics, 17

Tropospheric pesticide residues, sources,Pesticide usage, Uruguay, 111 ff.
Pesticide vapor pressure vs water solubil- 4

Tropospheric pesticides, fate processes, 8ity, 9
Pesticide waste disposal, Uruguay, 122 Tropospheric photooxidation, principles, 15

Tropospheric transport of pesticides, 1 ff.Pesticides, airborne fate, 1 ff.
Pesticides, airborne hydroxyl removal, 15
Pesticides, atmospheric removal, 7 United States, mercury contamination,

159Pesticides, CAS numbers, 28, 134
Pesticides, chemical names, 28, 134 Uruguay, map, 112

Uruguay, pesticide regulations, 113Pesticides, common names, 28, 134
Pesticides, disposal of outdated, Uruguay, Uruguay, pesticide usage, 111 ff.

130
Pesticides, experimental photolysis in air, Vapor pressure vs water solubility, pesti-

cides, 912
Pesticides, gas-phase oxidative rates, 19
Pesticides, listed as hazardous air pollut- Water temperature, mercury effects, 171

WHO pesticide toxicity categories, 114ants, 27




